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Chapter 1

Introduction

Dailing Wu

— Leonardo da Vinci



Chapter 1

1.1 Antimicrobials as emerging contaminants in freshwater

environments

Since the discovery of penicillin by Alexander Fleming in 1928, antimicrobial agents have
profoundly transformed human society over the past century (Nwakoby et al., 2025). What
began as a chance observation on a Petri dish has developed into one of the most influential
classes of chemicals in modern history. Antimicrobials triggered a revolution in clinical
medicine by turning many formerly lethal bacterial infections into treatable conditions,
enabled the safe performance of surgery and organ transplantation, underpinned livestock
and aquaculture production, and became embedded in a wide range of household cleaning
and personal care products (Laxminarayan et al., 2016; Nwakoby et al., 2025). At present,
more than 3,000 pharmaceutical compounds are in use worldwide, a substantial fraction of
which exhibits antimicrobial activity, including therapeutic antibiotics used in human and
veterinary medicine and a variety of antimicrobial agents used in household, personal care
and industrial applications (Aus der Beek et al., 2016; Laxminarayan et al., 2016; OECD,
2019). A spatial modelling study including 204 countries and territories estimated that global
antibiotic consumption rates in the human health sector increased by about 46% between
2000 and 2018, reaching roughly 14 defined daily doses (DDD) per 1,000 population per
day, or about 40 billion DDDs in 2018 (Browne et al., 2021). Antimicrobial use in food-
producing animals has been estimated at around several tens of thousands of tonnes per
year, and multiple assessments indicated that a large proportion of global antimicrobial sales,
in some cases more than 70%, is used in animal production systems (Acosta et al., 2025;
Ardakani et al., 2024; Mulchandani et al., 2023). At the same time, the extensive use of
antimicrobials has contributed to a global rise in antimicrobial resistance (AMR), which is
now among the leading causes of mortality following infections (Murray et al., 2022).
Reflecting this burden, AMR has been framed as a major global health and development
threat within a One Health perspective that explicitly links human, animal and environmental
health (Murray et al., 2022; WHO, 2023).

Antimicrobial compounds were once regarded primarily as life-saving medicines, but in
recent decades they have also come to be recognized as an important group of emerging
contaminants in aquatic environments, because their continuous release and biological
activity may cause unintended effects beyond their targets (Picinini-Zambelli et al., 2025;
Puri et al., 2025). Given their high usage levels and the wide range of application sectors,
a considerable fraction of antimicrobials inevitably reaches the environment. A global
monitoring synthesis based on more than 1000 publications reported the detection of up to
about 600 active pharmaceutical ingredients in environmental samples from 71 countries,
including many antibiotics and other compounds with antimicrobial activity (Aus der Beek et

al., 2016). This synthesis also identified urban wastewater treatment plant (WWTP) effluents
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as one of the main sources of pharmaceuticals entering aquatic systems. A subsequent
cross-regional assessment of 1,052 samples from 258 rivers worldwide found that at about
one quarter of the sampling sites, at least one active pharmaceutical ingredient exceeded
concentrations considered safe for aquatic organisms, with antibiotics and other
antimicrobials among the compounds most frequently exceeding these thresholds (Wilkinson
et al., 2022). Consistent with this, numerous monitoring studies have shown that antibiotics,
antimicrobial agents used in personal care products such as triclosan, and other related
compounds are widely detected in WWTP effluents, rivers, lakes, estuaries and sediments,
typically at concentrations in the ng/L to ug/L range (Kobayashi et al., 2025; Petrie et al.,
2015). Although groundwater has long been regarded as a relatively well protected resource
with low contamination risk, recent review studies have documented frequent detection of
pharmaceuticals and personal care products, including various antibiotics, in aquifers
affected by urban drainage, riverbank filtration or leakage from wastewater systems (Li et
al., 2015d; Sanusi et al., 2023; Sui et al., 2015). These findings collectively indicate strong
hydrological connectivity between surface water and groundwater, allowing contaminants in
one compartment to be transferred to another through recharge and exchange processes.
Once antimicrobials enter groundwater and are not effectively controlled, they may persist
for many years or even decades because of the long residence times of aquifer systems (Sui
et al.,, 2015). The main usage and exposure pathways of antimicrobials in freshwater

systems are summarized in Fig. 1.1.

Once released into freshwater ecosystems, the environmental fate of antimicrobials is
governed by their physicochemical properties and by local environmental conditions.
Parameters such as pKa, octanol-water partition coefficient, hydrophobicity and organic
carbon-water partition coefficient determine their partitioning between the dissolved phase,
suspended particles and sediments, and thereby influence their persistence, bioavailability
and potential for trophic transfer in aquatic food webs (Al-Khazrajy and Boxall, 2016;
Monteiro and Boxall, 2010). Under the combined influence of photolysis, oxidation and
microbial transformation, antimicrobials can also be converted into a range of metabolites
and transformation products, some of which may retain antimicrobial activity or exhibit
different ecotoxicological effects (Chen et al., 2025). In real-world settings, antimicrobials
almost never occur as single compounds. Instead, they co-occur with other pharmaceuticals,
personal care product ingredients, nutrients and organic matter as complex mixtures
(Oluwole et al., 2020). Because different compounds act through different targets and
modes of action, mixture exposures can give rise to additive, synergistic or antagonistic
effects that are difficult to predict from single-compound toxicity data alone (Backhaus and
Faust, 2012; Kidd et al., 2024). Consequently, there is a growing need to understand how
antimicrobials are distributed and transported in freshwater systems and how they may

affect aquatic community structure and ecosystem functions under realistic mixture
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conditions, which has become an important focus in ecotoxicology and environmental risk

assessment.

1.2 Effects on microbial communities

Microorganisms are among the most sensitive and ecologically critical targets of
antimicrobials in aquatic ecosystems. Broadly defined, antimicrobials - including antibiotics
such as sulfonamides, macrolides and tetracyclines, and biocidal agents such as triclosan
and triclocarban - are designed to interfere with essential microbial processes, ranging from
protein and DNA synthesis to cell-wall formation, membrane integrity and energy
metabolism (Fig.1.2a) (Gillings, 2013; Martinez, 2009). Field and laboratory studies show
that exposure to antimicrobials typically leads to shifts in microbial community composition,
reductions in diversity, and increases of tolerant or degrading taxa, often accompanied by
changes in key ecosystem processes (Fig. 1.2b,c) (Caracciolo et al., 2015; Grenni et al.,
2018; McClellan and Halden, 2010).

A large body of work has documented that antibiotic exposure can induce bacterial
community reassembly in rivers, sediments, WWTP effluents, and freshwater microcosms.
River-basin-scale, multi-compartment environmental DNA surveys showed that mixtures of
micropollutants, including antibiotics, substantially altered bacterial community composition
in river water, sediments, and biofilms, and enriched taxa with pollutant-degrading or
antibiotic-resistant traits (e.g., Nitrospira) (Inostroza et al., 2025). In urban rivers receiving
WWTP effluents, discharges have been shown to reduce the abundance and diversity of
benthic bacterial communities and reshape their structure (Drury et al., 2013a). In
controlled freshwater microcosms, exposure scenarios within the range reported from field
monitoring of multiple antibiotics or pharmaceutical mixtures similarly induced significant
changes in the metabolic fingerprints and taxonomic composition of river-water bacterial
communities (Pino-Otin et al., 2023), while triclosan was shown to modify microbial
community structure and dominant taxa at concentrations close to those detected in the
environment (Clarke et al., 2019; Nietch et al., 2013).

These structural shifts are often accompanied by functional perturbations, including effects
on nitrogen cycling, carbon processing, and microbial respiration (Fig. 1.2c). Review studies
indicate that antibiotics, such as sulfonamides, tetracyclines, fluoroquinolones and related
compounds can inhibit key microbial processes such as nitrification, denitrification, and
anammox at environmentally relevant concentrations, thereby altering nitrogen
transformation rates and nitrous oxide emission patterns in aquatic and soil systems
(Pashaei et al., 2022). For example, studies on livestock wastewater treatment systems

have shown that wastes containing sulfonamide and tetracycline antibiotics significantly
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suppressed microbial metabolic activity in anaerobic lagoons, lowering organic matter
removal efficiencies and biogas production rates (Loftin et al., 2005). In stream and wetland
systems, inputs of urban wastewater containing antimicrobials and other micropollutants
can shift the balance between autotrophic and heterotrophic metabolism and can alter
reach-scale primary production and ecosystem respiration (Diamond et al., 2021). In
addition, triclosan has been shown to reduce bacterial abundance and diversity in stream
mesocosms and freshwater microcosms, weaken leaf-litter decomposition and biofilm
respiration, and promote the relative abundance of tolerant or potentially pathogenic taxa
(Clarke et al., 2019; Contardo-Jara et al., 2021; Nietch et al., 2013).

The environmental context strongly modulates both the sensitivity of microbial communities
to antibiotics and biocides and the magnitude of their responses. Sediments and soils with
higher organic matter contents generally exhibit stronger sorption capacities for
antimicrobials, which substantially reduces freely dissolved concentrations and often leads
to smaller biological effects compared with low-organic or artificial matrices (Al-Khazrajy
and Boxall, 2016; Dobor et al., 2012; Yamamoto et al., 2009). Similarly, nutrient-rich waters
can partially buffer metabolic stress or promote faster recovery of community structure and
function after pollution pulses, as shown in studies combining nutrient and micropollutant
gradients (Inostroza et al., 2025). Seasonal variation in hydrology, temperature, and
dissolved oxygen further shapes benthic and planktonic habitat conditions and thereby
influences how microbial communities respond to contaminant exposure and how such
exposure is coupled to ecosystem processes such as metabolism, decomposition, and
nutrient cycling (Diamond et al., 2021; Mejia et al., 2019). These environment-dependent
responses explain a substantial part of the heterogeneity in effects observed across studies
and underscore the importance of comparative assessments across spatial and

environmental gradients.

Moreover, interactions between antimicrobials and microbial communities extend beyond
overt toxicity. Sub-inhibitory concentrations can select for and enrich antimicrobial
resistance genes (ARGs) and reshape their host communities, with long-term ecological and
public health implications (Larsson and Flach, 2022; Pruden et al., 2006). In groundwater,
where nutrient availability is low and physical disturbance is limited, microbial communities
may exhibit lower resilience; even relatively low levels of antibiotics can lead to measurable
shifts in community structure or ARG prevalence (Larsson and Flach, 2022). Overall,
microbial responses to antimicrobials can be regarded as early indicators of ecological
disturbance and provide mechanistic insight into how contaminant pressures propagate to

higher levels of biological organization and system-level ecosystem functioning.
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Chapter 1

1.3 Effects on freshwater ecosystem structure and functions

Beyond microorganisms, the ecological effects of antimicrobials can propagate through food
webs, altering community structure and ecosystem functioning at multiple trophic levels in
freshwater systems. Reviews and experimental studies focusing on antibiotics and related
antimicrobials have shown that environmentally realistic concentrations can induce sublethal
responses in algae, benthic biofilms, zooplankton, benthic invertebrates, and fish (Grenni et
al., 2018). These responses include changes in growth, physiology, behaviour and species
interactions, which in turn can modify community composition and key processes such as
primary production, decomposition, and nutrient cycling (Grenni et al., 2018; Gunathilaka
et al., 2023; Schuijt et al., 2024a). Such effects are often difficult to detect in single-species
toxicity tests but become apparent in multi-species microcosm and mesocosm experiments,
where they manifest as shifts in community structure and subtle, yet persistent, deviations
in ecosystem processes (Gunathilaka et al., 2023).

At the primary producer level, phytoplankton, benthic algae, and attached biofilms are major
entry points for the ecological effects of antimicrobials. Numerous experiments have shown
that antimicrobials at concentrations reported from freshwater monitoring studies can alter
freshwater algal community composition, dominance patterns and final biomass, even when
growth rates are only weakly affected (Kock et al., 2023; Yao et al., 2025). For example,
Wilson et al. (2003) observed that triclosan and ciprofloxacin significantly reduced the
biovolume of rare algal taxa and thereby changed the structure of experimental algal
assemblages. Under near-natural conditions, Quinlan et al. (2011) reported that exposure
of stream periphyton to tetracycline at concentrations occurring in natural aquatic
environments caused persistent changes in biofilm composition and photosynthetic capacity.
As a widely used antimicrobial, triclosan has consistently been shown to exert strong effects
on algal and diatom biofilms, reducing biofilm biomass and photosynthetic efficiency and
altering cell size, structure and species composition under both chronic and pulsed exposure
(Martin et al., 2020; Ricart et al., 2010). Taken together, these studies indicate that
antimicrobials can restructure the autotrophic foundation of freshwater food webs, with
implications for photosynthetic primary production, nutrient uptake, and resource

provisioning for higher trophic levels.

At the consumer level, zooplankton and other invertebrate grazers showed variable but often
ecologically relevant responses to antimicrobial exposure. In larger outdoor microcosms,
Hillis et al. (2007) found that the veterinary antibiotic monensin altered zooplankton
community structure and population abundance over several weeks at microgram-per-litre
concentrations. Food-web experiments with azithromycin showed that short-term exposure

reduced rotifer fitness and grazing activity, thereby allowing phytoplankton to proliferate,
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demonstrating how antibiotics can weaken herbivory and modify lower-trophic community
dynamics (Galir et al., 2025). Other studies have reported indirect, behaviour-mediated
effects: in a food-selection experiment, the amphipod Gammarus pulex preferentially
consumed leaf litter not exposed to antibiotics, implying that antimicrobial contamination of
detrital resources can alter detritivore feeding and thus leaf-litter processing (Hahn and
Schulz, 2007). Nevertheless, recent mesocosm work with sulfamethoxazole suggested that
whole-community responses of zooplankton and macroinvertebrates may be weak or taxon-
specific at typical environmental concentrations, highlighting substantial context
dependence in consumer-level effects (Schuijt et al., 2024a).

At the scale of ecosystem functioning, antimicrobial effects are increasingly being
documented in integrated indicators such as metabolism and material fluxes. Stream-
channel microcosm studies with sulfonamide antibiotics (sulfamethoxazole and
sulfamethazine) have shown that concentrations observed in natural aquatic environments
can impair microbial litter decomposition and modify the activity of heterotrophic
decomposers, with periphyton sometimes partially compensating for these effects (Paumelle
et al., 2021). Complementary experiments in freshwater sediments demonstrated that
similar sulfonamide concentrations induced persistent changes in microbial community
structure and can either suppress or stimulate heterotrophic activities, thereby altering
pathways of carbon processing and biogeochemical cycling (Pesce et al., 2021). Antibiotic
exposures have also been linked to changes in nitrification and denitrification: for example,
enrofloxacin in freshwater microcosms reduced the abundance of ammonia-oxidizing
bacteria and archaea and decreased nitrate production, indicating impairment of nitrification
and potential consequences for nitrogen removal (Rico et al., 2014). Yet other studies in
streams have found few consistent changes in nitrogen and carbon cycling under antibiotic
dosing, underscoring that functional responses can range from clear impairment to negligible
or even compensatory shifts (Gray and Bernhardt, 2022). Overall, the available evidence
suggests that the impacts of antimicrobials on freshwater community structure and
ecosystem functioning arise from the combined effects of direct toxicity to sensitive taxa,
indirect changes in species interactions and complex, context-dependent exposure and
response scenarios. This reinforces the need for multi-trophic, process-based approaches in

ecological risk assessment, rather than relying solely on single-species acute toxicity tests.

1.4 Bioaccumulation, trophic transfer, and higher trophic risks of
antimicrobials

When antimicrobials enter aquatic environments, they not only exert toxic effects through
instantaneous external exposure, but their accumulation within organisms, transfer along

food webs, and residues in higher-trophic organisms also represent critical dimensions of
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ecological risk. Unlike classical hydrophobic persistent organic pollutants, many
antimicrobials are ionizable organic compounds that occur partly or predominantly in
charged forms at environmentally relevant pH, which strongly affects their distribution
behaviour in aquatic organisms and their bioaccumulation potential (Armitage et al., 2017;
Henneberger and Goss, 2019). Bioaccumulation is commonly quantified using the
bioconcentration or bioaccumulation factor (BCF/BAF). Understanding the bioaccumulation
potential of contaminants is crucial, because these metrics quantitatively link external
environmental concentrations to internal body burdens and are key parameters for assessing
long-term exposure, food-web transfer and secondary poisoning risks (e.g. for fish, birds
and mammals consuming contaminated prey) (Arnot and Gobas, 2006; Mackay and Fraser,
2000).

However, BCF and BAF values derived from single time-point tissue concentrations in
biomonitoring studies essentially provide a “snapshot” of internal exposure under a given
scenario, reflecting mainly average enrichment levels and offering limited insight into
temporal dynamics driven by growth dilution, metabolism and elimination (Gobas and Lee,
2019; Ratier et al., 2021). In parallel, several studies have shown that measured
concentrations of various antimicrobials in fish and invertebrate tissues can span 4-5 orders
of magnitude, and that plasma or brain concentrations in a subset of samples may approach
a certain fraction of human therapeutic plasma levels (Fick et al., 2010; Miller et al., 2018),
indicating a high degree of heterogeneity in internal exposure across tissues and over time.
To move beyond such snapshot metrics, a suite of toxicokinetic (TK) and physiologically
based kinetic (PBK) models has been developed to link uptake, distribution, metabolisation
and elimination processes to time-resolved internal concentrations and derived BCF/BAF
values (Saunders and Nichols, 2023). These models integrate empirical bioaccumulation
data with mechanistic descriptions of gill and dietary uptake, pH-dependent ionization,
sorption to phospholipids and biotransformation, and have increasingly been applied to
ionizable pharmaceuticals, including sulfonamide, macrolide and fluoroquinolone antibiotics
(Armitage et al., 2017). In doing so, TK and PBK models provide powerful tools to explore
how internal exposure trajectories of antimicrobials vary across exposure scenarios, species
and life stages, and how these trajectories relate to long-term bioaccumulation and hazard
thresholds (Zhu et al., 2023).

In addition, the biomagnification factor (BMF) is commonly used to characterize trophic
transfer of contaminants across food webs. Strictly speaking, BMF estimation requires
conditions in which waterborne exposure is relatively constant or negligible, contaminated
prey is the dominant exposure route, and predator-prey tissue concentrations are near
steady state (Gobas et al., 2020; Mackay et al., 2013). Such conditions are difficult to

achieve in natural systems, so most current evidence for biomagnification stems from food-
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web studies based on environmental monitoring data, where trophic position is inferred from
stable isotopes (e.g. 815N) and trophic magnification factors (TMFs) are derived from
regressions of tissue concentrations against trophic levels to distinguish overall “trophic
magnification” (TMF > 1) from “trophic dilution” (TMF < 1) (Du et al., 2014; Harriage et al.,
2025; Lagesson et al., 2016; Xie et al., 2017). For example, in Lake Taihu, Xie et al. (2017)
reported TMFs of 1.11 for the macrolide antibiotic roxithromycin, 0.31 for propranolol and
1.06 for diclofenac, indicating an overall absence of strong trophic magnification for these
pharmaceutically active compounds in a freshwater food web. More recently, Sokotowski et
al. (2024) reported TMFs between 0.3 and 2.8 for several pharmaceuticals and stimulants,
including the fluoroquinolone ciprofloxacin, in a large benthic food web along the European
Arctic coast, again demonstrating that some antimicrobials can biomagnify whereas others

dilute or remain trophically neutral.

Compared with these TMF-based results, studies that experimentally quantify BMF under
controlled waterborne exposure (or negligible water exposure) with contaminated prey as
the sole exposure route remain far less common, especially for antimicrobials (Harriage et
al., 2025; Lagesson et al., 2016; Miller et al., 2018). Furthermore, even in food webs where
no pronounced biomagnification or trophic magnification is observed, it remains poorly
quantified whether antimicrobials that are transferred along food chains at relatively low
concentrations can, over the full life span of individuals, give rise to ecologically relevant
chronic internal exposures and thereby induce sublethal effects on behaviour, growth or

energy allocation.

1.5 Mitigation and ecological implications of advanced wastewater
treatment technologies

Conventional secondary biological treatment processes (e.g., activated sludge, oxidation
ditches) can effectively remove most biodegradable organic matter and nutrients (Metcalf
and Eddy, 2014), but their removal of many polar and persistent organic micropollutants,
particularly pharmaceuticals, including antimicrobials such as antibiotics and biocides, as
well as certain industrial chemicals, is often limited and highly variable (Falds et al., 2016;
Matesun et al., 2024; Onesios et al., 2009). Numerous reviews and monitoring studies have
shown that, even in well-operated plants, a substantial fraction of pharmaceuticals and other
micropollutants exhibit average removal efficiencies below 50% in conventional treatment.
Thus, even when current discharge standards are met, effluents from conventional
secondary treatment still represent a persistent chemical and ecological pressure, including

a chronic source of antimicrobials to downstream ecosystems.

17



Chapter 1

To address the limited removal of micropollutants by conventional secondary treatment, a
range of advanced wastewater treatment technologies has been proposed and implemented
in recent years. Broadly, the most widely discussed options fall into three main categories:
(i) advanced oxidation processes (AOPs), such as ozonation and UV/H,0,, which use strong
oxidants to rapidly transform a wide spectrum of organic pollutants; (ii) adsorption and bio-
adsorption processes, represented by powdered/granular activated carbon (GAC) and
biological activated carbon (BAC), which “polish” residual organic contaminants through
physical adsorption and biodegradation; and (iii) membrane separation processes such as
nanofiltration and reverse osmosis, which physically retain micropollutants and concentrate
them into a small-volume waste stream (Margot et al., 2015; Pistocchi et al., 2022).
Systematic evaluations indicate that these technologies can, to varying extents,
substantially reduce the concentrations of pharmaceuticals, including many antimicrobials,
and other organic micropollutants in treated effluents, and are often accompanied by a
certain degree of toxicity reduction in bioassays (Margot et al., 2013; Vdlker et al., 2019).
At the same time, they introduce new environmental and ecological considerations, including
the formation of large numbers of oxidation transformation products and the risk of inorganic
by-products such as bromate in advanced oxidation, the energy and resource demands
associated with activated carbon production and regeneration, and the potential
environmental burden caused by the handling and disposal of membrane concentrates
(Pistocchi et al., 2022; Volker et al., 2019).

Among the available options, ozonation and activated carbon-based processes are widely
regarded as mainstream technological routes specifically targeting micropollutant removal,
owing to their relatively high removal efficiencies for a broad range of pharmaceuticals and
other organic micropollutants. They have been proposed or implemented as a “fourth
treatment stage” in several WWTPs in countries such as Switzerland and Germany, and are
also used in European-scale assessments to evaluate mitigation potential and costs (Margot
et al., 2013; Pistocchi et al., 2022). Ozonation is well suited to rapidly reduce concentrations
of highly reactive, high-risk compounds, but it generates complex mixtures of oxidation
transformation products and, in bromide-containing waters, can form bromate and other
inorganic by-products of concern. Activated carbon, by contrast, achieves relatively stable
reductions in dissolved organic carbon and many pharmaceuticals, including antimicrobials
through adsorption and biodegradation without producing new oxidative by-products, yet its
performance is limited for highly polar, recalcitrant compounds and depends strongly on
operating conditions such as carbon age and contact time (Margot et al., 2013; Pistocchi et
al., 2022). In practice, the two are often combined in different configurations—for example,
using BAC or GAC upstream of ozonation to reduce DOC and ozone demand, or installing
BAC/GAC downstream of ozonation as a polishing step to attenuate transformation products

and residual organic contaminants (Margot et al., 2013; Pistocchi et al., 2022). Because of
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this complementarity in removal spectrum and potential side-effects, the combination of
ozonation and activated carbon has become a central focus in current advanced treatment
practice and research. This in turn underscores a key question: beyond reductions in target
compound concentrations, there is a need for more comprehensive environmental
assessments of effluents treated by such technologies, including systematic evaluation of
changes in transformation products, dissolved organic matter and nutrient regimes, and the

resulting multi-trophic ecological responses (Hamdhani et al., 2020; Kienle et al., 2019).

1.6 Thesis aim and outline

From the preceding sections, it is clear that, although numerous studies have examined the
occurrence and ecological effects of antimicrobials in aquatic environments, several critical
limitations remain. First, most work has focused on single environmental media or single
spatial scales, and there is a lack of systematic studies that simultaneously integrate multiple
interconnected “environmental compartments” within the same catchment or hydrological
system, such as wastewater effluents, river water, sediments and groundwater. At the same
time, for source-control measures such as advanced wastewater treatment, the potential
trade-offs between chemical removal efficiency and ecological compatibility have not yet
been comprehensively evaluated. Second, in terms of ecological effects, research is still
dominated by single-compound and single-species tests. Our understanding of how mixtures
occurring in freshwater environments influence microbial communities, higher trophic-level
aquatic organisms and ecosystem functions in real or semi-natural freshwater settings
remains limited, and it is still unclear how these effects are modulated by environmental
context, including nutrient levels, organic matter, sediment type and seasonal variation.
Third, at the food-web scale, process-based empirical evidence for the bioaccumulation and
trophic transfer of these compounds in freshwater food chains is still scarce.

Against this background, research described in this thesis combines environmental
monitoring, indoor and outdoor experimental approaches, and modelling/statistical analyses
to investigate antimicrobials from three complementary perspectives: pollution occurrence,
ecological responses and mitigation strategies. It is structured around the following four core

research questions:

1. What are the occurrence patterns, exposure levels, and ecological risks of
antimicrobials in the freshwater systems investigated, including
wastewater effluents, river water, sediments, groundwater, and
experimental microcosms?

2. How do antimicrobials, alone or in mixtures, affect microbial communities,

higher-level aquatic organisms, and ecosystem functions across
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freshwater environments, and how are these effects shaped by
environmental context?

3. To what extent do antimicrobials bioaccumulate and transfer through
freshwater food chains, and what are the implications of trophic transfer
for ecological risk assessment?

4. How can advanced wastewater treatment processes contribute to
reducing antimicrobials exposure and mitigating ecological risks in

freshwater ecosystems?

To address these questions, the main content and focal organisms/compartments of each

research chapter are summarized as follows, with an overview provided in Figure 1.3.

Chapter 2 uses the highly urbanised Maozhou River in Shenzhen, China, as a case study to
investigate pollution patterns along a “river-sediment-groundwater” continuum. The study
considers river water, surficial river sediments and groundwater at different depths, with a
focus on aqueous antibiotics, ARGs and bacterial community structure. Groundwater
Escherichia coli is used as an indicator organism for antibiotic resistance and health-related
risk. Through combined monitoring and source-tracking analyses, this chapter examines
how riverine pollution propagates into groundwater systems and what ecological and health

risks may arise.

Chapter 3 employs freshwater microcosms to investigate the effects of two commonly
detected antibiotics, sulfamethazine (SMT) and tetracycline (TC), applied individually and in
combination, on multi-trophic freshwater ecosystems. The study encompasses
phytoplankton (green algae) in the water column, zooplankton communities, microbial
communities in water and sediments, as well as leaf-litter decomposition as a key ecosystem
process indicator. By comparing response patterns of different trophic levels and functions
under single-compound versus mixture exposure, this chapter explores how antibiotic
mixtures affect community structure and ecosystem processes under realistic exposure

scenarios and under realistic water-quality conditions.

Chapter 4 focuses on triclosan as a model antimicrobial biocide and examines microbial
community responses under different combinations of water bodies and sediments. The
study targets natural sediments collected from ponds and ditches, OECD artificial sediments
incubated in these systems, and the associated overlying water microbial communities.
Using sediment microcosm experiments, it compares how triclosan exposure affects
bacterial community composition and diversity under contrasting sediment types and water
nutrient regimes, thereby assessing how sediment properties and water-column conditions
jointly shape the effects of antimicrobials on benthic microbial communities.
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Chapter 5 uses a simplified freshwater food chain composed of the green alga Scenedesmus
obliquus (primary producer), the cladoceran Daphnia magna (primary consumer) and the
predatory insect larva Chaoborus obscuripes (secondary consumer) as a model system to
investigate the internal exposure dynamics and trophic transfer of azithromycin (AZT). The
study examines AZT concentration dynamics within organisms at different trophic levels,
together with their basic growth performance. Through toxicokinetic analysis and trophic-
transfer experiments, AZT bioconcentration factors (BCFs) within organisms and its transfer
efficiency along the food chain (BMF) are quantified, providing mechanistic insight into the

retention and potential ecological risks of antibiotics in freshwater food webs.

Chapter 6 evaluates the balance between chemical removal and ecological responses
associated with advanced wastewater treatment technologies centred on BAC filtration and
ozonation (03). The study examines effluents treated with different BAC-0O; combinations
and their effects in outdoor freshwater microcosms, encompassing micropollutant mixture
concentrations (including several antimicrobials) and predicted toxicity, water-quality and
nutrient characteristics, as well as multi-trophic biological components such as
phytoplankton, zooplankton, macroinvertebrates, and microbial communities in both the
water column and sediment. By systematically comparing chemical and ecological outcomes
across treatment scenarios, this chapter assesses the trade-offs and optimization potential
of advanced treatment technologies as mitigation measures within freshwater ecosystems.

Chapter 7 provides an integrated synthesis of the results from all research chapters, aiming
to develop an overarching perspective on the distribution patterns, exposure pathways, and
multi-trophic ecological effects of antimicrobials in interconnected freshwater systems. By
combining evidence from the river-groundwater continuum, sediment and water-column
microcosms, and food-chain-based exposure and bioaccumulation experiments, the chapter
identifies key linkages and shared mechanisms across environmental compartments and
biological levels. On this basis, it discusses the broader implications for assessing exposure,
understanding mixture effects, and designing future studies on potential mitigation

measures for freshwater ecosystems.
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Chapter 2

Abstract

The extensive use of antibiotics has led to their frequent detection as residues in the
environment. However, monitoring of their levels in groundwater and the associated
ecological and health risks remains limited, and the impact of river pollution on groundwater
is still unclear. This study focused on the highly urbanized Maozhou River and its
groundwater. Forty-five antibiotics and microbial community composition were analyzed by
high-resolution LC-MS/MS and 16S rRNA gene sequencing, respectively. These endpoints
were measured in sediment, surface- and groundwater sampled during wet and dry seasons,
while isolation and resistance profiling of Escherichia coli was performed in groundwater.
This study aimed to assess the ecological and health risks posed by antibiotics in the
Maozhou River and its groundwater, to assess the prevalence and type of antimicrobial
resistance in Escherichia coli, and to trace the sources of antibiotic resistance genes (ARGS)
in groundwater. Multiple antibiotics detected in the river and sediment were predicted to
pose high risks to algae growth and bacterial resistance selection. In groundwater, the
antibiotics erythromycin and norfloxacin were predicted to pose a medium risk to algae and
a low risk towards bacterial resistance. Furthermore, significant positive correlations were
observed between several predominant bacterial phyla in the river and groundwater and the
detected antibiotics, suggesting a possible effect of local antibiotic residues on bacterial
community composition. Antimicrobial susceptibility testing of 76 Escherichia coli isolates
revealed 74% exhibited resistance to at least one tested antibiotic and 7.9% exhibiting
multidrug resistance, which was confirmed by ARG-targeted PCR analysis. SourceTracker
analysis of ARGs in groundwater indicated that ARG contamination in shallow groundwater
was primarily from river sediments, while contamination in deeper groundwater originated
mainly from river water. The results emphasize the need to address river pollution, as it
directly impacts groundwater quality, particularly in areas with severe antibiotic

contamination.
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2.1 Introduction

Antibiotics are extensively used in human and veterinary medicines for therapeutic
treatment of infectious diseases, and also in aquaculture and livestock farming as growth
promoters (Yang et al., 2024). However, the excessive use of antibiotics has led to their
continuous release into the environment (Balzer et al., 2016), along with their metabolic
byproducts, resulting in frequent detection in aquatic environments (Liu et al., 2018). Over
the past two decades, more than 100 studies in Europe have reported the presence of
antibiotics in aquatic environments, with concentrations typically ranging from tens to
several hundred ng/L (Carvalho and Santos, 2016). In China, over 100 studies related to
surface water have reported the occurrence of 94 antibiotics, most of which have median
concentrations below 100 ng/L (Li et al., 2020c). Antibiotic pollution could furthermore lead
to a selective pressure on bacteria in these environments and promote the development and
dissipation of antibiotic resistance genes (ARGs) (Briissow, 2024), and negatively impacting
non-target species, biodiversity, and ecological functioning (Kar and Roy, 2012; Kovalakova
et al., 2020). Antibiotics and ARGs can infiltrate groundwater through various pathways,
including rainfall percolation, river recharge, lateral recharge of bedrock fractures, and
irrigation return flow (Ying et al., 2011). Once in the groundwater, these contaminants may
disrupt microbial communities and accelerate the spread of resistant bacterial strains, posing
significant threats to public health and ecosystem stability. However, due to the difficulty of
studying groundwater, the extent of antibiotic pollution in groundwater remains poorly
understood. As of July 2019, only 12 studies have reported the presence of antibiotics in
Chinese groundwater, documenting 45 antibiotics, most of which have median
concentrations below 10 ng/L (Li et al., 2020c). Therefore, it is crucial to gain a deeper

understanding of antibiotic pollution in groundwater and its potential ecological risks.

Escherichia coli is a member of the commensal microbial community in the intestines of
humans and other warm-blooded animals (Hu et al., 2020). It is commonly used as a
microbial parameter related to the quality of groundwater and drinking water (Heijnen et
al., 2024), and as an indicator for the level of antimicrobial resistance among Gram-negative
bacteria (EFSA, 2007). As infections may be transferred from animals to humans through
the consumption of food and/or water contaminated with zoonotic pathogens such as E.coli,
monitoring fecal indicators and pathogens in groundwater is crucial (Economides et al.,
2012). Additionally, gut symbiotic antibiotic-resistant bacteria have been reported as
significant reservoirs of ARGs, with bacteria acquiring ARGs through horizontal gene transfer
from resistant strains (Carlet, 2012; Szmolka and Nagy, 2013). The presence of antibiotic-
resistant E. coli in groundwater reflects broader trends in intestinal resistance, with

multidrug-resistant strains posing a substantial health threat.
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In our previous research, we discovered significant ARG contamination in the groundwater
of the Maozhou River and speculated that this pollution might originate from surface sources
(Wu et al., 2020). To further explore the impact of river pollution on groundwater, we
introduced the SourceTracker tool as a continuation of our study. SourceTracker is a
Bayesian model-based method used to estimate the proportion of pollutants from various
sources in a given environment (Knights et al., 2011). This study represents one of the first
applications of SourceTracker in a highly urbanized river-groundwater system, offering a
novel approach to quantitatively link surface water pollution with groundwater
contamination. Several studies have successfully applied SourceTracker to trace the sources
of ARGs, for example in the air of railway station (Bai et al., 2023), deep-sea environments
(Henry et al., 2016), and household drinking water (Wang et al., 2023). Additionally, since
a large proportion of environmental bacteria cannot be detected using traditional culture
methods (Nesme et al., 2014), and the correlation between genotype and phenotype is often
unclear, culture-dependent methods are not suitable for tracking ARG contamination (Wang
et al., 2023). In contrast, metagenomic sequencing and/or high-throughput quantitative

PCR (HT-gPCR) have proven to be more effective tools.

The Maozhou River is one of five major rivers in Shenzhen, China, and is a typical highly
urbanized river, heavily polluted by anthropogenic activities. In this study, we estimate the
ecological risks of antibiotic pollution in the Maozhou River and the groundwater beneath for
different seasons, the association of these antibiotic residues with differences in microbial
community distribution, the trends of resistance prevalence in E.coli found in the
groundwater of this region, and the application of SourceTracker for identifying potential
sources of ARGs in groundwater. Our research aims to address the following questions: 1)
What are the risks posed by the levels of antibiotics measured in the Maozhou River and its
groundwater? 2) What is the pattern of ARG prevalence in E.coli found in groundwater? and
3) To what extent does river pollution contribute to ARG contamination in groundwater? The
findings of this study aim to contribute to the management of antibiotic pollution in urban

rivers and the control and prevention of groundwater contamination.

2.2 Materials and methods

2.2.1 Study area and sample collection

Shenzhen is a megacity located in southern China with a population of more than 17 million.
The Maozhou river is one of five major rivers in Shenzhen city with a length of 31 km and

54 branches (Bureau, 2022). As part of the Pearl River Estuary system, it originates from
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Yangtai Mountain Forest Park and flows to the Lingdingyang Sea. The river is seriously
polluted with urban wastewater containing antibiotics (Bureau, 2022). Furthermore, the

groundwater in this region is heavily exploited and consumed for various purposes.

Considering the shallow groundwater table and permeable aquifer in the Pearl River Delta
region, the antibiotics in the Maozhou River have the potential to leach into groundwater.
To assess this possible source of antibiotics in groundwater, river water samples (R1-R6)
and corresponding sediment samples (S1-S6) were collected from the upper reach to lower
reach of the Maozhou River (Fig. 2.1). The pollution in the lower reach of the Maozhou River
is expected to be higher than in the upper reach due to the higher population density in the
lower region. In addition, a water sample was collected from Shiyan Reservoir (SYR) as
control of river water. The sediment samples in Shiyan Reservoir and Yangtai Mountain (S-
SYR and S-YTM) were collected as control sediments. These control sites were assumed to

be pristine.
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Figure 2.1. The map shows the sampling sites of Maozhou River and groundwater wells. G1-G10
represent groundwater from monitoring sites, with G1-G5 located at Site 1 and G6-G10 located at Site
2; W1-W11 represent groundwater from domestic wells; R1-R6 represent river water monitoring sites,
while the corresponding sediment samples collected from these sites are labeled as S1-S6 in the results.
SYR and YTM refer to Shiyan Reservoir and Yangtai Mountain, respectively, which are used as reference
sites.
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Two groundwater monitoring locations along the Maozhou River, referred to as Site 1 and
Site 2, were chosen as depicted in Fig. 2.1. Each site was equipped with five pumping wells
at varying depths. At Site 1, wells G1 through G5 had depths ranging from 7.0 m to 26 m.
At Site 2, located near the Lingdingyang estuary, wells G6 through G10 spanned from 7.3
m to 20.5 m. Additionally, spring water was sampled from a site presumed to be pristine in
Yangtai Mountain (YTM).

In our previous study (Wu et al., 2020), a large presence of total coliforms was detected in
the groundwater monitoring wells, with even some detections in the YTM spring water,
warranting great attention to the antibiotic resistance patterns in this region. Thus, we
visited local residences and investigated the use of domestic wells in the Maozhou River
basin. In addition to the 10 monitoring wells along the river (Site 1 and 2), we added 11
domestic wells (W1 to W11) from this area into our research on antibiotic resistance in E.coli
(Fig. 2.1).

Based on the influence of monsoon circulation and water vapor transport, the year in South
China is usually divided into wet season (April to September) and dry season (October to
March) (Lai et al., 2022). In this study, samples were collected in June and December 2018,
which represent the wet season and dry season in Southern China, respectively. The sample
collection process, water quality parameters, and the physico-chemical properties of the

sediment are provided in supplementary Text S1 and supplementary Tables S1, S2, and S3.

2.2.2 Antibiotic analysis

Extraction procedures and the methods of analytical measurement for antibiotics were
adapted from a previous study (Zhou et al., 2012). The detailed extraction procedures for
water and sediment samples can be found in Text S2. Agilent 1200 series HPLC coupled with
a triple quadrupole mass spectrometer was used to analyze the 45 target antibiotics
extracted from water and sediment samples, and Agilent Mass Hunter B 02.01 software was
used to conduct qualitative and quantitative analysis of the antibiotics detected in the
samples. Instrument parameters, methods such as the injection mode and the detection
and quantitation limits of antibiotics (Tables S4 and S5) in various samples were based on

our previous paper (Zhou et al., 2012).

2.2.3 Microbial community

Total DNA was extracted from water and sediment samples using the DNeasy® PowerSoil®
kit (QIAGEN, Germany) according to the manufacturer’s instructions. The concentration and

purity of the extracted DNA were measured using a Nanodrop spectrophotometer (Nanodrop
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Onec, Termo Scientific, USA). The extracted DNA was stored at -80 °C for 16S rRNA gene

sequencing.

The hypervariable region V3-V4 of the bacterial 16S rRNA gene was amplified with primer
338F (ACTCCTACGGGAGGCAGCAG) and 806R (GGACTACHVGGGTWTCTAAT). Subsequently,
the purified amplicons were sequenced on an Illumina MiSeq PE300 platform (Illumina, San
Diego, USA) according to the standard protocols by Majorbio Bio-Pharm Technology Co. Ltd.
(Shanghai, China). All of the sequence reads are available at the Sequence Read Archive of
the National Center for Biotechnology information (accession number PRINA1170186).
Detailed information can be found in Text S3.

2.2.4 E. coli identification and antibiotic resistance determination

The water samples from monitoring and domestic wells were serially 10-fold diluted (1 ~
103 fold) with physiological saline, and 0.1 mL of the sample was cultured on MacConkey
agar (Thermo Scientific™, USA) and incubated at 37 °C for 14 to 16 h. The pink and red
colonies were selected and purified, and then inoculated on Eumelam culture medium
(Thermo Scientific™, USA) for identification, and the purplish-black colonies with green

metallic luster were identified as E.coli.

Antimicrobial susceptibility testing was performed using the agar dilution method on
Mueller-Hinton agar according to Clinical and Laboratory Standard Institute (CLSI)
(Humphries et al., 2021). Seven antibiotics representing six different types of antibiotics
were tested on all E.coli isolates, including kanamycin (aminoglycoside), gentamicin
(aminoglycoside), tetracycline (tetracycline), ampicillin (B-lactams), chloramphenicol
(chloramphenicol), ciprofloxacin (quinolone) and meropenem (carbapenem). Multidrug
resistance is defined as an organism’s resistance to at least one antibiotic in three or more
distinct antibacterial categories (Magiorakos et al., 2012). E.coli ATCC25922 was taken along
for quality control in antimicrobial susceptibility testing. The results were analyzed and
interpreted according to CLSI guidelines (Humphries et al., 2021).

The 18 antibiotic resistance gene subtypes conferring resistance to aminoglycosides (aadA),
tetracyclines (tetC, tetG, tetH, tetO, tetW and tetB/P), sulfonamides (sull and sul2), B-
lactams (blaTEM), chloramphenicol (cfr, feixA, floR and cmlA), quinolones (gnrD and gnrS),
macrolides (ereA), polypeptides (mcr-1) and three different mobile genetic elements (MGEs)
(intl1, intl2, and tn916/1514) were determined in E.coli isolates by PCR. The primers and

PCR conditions are shown in Table S6.
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2.2.5 Risk assessment

2.2.5.1 Ecological risk assessment of antibiotics

The ecological risks of residual antibiotics in the Maozhou River and its groundwater were

assessed by calculating the risk quotient (RQ):

RQEcotox =M EC/PN ECEcotox

where MEC represents the maximum measured environmental concentration of a given
antibiotic, and PNECectox represents the predicted no effect concentration to aquatic
organisms. The PNECs were obtained from NORMAN ecotoxicology database
(https://www.norman-network.com/nds/ecotox/). However, it should be noted that the
Norman Ecotoxicology Database reports a lowest PNEC of ofloxacin based on fish toxicity,
while the PNEC values for the other antibiotics are derived from primary producers such as
algae, identified as the most sensitive taxa. Therefore, we calculated the PNEC value of
ofloxacin based on its toxicity to algae (Zhou et al. (2016). RQkewtox Values above 1 indicate
a high ecological risk to aquatic organisms, 0.1 < RQ < 1 indicates a medium risk, and RQ
< 0.1 represents a low risk (Li et al., 2015a). The PNEC values for ecotoxicological effects

and their assessment factors are provided in Tables S7 and S8.

2.2.5.2 The risk of antibiotic resistance selection

The potential resistance selection risks of the detected antibiotics to bacteria were evaluated

by the same formula:

RQrs = MEC/PNECks

where the PNECrs values were obtained from previous studies (Bengtsson-Palme and
Larsson, 2016; He et al., 2023). Similar to the classification used for ecological risk
evaluation, RQrs values above 1 indicate a high risk of antibiotic resistance selection,

whereas 0.1 < RQ < 1 and RQ < 0.1 represent medium risk and low risk, respectively.

2.2.5.3 Antibiotic resistance in E. coli

The multiple antibiotic resistance (MAR) index was employed to assess the degree of multi-
antibiotic resistance among E. coli isolates. Calculation of the MAR index followed the formula
MAR = A/(N x B), where A represents the total number of antibiotics to which each strain
exhibits resistance at a specific sampling site, N represents the number of isolated strains
from that site, and B is the total number of tested antibiotics. A MAR index < 0.2 suggests
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a low potential risk of antibiotic contamination in the tested environment. Conversely, sites
with MAR indices > 0.2 are considered to represent a potentially high-risk source of antibiotic

exposure (Bai et al., 2022; Krumperman, 1983).

The multiple antibiotic resistance genes index was used to assess the presence of multiple
antibiotic resistance genes in isolates, based on the MAR index. The MARG index was
calculated by MARG = A/(N x B), where A represents the total number of ARGs detected in
each strain at a given sampling site, N represents the number of isolated strains from that
site, and B is the total number of tested ARGs.

2.2.6 Groundwater ARG pollution source tracking

The ARG profile for the Maozhou River and its groundwater was obtained from our previous
study (Wu et al., 2020). SourceTracker employs a Bayesian approach to compare ARG
profiles in ‘sources’ with those in ‘sinks’, estimating the contribution of each source to the
sinks (Knights et al., 2011). A total of 190 ARG subtypes were used as potential resistance
group sources, with river water and sediment samples serving as the source samples and
groundwater as the sink. The computational pipeline followed the procedure outlined by Bai
et al. (2023).

2.2.7 Statistical analysis and data visualization

The sampling site map was plotted using Adobe Illustrator 2024, while the bar charts and
box plots were generated using Origin 2024. Multivariate analyses (principal component
analysis) and Monte Carlo permutation tests to show and evaluate the significance of the
correlations between antibiotics detected in Maozhou River and its groundwater and the
corresponding microbial communities at the phylum level were performed and visualized
using Canoco 5 (ter Braak and Smilauer, 2012). Statistical tests including One-way ANOVA,
Hotelling’s T2 test, Two-Proportion Z-test and Kruskal-Wallis H test were conducted using

the stats package in R 3.3.1 and the scipy package in Python (v.1.0.0).

2.3 Results
2.3.1 Concentrations of antibiotics in Maozhou River and groundwater

By using LC-MS/MS, we targeted 45 antibiotics for analysis of river water, sediment and
groundwater samples taken during the wet season and the dry season in 2018. In river

water, 14 and 15 antibiotics were detected with total concentrations ranging from 205 to
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421 ng/L and from 194 to 461 ng/L, respectively, in wet and dry season samples (Fig. 2.2a).
Erythromycin-H20 and lincomycin were detected with highest concentrations in both seasons,
followed by sulfapyridine and sulfamethoxazole (Fig. 2.2a). Among detected antibiotics,
sulfonamides were the most frequently detected antibiotics in river water, followed by
macrolides. In the SYR control, 10 and six antibiotics were detected in the wet and dry
season, respectively, with concentrations amounting to 39 and 18 ng/L, respectively. The
concentration of total antibiotics at the lower reach sampling locations (R4 to R6) was
significantly higher than that in the upper reach (R1 to R3) in the wet season (Fig. 2.2a, P
< 0.05). There were no significant differences in the total antibiotic concentrations or the

concentrations of individual antibiotics between the wet and the dry season (P > 0.05).

Nineteen antibiotics were detected in the sediment during both seasons (Fig. 2.2b). The
total concentration of antibiotics in sediment during the wet and dry season ranged from
100 to 1,497 ng/g and 636 to 3,696 ng/g, respectively. Oxytetracycline and tetracycline
were the most abundant antibiotics, followed by ofloxacin and norfloxacin. In sediment,
quinolones were the most prevalent antibiotics, followed by tetracyclines. In the wet season,
eleven antibiotics were detected at S-SYR and seven at S-YTM, with total concentrations of
54 and 11 ng/g, respectively. During the dry season, the number of detected antibiotics
decreased to eight at S-SYR and six at S-YTM, with total concentrations of 23 and 18 ng/g,
respectively. Similar to river water, the concentration of total antibiotics in lower reach
samples (S4 to S6) was significantly higher than that in upper reach samples (S1 to S3) in
the wet season (Fig. 2.2b, P < 0.05). No significant difference was observed in the total
concentrations of antibiotics between the wet and dry seasons (P > 0.05). However, the
concentration of ofloxacin in the dry season was significantly higher than that in wet season
(P < 0.05). Moreover, the total antibiotic concentrations at R1 and S1 during the dry season

were significantly higher than during the wet season (P < 0.05).

In groundwater, 10 and 11 antibiotics were detected during the wet season and the dry
season, with total concentrations ranging from 9 to 38 ng/L and 9 to 177 ng/L, respectively
(Fig. 2.2c). Sulfamethazine, norfloxacin, erythromycin-H20, lincomycin, clarithromycin,
sulfathiazole, sulfadiazine, sulfamonomethoxine, sulfachloryridazine and ofloxacin were
detected in both seasons while sulfapyridine was only detected during the dry season.
Among the detected antibiotics, sulfamethazine, erythromycin-H20 and lincomycin were
detected from all sites in both seasons. The highest antibiotic concentrations were found in
the groundwater from the deepest well of Site 1 (G5) during both seasons. Specifically, the
concentrations of sulfamethazine at G5 were significantly higher than those in the other
wells (P < 0.05). However, the total antibiotic concentrations showed no significant
difference between the wet and dry seasons (P > 0.05). In the spring water of YTM, serving

as the reference point for groundwater, six and four antibiotics were detected in both
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Figure 2.2 Antibiotics detected in Maozhou river water (a), in sediment (b) and in groundwater (c) during
wet season (left column) and dry season (right column). Antibiotics with detected concentrations below
the quantification limit are not presented in the results. Please note the difference in scale between the
different figures.
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seasons, with concentrations of 12 and 9 ng/L during wet season and dry season,
respectively.

2.3.2 Risk assessment of the antibiotic residues in Maozhou River and

groundwater

Based on RQ values, several antibiotics were identified as posing varying levels of ecological
and resistance selection risks across different environmental compartments. Erythromycin-
H20 in river water, as well as oxytetracycline, tetracycline, ofloxacin, norfloxacin,
chlortetracycline, ciprofloxacin, and enrofloxacin in sediment, posed high toxic risks (RQ >
1) to algae during both seasons (Fig. 2.3a), with ofloxacin in river water showing an
additional high risk during the wet season. Medium ecological risks (0.1 < RQ < 1) were
observed for roxithromycin in river water and for lincomycin, methacycline, roxithromycin,
pefloxacin, and fleroxacin in sediment in both seasons (Fig. 2.3b). In groundwater,
erythromycin-H20 posed medium ecological risks in both seasons, while ofloxacin presented
medium risk in the dry season and low risk (0.01 < RQ < 0.1) in the wet season. Lincomycin
and clarithromycin consistently exhibited low ecological risks, and sulfamethoxazole was

classified as low risk only during the dry season (Fig. 2.3c).

Regarding the resistance selection risks, oxytetracycline, ofloxacin, ciprofloxacin,
enrofloxacin, and roxithromycin in sediment consistently posed high risks across both
seasons, while tetracycline, chlortetracycline, lincomycin, and sulfamethopyrazine in
sediment exhibited medium risks (Fig. 2.3e). In river water, erythromycin-H.0 showed a
medium risk level during the wet season and a low risk level in the dry season, whereas
trimethoprim, roxithromycin, lincomycin, clarithromycin, and ofloxacin presented low
resistance selection risks throughout both seasons (Fig. 2.3d). In groundwater, norfloxacin,
erythromycin-H20, and lincomycin were associated with low resistance selection risks during

the dry season (Fig. 2.3f).
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Figure 2.3 Risk assessment of the detected antibiotics from river water (a, d), sediment (b, e) and

groundwater (c, f) for green algae (left column) and antibiotic resistance selection (right column) during
both seasons. (RQ > 1: High risk; 0.1 < RQ < 1: Medium risk; 0.01 < RQ < 0.1: Low risk; RQ < 0.01:
No risk. The explanation for antibiotic abbreviations are provided in Session 2.2.2.)
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2.3.3 Microbial communities in Maozhou River and groundwater, and correlations

with antibiotics

Microbial community composition was measured based on bacterial 16S rRNA gene
fragments PCR-amplified from the different samples and sequenced using Illumina
technology. Overall, approximately 2.3 million high-quality sequence reads were acquired
after denoising and filtering, and a total of 2,690 OTUs remained after rarefaction to 12,681
reads, in which 46 bacterial phyla and 838 genera were annotated. The detailed composition
of the microbial communities can be found in Fig. S1. Monte Carlo permutation tests revealed
significant differences in the microbial community composition among groundwater, river
water, and sediments in the Maozhou River (P < 0.05), while no significant differences were
observed between seasons (P > 0.05). Among the 15 most abundant bacterial phyla
detected in the data, Patescibacteria and Verrucomicrobiota were primarily distributed in
river water, whereas Firmicutes and Chloroflexi were mainly present in sediments (Fig. 2.4).
Several bacterial phyla, such as Actinobacteriota, Bacteroidota, Planctomycetota, and
Gemmatimonadota, exhibited high relative abundance in both river water and sediments.
Proteobacteria showed relatively high relative abundance in both river water and
groundwater, particularly dominating in groundwater. Additionally, it is noteworthy that
Campilobacterota was also highly abundant in groundwater, together with Proteobacteria
forming the two major bacterial phyla in the Maozhou River groundwater. No significant
differences were found in richness and diversity between seasons among each type of
samples (Kruskal-Wallis H test, P > 0.05) (Table S9). Not surprisingly, the richness and
diversity in river water and sediment were significantly higher than those in groundwater
during both seasons (Kruskal-Wallis H test, Padjusted < 0.001) (Fig. S2).

The PCA results showed that a positive correlation between the relative abundance of
Patescibacteria and Verrucomicrobiota and the concentrations of trimethoprim,
sulfamethoxazole, roxithromycin, and clarithromycin. Similarly, Firmicutes showed a
positive correlation with several antibiotics predominantly detected in sediments, including
norfloxacin, ciprofloxacin, and oxytetracycline. Moreover, a positive correlation was

observed between methacycline and Myxococcota (Fig. 2.4).

When analyzing the data at the genus level as the highest attainable taxonomic resolution
(Fig. S3), an intriguing pattern was observed at groundwater Site 2 during the wet season.
As the well depth increased, beginning with well G7, the main genera detected in each
successive well overlapped with those of the previous one, but the most dominant genus
shifted. This pattern indicates that the dominant bacterial genera at groundwater Site 2
varied with depth, showing systematic changes in the composition of microbial communities
as depth increased.
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Figure 2.4. Principal Component Analysis (PCA) biplot between antibiotics detected in Maozhou River
and its groundwater and the corresponding microbial communities at the phylum level. The 15 most
abundant phyla across the entire dataset were shown, and only the antibiotics that significantly explained
the model were included (Monte Carlo permutation test, P < 0.05).

2.3.4 Antibiotic resistance profiles of groundwater-derived isolates of E. coli

From all the groundwater samples, a total of 76 strains of E. coli were isolated: nine from
monitoring Site 1, 17 from monitoring Site 2, and 50 from domestic wells (Table 2.1).
Notably, at least one E.coli isolate was obtained from each groundwater sampling well. Two
E.coli strains were isolated from the spring water of YTM. The results of phenotypic
resistance assessment indicated that 56 isolates (74%) exhibited resistance to at least one
antibiotic. The most prevalent resistance observed was against ampicillin, with 51 strains
(67%) showing resistance, accounting for 91% of all the resistant E.coli isolates. The
resistance to ampicillin was significantly higher than that to other antibiotics (Two-Proportion
Z-test, P < 0.05). Remarkably, nine of these strains could survive at the highest tested
concentration (128 pg/ml). Tetracycline resistance was the second most prevalent, found in
24 strains (32%), with 10 capable of surviving at the highest tested concentration.
Additionally, six E. coli strains (7.9%) were identified as multi-drug resistant, showing

resistance to three or more antibiotic classes.

Further genetic analysis revealed that 56 strains were found to carry more than one ARG or
MGE, with the b/laTEM (51) being the most frequently detected, which was significantly
higher than the other genes (Two-Proportion Z-test, P < 0.05), followed by gnrD (21), gnrS
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(13), and ereA (13) (Table 2.1). Notably, 12 isolates carried more than three resistance
genes, with two strains even carrying more than five. Among the E. coli strains isolated from
YTM, one showed resistance to ampicillin and tetracycline and carried the su/l and sul2
genes.

Interestingly, among all isolated E. coli strains, 13 carried more than one ARG but showed
no resistance to any of the tested antibiotics. Moreover, 13 strains did not carry any of the
tested genes yet exhibited resistance to ampicillin. Additionally, seven isolates neither
carried any of the tested ARGs nor showed resistance to antibiotics, with another E.coli
isolate obtained from the YTM displaying the same characteristics. Based on these data, the
MAR and MARG values from all groundwater sites were at a low-risk level (< 0.2), except
for Site 1, where the MAR value was 0.25, indicating a higher risk of antibiotic contamination
in E. coli at that location (Table 2.1).
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Chapter 2

2.3.5 Source tracking of ARGs in groundwater

Source tracking of ARGs indicated that at groundwater monitoring Site 1, a significant
proportion of ARG pollution in the shallow wells (G1 and G2) originated from sediment (64.8%
and 85.8%, respectively), with a smaller proportion coming from river water (30.6% and
11.4%, respectively) (Fig. 2.5). In contrast, for groundwater wells ranging from 14 to 26 m
depth, the primary source of ARG pollution shifted to river water (80 ~ 95.2%). In contrast,
at groundwater monitoring site 2, the source tracking results were more complex. In the
shallowest well (G6), the ARG pollution sources resembled those at Site 1, with the majority
of ARGs originating from sediment and a smaller portion from river water. Furthermore, at
G8 (13.1 m) and G10 (20.5 m), river water remained the dominant source of ARGs. In

contrast, at G7 and G9, the majority of ARGs were attributed to unknown sources (Fig. 2.5).
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Figure 2.5 Source tracking of antibiotic resistance gene pollution in groundwater using SourceTracker.
The numbers in the heatmap represent the proportion of pollutants entering the groundwater from river
water, sediment, or unknown sources. The bluer the color, the smaller the proportion, while the yellower
the color, the higher the proportion.
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2.4 Discussion

2.4.1 Antibiotic pollution in Maozhou River and groundwater

The Maozhou River has drawn significant attention due to its severe pollution with, among
other compounds, antibiotics. Compared with two other studies on the same river, the range
of concentrations of antibiotics detected in our study was lower than that reported by Qiu et
al. (2019) and Zhang et al. (2021), but the average concentration detected was higher than
the concentrations found by Qiu et al. (2019) (245 ng/L). This finding underscores the
variability in antibiotic concentrations within the same river, influenced by different sampling
times and locations. Additionally, high concentrations of ofloxacin and norfloxacin were
detected in sediments of the Maozhou River. Although the production and use of these two
antibiotics were prohibited in food animals in China starting from September 1, 2015 due to
potential safety hazards, and their registration ceased from September 1, 2015 (China,
2015), the continued detection of these antibiotics suggests the persistence of antibiotics or
their continued use. Therefore, even after cessation or reduction in use, the environmental
accumulation and ecological impact of these compounds warrant attention. Furthermore,
many of the antibiotics detected in both the water and sediments of the Maozhou River pose
medium to high risks to the growth of algae and the selection of bacterial resistance. This

indicates an urgent need to address antibiotic pollution in the Maozhou River.

While the concentrations of antibiotics in the groundwater of the Maozhou River were nearly
an order of magnitude lower than in surface water, the types of antibiotics detected in high
concentrations were almost the same as those in the river water (Fig. 2.2). This may
indirectly indicate the infiltration of river pollution into the groundwater, leading to its
contamination (Huang et al., 2018). In this study, we conducted a comparative analysis of
the concentrations of antibiotics detected in the groundwater of the Maozhou River with
those reported in various other global locations, as detailed in Table S10. This comparison
revealed that the concentrations of sulfamethazine, norfloxacin, and clarithromycin in the
Maozhou River's groundwater were notably higher than the average levels found in other
groundwater sources (Fig. 2.6). This comparison underscores a significant disparity in
antibiotic pollution levels, positioning the groundwater of Maozhou River as an area of
elevated concern. To this end, our results also indicate that the occurrence of some
antibiotics in groundwater pose low risks for the selection of bacterial resistance, which
should be a point of concern. In European countries (EMA, 2006), an environmental risk
assessment is required for environmental concentrations exceeding 10 ng/L. Regrettably, a
unified method for risk assessment of antibiotics in the water environment in China is yet to
be established.
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Figure 2.6 Comparison of the detected concentrations of antibiotics from the groundwater samples in
this study with other studies all over the world (see Table S10 for details).

Additionally, the relative abundance of certain bacterial phyla, such as Patescibacteria,
Verrucomicrobiota, Firmicutes, and Myxococcota, showed positive correlations with specific
antibiotics, including a.o. trimethoprim, sulfamethoxazole and roxithromycin, suggesting
their potential resistance to these compounds. Research has shown that antibiotics can
indirectly affect ARGs by influencing microbial community structures (Zhang et al., 2021).
The resistance of members of these bacterial phyla to the corresponding antibiotics is
noteworthy. While mechanistic explanations for these correlations are meaningful, our
current analysis, based on amplicon sequencing, is limited in providing detailed functional
insights. Future research should focus on the response of microbial communities to different
antibiotics and incorporate more advanced approaches, such as metagenomics, to gain a
deeper understanding of the specific effects and underlying mechanisms.

2.4.2 Prevalence of antimicrobial resistance in E.coli isolated from groundwater

In our study, 74% of the groundwater-isolated E. coli showed resistance to at least one
antibiotic, which is similar to the study of Anderson and Sobsey (2006) but much higher
than the findings of Economides et al. (2012). Moreover, six out of 76 E.coli strains (7.9%)
were identified as multidrug-resistant. In comparison, 64% of all isolates from groundwater

in an irrigated agricultural region with a large number of intensive dairy farms in California
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were multidrug-resistant (Li et al., 2015b). The E. coli isolates from the groundwater of
Maozhou River showed the most prevalent resistance to ampicillin, followed by tetracycline,
which is somewhat similar to a study in Kenya that found all E.coli isolates from residential
groundwater resistant to ampicillin, tetracycline, cotrimoxazole, streptomycin, and
sulfamethoxazole, with 50% showing resistance to gentamicin and chloramphenicol
(Wahome et al., 2014). Furthermore, a study in the Mafikeng area of South Africa found
that all 63 E. coli strains isolated from 19 groundwater samples were multidrug-resistant,
with most strains showing high resistance to ampicillin, erythromycin, and vancomycin
(Phokela et al., 2011). Hence, the prevalence of antibiotic resistance in E. coli in the
groundwater of the Maozhou River is not as severe as reported in these aforementioned
studies. The low MAR and MARG values obtained in this study indicated that the groundwater
of Maozhou River basin was at low potential risk of having been contaminated by antibiotics,
and a low risk level of spreading ARGs by E.coli. Yet, what is worth noting is that the MAR
value at groundwater monitoring Site 1 was 0.25 (> 0.2), indicating a higher risk of antibiotic
exposure. However, since only nine strains were isolated from this site, the results may not
be highly representative, emphasizing the need for further research on antibiotic resistance

in this area.

E. coli is a frequent cause of extraintestinal infections such as urinary tract and bloodstream
infections (WHO, 2014), with pathogenic strains often leading to clinical symptoms like
diarrhea and sepsis. The isolation of antibiotic-resistant strains from groundwater cannot be
overlooked, especially the emergence of multidrug-resistant (MDR) strains. MDR E.coli poses
a serious threat to public health by limiting treatment options and increasing morbidity and
mortality rates associated with infections (Sidjabat and Paterson, 2015). These strains can
be transmitted through contaminated water or food, or through contact with humans and
other animals (Hu et al., 2020). The incidence and prevalence of infections caused by
antimicrobial-resistant pathogenic E. coli are rapidly increasing globally (Thaden et al., 2016;
WHO, 2014). In addition, E. coli is also a member of the commensal intestinal microbiota of
humans and other warm-blooded animals. Its genetic flexibility not only ensures successful
survival and growth under adverse environmental conditions, but also allows E. coli to serve
as an efficient recipient and even a disseminator of newly introduced foreign genes through
horizontal gene transfer (Szmolka and Nagy, 2013). As a result, MDR E. coli holds
tremendous potential as a reservoir of antibiotic resistance (Szmolka and Nagy, 2013).
Molecular epidemiological studies indicate that the resistance genes carried by MDR E. coli
can effectively transfer to pathogenic E. coli strains or Salmonella within animal hosts, and
vice versa (Négrady et al., 2006). This highlights the importance of environmental exposure
as a significant risk factor for the spread of fecal resistant E. coli and ARGs beyond traditional
risks, such as prior antibiotic use (Hu et al., 2020). To mitigate the public health risks posed

by MDR E. coli, it is crucial to implement actionable strategies such as improving water
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treatment processes to reduce the contamination of groundwater by resistant bacteria,
promoting the responsible use of antibiotics in agriculture and healthcare to curb the
emergence of resistance, and increasing public awareness about the risks associated with

environmental sources of antibiotic-resistant bacteria.

Furthermore, in our study, we discovered some E. coli strains that could survive at high
concentrations of antibiotics without carrying corresponding resistance genes. This could be
due to the induction or stress from exposure to other types of antibiotics, antiseptics, or
heavy metals, or a combination thereof, leading to co-resistance. When the antibiotic
resistance state is activated, multiple resistance mechanisms may be simultaneously
triggered (Li et al., 2019). Studies have shown that E. coli strains, originally sensitive, not
only developed resistance to ampicillin upon induction but also became multidrug-resistant,
with their resistance spectrum expanding after induction (Li et al., 2019). Similar findings
were observed by Zhang et al. (2016), where chloramphenicol induced a resistant state in
sensitive Shigella strains, altering their resistance profile. Thus, Shigella not only became
resistant to chloramphenicol but also to other types of antibiotics. This might partly explain
why the presence of resistance genes does not always correlate directly with the local
prevalent use of antibiotics. However, it is noteworthy that studies have found the MIC of
antibiotics against bacteria increased with time and induced concentrations, indicating that
without dosage restrictions, the resistance of bacterial strains could become more and more
severe (Li et al., 2019).

2.4.3 The prediction of river contamination to groundwater

We previously detected 190 ARG subtypes in the Maozhou River and its groundwater. In this
study, we further analyzed these subtypes using a validated Bayesian machine learning tool,
SourceTracker, for source tracking (Knights et al., 2011). The contributions of river water
and sediment to the ARG contamination in groundwater were predicted to be 8.8 to 95%
and 3.2 to 86%, respectively. Given that river water is a key recharge source for
groundwater in alluvial fan areas (Dun et al., 2014), pollutants from the river can potentially
infiltrate into groundwater during the recharge process (Lapworth et al., 2009). This
connection between river water and groundwater has also been demonstrated in the Yellow
River delta, where research indicated that the Yellow River significantly influences
groundwater flow in downstream and delta regions 20 to 40 km from the river (Chen et al.,
2007). Additionally, a study employing the SWAT and SWAT-LUD models provided a
qualitative assessment of the interaction between surface water and groundwater in the
Maozhou River basin (Xu and Sun, 2021). The analysis revealed that lateral recharge from
surface water to groundwater amounts to approximately 1.0x10° m3 in 2017, along with
the transport of NHs-N (11 tons), TP (1.1 tons), and COD (510 tons). Moreover, floodplain
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infiltration further contributes an estimated 6.7x10%° m3 of river water to groundwater
recharge (Xu and Sun, 2021).

Interestingly, we observed a clear shift in the sources of ARG contamination across different
groundwater depths. In shallower groundwater (< 7.4 m), ARG contamination was predicted
to be predominantly sourced from sediments, while river water played a minor role. However,
as groundwater depth increased (14 to 26 m), river water was predicted to become the
primary contributor to ARG contamination. Numerous studies have demonstrated that
aquifer microbial populations are closely associated to sediments (Anneser et al., 2010;
Griebler et al., 2002). Zhai et al. (2021) conducted laboratorial leaching tests and found
that the higher Fe- and Mn- bearing minerals in aquifer sediments, the higher the
concentrations of Fe and Mn in groundwater after the release reaches kinetic equilibrium. It
is estimated that the Maozhou River contains an approximately 4,000,000 m3 of polluted
sediment (Zhang and Xu, 2019), rich in organic matter and microorganisms, which have
accumulated significant amounts of antibiotics and ARGs. Our previous study also showed
that the proportion of shared ARGs between groundwater and sediments was as high as
70%. In shallow groundwater, sediments may contribute significantly to the diffusion and
infiltration of antibiotic resistant microorganisms into groundwater. However, with increasing
depth, changes in sediment permeability and stratigraphy are likely to occur. The Maozhou
River, located in the southern central region of the Pearl River Delta, is largely covered by
Quaternary sediments (Huang et al., 2018), which consist of interbedded a younger marine
sequence (elevation > -20 meters), an older marine sequence (elevation between -15 and
-40 meters), and a younger terrestrial sequence. The younger terrestrial sequence,
composed of sandy fluvial deposits or clayey silt, form localized intermediate aquifers (Jiao
et al., 2010). These structural changes could potentially allow river water to infiltrate deeper
aquifers more easily, which might help explain why river water appears to become the
primary source of ARGs in deeper groundwater.

Additionally, at monitoring Site 2, samples from G6 and G8 exhibited a significant proportion
of ARGs from unknown sources. Notably, the source data used in our analysis were primarily
derived from the Maozhou River, and the potential contributions of tributaries, surface runoff
within the river basin, or seawater were not fully accounted for. This limitation in source
data coverage may have contributed to the classification of some ARGs as "unknown
sources" and introduced variabilities in the source-tracking results. However, it is still
important to note that seawater intrusion may significantly influence the ARG profiles in the
lower reaches of the Maozhou River's groundwater. Studies have shown that coastal
environments, influenced by terrestrial inputs, aquaculture activities, and wastewater
discharge, are rich in antibiotic resistance genes and are considered important reservoirs of

ARGs (He et al., 2022; Zheng et al., 2021). Through processes such as seawater intrusion
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into coastal aquifers, mixing of seawater with river water during tidal exchanges, and
subsequent infiltration of mixed water into groundwater systems, marine ARGs have the
potential to be introduced into the groundwater (Yu et al., 2020). These mechanisms likely
facilitate the transfer of ARGs from marine systems to terrestrial systems in the tidal zones
of the lower reach of Maozhou River.

Although these phenomena have been observed, the lack of ARG profiles from Lingdingyang
Bay limits our ability to determine the actual contribution of marine sources to groundwater
ARG contamination. To address this uncertainty, future research should focus on collecting
ARG profiles from coastal zones to establish a baseline for marine ARGs, while analyzing
water samples from tidal interfaces to identify ARG signatures potentially linked to marine
sources. Additionally, employing hydrodynamic models to simulate seawater intrusion under
varying tidal conditions could help elucidate the extent of marine influence on groundwater
contamination. These efforts are crucial for validating our hypothesis and gaining a
comprehensive understanding of the potential impact of marine environments on the

distribution of ARGs in coastal groundwater systems.

2.5 Conclusions

The findings revealed that multiple antibiotics present in the river and sediment were
predicted to pose high risks to algae growth and the selection of bacterial resistance, with
significant correlations observed between certain antibiotics and specific bacterial phyla. In
the groundwater, 74% of E. coli isolates exhibited resistance to at least one antibiotic, with
the presence of multidrug-resistant strains further highlighting the potential public health
risks. SourceTracker analysis indicated that ARG contamination in shallow groundwater (<
7.4 m) primarily originated from river sediments, while deeper groundwater contamination
was mainly attributed to river water. These results emphasize the need for targeted
management strategies to address antibiotic pollution in urban river systems and mitigate

the spread of ARGs in groundwater.
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Chapter 3

Abstract

Antibiotics frequently co-occur in aquatic environments, yet their combined ecological effects
remain insufficiently understood under realistic mixture scenarios. To address this
knowledge gap, we established 36 replicated freshwater microcosms and exposed them to
two commonly detected antibiotics, sulfamethazine (SMT) and tetracycline (TC), both
individually and in combination, at environmentally realistic concentrations over a 28-day
period. At the primary producer level, both antibiotics reduced green algal abundance at
intermediate and high concentrations alone, whereas their combination exposure did not
consistently inhibit growth, suggesting altered ecological effects under mixture exposure.
Zooplankton community structure was significantly altered under both individual and
mixture treatments, with stimulatory as well as adverse effects observed at different dose
levels. Microbial communities responded in a compartment-specific manner. Single-
compound exposures significantly shifted community structure in both water column and
sediment. In contrast, no significant changes were detected in water-column microbial
communities under mixture treatments, suggesting antagonistic interactions between SMT
and TC, likely related to their distinct modes of action and compensatory microbial regulation.
At the functional level, leaf-litter decomposition was consistently accelerated across multiple
treatments, indicating enhanced microbial activity and functional stimulation. Collectively,
these findings provide experimental evidence that antibiotic mixtures can exert non-additive
effects across trophic levels and ecosystem processes, highlighting the importance of

accounting for such interactions in future research and risk assessment frameworks.
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3.1 Introduction

Antibiotics have been used ubiquitously as both human and veterinary medicine over recent
decades (Carvalho and Santos, 2016; Conde-Cid et al., 2020; Melchiorri et al., 2025). Their
extensive use, together with the fact that 30-90% of administered doses can be excreted
as biologically active substances (OECD, 2019), as well as the limited removal efficiency of
conventional wastewater treatment plants, has resulted in their continuous release into
aquatic environments (Michael et al., 2013; Wang et al., 2020). Once present in water
bodies, antibiotics exert selective pressure on microbial communities, thereby promoting the
emergence and spread of antibiotic-resistant bacteria and resistance genes (Ho et al., 2025;
Wang et al., 2025). In addition to resistance development, such selective pressure can also
alter microbial community composition and function, with potential consequences for key
ecosystem processes such as nutrient cycling and primary productivity. Moreover, increasing
evidence indicates that residual antibiotics pose ecological risks to a wide range of non-
target aquatic organisms, including algae (Chang et al., 2022), zooplankton (Arreguin-
Rebolledo et al., 2024), macrophytes (Ebert et al., 2011), and macroinvertebrates (Schuijt
et al., 2024a). These organisms play essential roles in aquatic food webs and biogeochemical
cycling, and their disruption can lead to cascading effects that impair overall ecosystem
structure and function (Robinson et al., 2005; Schuijt et al., 2024a). Despite these
recognized ecological risks, most previous ecotoxicological research has primarily focused
on the effects of individual antibiotics (Dalla Bona et al., 2015; Rico et al., 2014; Schuijt et
al., 2024a). However, antibiotics typically coexist with other pharmaceuticals and pollutants
in aquatic ecosystems, forming complex mixtures that may induce ecological effects distinct
from those of single compounds (Kidd et al., 2024). For example, combined exposure to
macrolides, sulfonamides, and fluoroquinolones significantly increased toxicity toward
sensitive organisms such as algae and cyanobacteria, disrupting critical processes like
photosynthesis and redox balance (Chang et al., 2022; Gonzalez-Pleiter et al., 2013; Guo
et al., 2021). Additionally, certain antibiotic combinations have shown antagonistic effects
on zooplankton populations even under chronic, low-concentration exposures, suggesting
that mixture toxicity is often species-specific and context-dependent (Arreguin-Rebolledo et
al., 2024; Danner et al., 2019). Nevertheless, existing studies remain fragmented, with
limited integration of representative antibiotics, environmentally realistic concentrations,
and endpoints that reflect the structure and function of aquatic ecosystems. Ignoring such
complexity could lead to underestimation of ecological risks, highlighting the urgent need

for more ecologically relevant investigations (Cedergreen, 2014).

To move beyond the fragmented understanding of antibiotic mixture effects, it is essential
to investigate representative compound mixtures that reflect the diversity of environmental
behaviours observed among frequently detected antibiotics. Among the most frequently
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detected antibiotic classes in aquatic environments, tetracyclines and sulfonamides are of
particular interest due to their widespread use in both human and veterinary medicine and
markedly different environmental behaviours (Wu et al., 2025). For example, China’s 2020
national veterinary antimicrobial use report reported a total use of 32,776 tonnes, with
tetracyclines accounting for 30.5% and sulfonamides (including potentiators) accounting for
13.1% (China, 2021). Tetracycline (TC), representing the tetracycline class, has a polycyclic
structure with multiple ionizable functional groups, allowing strong interactions with organic
matter and divalent cations. This leads to high sediment affinity, with a reported soil-water
distribution coefficient (Kd) ranging from 3,102 to 312,447 L/kg (Pikkemaat et al., 2016;
Wang and Wang, 2015). In contrast, sulfamethazine (SMT), a typical sulfonamide, is more
polar and less sorptive (Kd = 0.7 ~ 70.1 L/kg), resulting in a greater mobility and persistence
in the aqueous phase (Pikkemaat et al., 2016). Although the individual behaviours of these
compounds are well characterized, whether their differential partitioning leads to distinct or
interactive ecological effects remains unclear. Using TC and SMT as model compounds may
offer novel insights into how the differential partitioning of antibiotics between water and
sediment compartments shapes mixture outcomes in aquatic ecosystems. Their frequent co-
occurrence in real-world environments (Wu et al., 2025), combined with their contrasting
physicochemical properties, underscores the need to assess potential non-additive effects,
as mixture exposures may produce ecological outcomes that differ substantially from those
of individual compounds (Hu et al., 2017).

To systematically examine the ecological consequences of antibiotic mixtures, a controlled
freshwater microcosm system was established in the laboratory, incorporating key biological
components across multiple trophic levels, including phytoplankton, submerged
macrophytes, zooplankton, macroinvertebrates, and microbial communities. This
experimental system allowed for simultaneous assessment of both structural and functional
responses to a range of environmentally relevant concentrations of TC (1.5 - 150 pg/L) and
SMT (0.1 - 10 ug/L), applied individually and in combination. By integrating multiple
biological endpoints, this study aimed to address the following key questions: (1) Do TC and
SMT, alone and in mixture, differentially affect aquatic community structure across multiple
trophic levels? (2) At what concentrations do these antibiotics begin to elicit observable
ecological effects? (3) How do combined exposures to SMT and TC influence ecosystem
functions compared to single-compound exposures? By addressing these questions, this
study provides insights into how antibiotics with distinct environmental fates and
biochemical mechanisms of action interact to shape ecological outcomes under realistic

exposure scenarios.

54



Individual and mixture effects of the antibiotics on freshwater ecosystems

3.2 Materials and methods

3.2.1 Experimental design

The laboratory microcosm experiment was conducted at the Aquatic Ecology and Water
Quality Management Group of Wageningen University & Research, the Netherlands. After a
one-month acclimation period, the experiment started on January 18, 2022, and lasted for
four weeks until February 14, 2022. Each microcosm consisted of a cylindrical glass tank
with a height of 0.38 m and a diameter of 0.25m. Each tank was filled with 12L of lake
water collected from Lumen Pond (Wageningen Campus, the Netherlands) and filtered
through a 30pum mesh, along with approximately 3cm of uncontaminated sediment

(approximately 1.67 kg wet weight) obtained from the Sinderhoeve experimental station

(Renkum, the Netherlands; www.sinderhoeve.org) (Fig. S1). One month prior to the start
of the experiment, all microcosms were inoculated with equivalent amounts of
phytoplankton, zooplankton communities, and macroinvertebrates. Due to the low natural
abundance of phytoplankton in the Lumen pond water during winter, additional cultures of
the green alga Scenedesmus obliquus were introduced to the microcosms. Zooplankton was
collected from an uncontaminated pond located near the Forum building (Wageningen
Campus, the Netherlands), while macroinvertebrates were collected from the Sinderhoeve.
In each system, 20 individuals of Asellus aquaticus, 20 of Gammarus pulex, five of Physella
spp., and five of Planorbis spp. (all medium-sized macroinvertebrates) were introduced.
Additionally, one shoot of Elodea nuttallii (approximately 15 cm in length) and one of
Myriophyllum spicatum (approximately 10 cm in length) were planted in separate pots,
which were then placed in the sediment of each microcosm. To provide a food source for
benthic invertebrates, 2 g of dried Populus spp. leaves (without branches) were placed in a
Petri dish, which was covered with a metal mesh perforated with two holes (approximately
0.5cm in diameter) to allow macroinvertebrate access, and positioned on the sediment
surface. In addition, four 100 mL HDPE bottles (31 mm opening diameter), filled with the
same sediment as the tank bottom, were embedded in the sediment of each system to
monitor antibiotic sediment concentrations and changes in microbial community. To assess
microbially mediated leaf litter decomposition, 144 nylon mesh bags (500 um mesh size,
14 x 11 cm), each containing 2 g of dried Populus spp. leaves, were prepared, and six bags

were suspended above the sediment in each microcosm (Fig. S1).

Based on environmental concentrations reported for SMT (Mulla et al., 2023), its
experimental concentrations were set at 0.1, 1, and 10 pg/L. Considering that TC
concentrations in natural sediment typically range from ng/g to pug/g (Daghrir and Drogui,
2013), and accounting for the water volume and sediment mass in the experiment, TC was

added at concentrations of 1.5, 15, and 150 ug/L. These levels were chosen to yield surface
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sediment concentrations of approximately 30 to 3,000 ng/g, assuming complete adsorption.
For the mixture treatments, the concentrations corresponded directly to those used in the
single-compound treatments, resulting in three distinct mixture groups. Each treatment
group included three replicates. Due to the addition of 40 pL of methanol during the antibiotic
dosing process (equivalent to approximately 0.0033 mL/L), both negative controls (four
replicates, without antibiotics or solvent) and solvent controls (five control replicates, with
an additional 40 pL of methanol) were included to distinguish potential solvent effects. A
total of 36 microcosms were established.

All microcosms were maintained at 20 °C using a flow-through temperature control system
and operated under a 12-hour light/dark cycle (Philips HPI-T, 400 W), with light intensity at
the water surface maintained at around 140 puW/cm?2. Continuous aeration was applied
throughout the experiment to prevent oxygen depletion, and evaporative water loss was
compensated on a weekly basis. Nutrient levels were sustained by weekly additions of
NH,NO; and KH,PO, at a molar ratio of 6:1, resulting in final concentrations of 90 ug/L
inorganic nitrogen (N) and 15 pug/L phosphate phosphorus (P-PO,) (Schuijt et al., 2024a).
To reduce potential human or system-induced bias, microcosm positions were randomly

assigned within the water bath.

3.2.2 Antibiotic application, sampling and analysis in water and sediment

Analytical grades of SMT (CAS No. 57-68-1) and TC (CAS No. 64-75-5) were purchased from
Merck (Germany) and prepared as concentrated stock solutions in methanol (analytical
grade, Merck, Germany). These stock solutions were then diluted to prepare working
solutions, which were dosed into the microcosms to achieve the target exposure
concentrations. To monitor antibiotic concentrations in the water phase, depth-integrated
water samples were collected by means of long pipette tips from different depths at 1, 4,
12, 24, and 72 h, as well as on Days 7, 14, and 28 after dosing. Sediment samples were
collected on Days 7, 14, and 28 by retrieving the pre-installed HDPE bottles filled with the
same sediment from the bottom of each microcosm, carefully removing the overlaying water,
and storing the sediments at -20°C until extraction. Detailed information on dosing and

chemical analyses is provided in Test S1 of the Supplementary Materials (SI).

3.2.3 Water quality parameters and primary producers

Water quality parameters were measured weekly at 8:30a.m. using an HQ40d
multiparameter meter (Hach, USA). These parameters included electrical conductivity, pH,
dissolved oxygen (DO), temperature, and oxygen production, which was calculated as the
difference in dissolved oxygen between 8:30and 19:30 and is referred to as DO_net in the

Results section.
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Each week, 100 mL of water was collected from each microcosm. Of this, 50 mL was used to
analyze total phosphorus (TP) and total nitrogen (TN), while the remaining 50 mL was
filtered through a 1.2 um Whatman glass fiber filter for the determination of orthophosphate,
ammonia, and combined nitrite/nitrate. All nutrient analyses were performed using a

segmented flow analyzer (Skalar 5100 Autoanalyzer, Breda, Netherlands).

Chlorophyll-a concentrations were measured weekly using a Phyto-PAM fluorometer (Heinz
Walz, Effeltrich, Germany), which partitions chlorophyll-a signals into green, blue, and
brown algal groups. In this study, we focused on and report only the green algae fraction,
as green algae were the dominant phytoplankton group in the experimental system. At the
end of the experiment (Day 28), all submerged macrophytes were harvested, and their total

length, including both main stems and lateral shoots, was recorded.

3.2.4 Zooplankton and macroinvertebrates sampling

Zooplankton were sampled on Day -1 (prior to treatment), and on Days 7, 14, and 28 of the
experiment. For each sampling event, 1L of depth-integrated water was collected from each
microcosm and filtered through a 55 um mesh. The filtrate was returned to the respective
system, while the retained zooplankton were concentrated to 50 - 80 mL, preserved with

Lugol’s solution and stored at 4 °C until identification.

Zooplankton was identified under an Olympus SZX10 stereomicroscope to the lowest
practicable taxonomic level. Both macrozooplankton (i.e., Cladocerea, Copepoda, Ostracoda)
and microzooplankton (i.e., Rotifera, Copepoda nauplii) were included. Microzooplankton
were identified from a 1mL subsample. Zooplankton abundance was expressed as
individuals per liter.

At the end of the experiment (Day 28), the four introduced species of macroinvertebrate
benthic organisms were collected from the water column, plant surfaces, Petri dishes, and

sediment in each microcosm, and their abundances were recorded.

3.2.5 Leaf litter decomposition by macroinvertebrates and microbes

Microbial decomposition of organic matter was assessed by measuring the dry weight loss
of Populus spp. leaf litter in the microcosms. From each microcosm, two bags were retrieved
the day before exposure, and two bags were collected on both Days 14 and 28. The
remaining leaf material was removed from the bags, oven-dried at 60°C for 48 h and

weighed to determine the percentage of biomass loss based on dry weight.
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The same approach was used to estimate leaf consumption by macroinvertebrate benthic
organisms. At the end of the experiment (Day 28), the dishes were carefully removed, and
all animals were gently separated from the leaves. The remaining leaf material was then
oven-dried, in the same way as the microbial decomposition leaf material, and finally
weighed to calculate the amount consumed.

3.2.6 Microbial community

Samples for the analysis of microbial community composition were collected from the water
column on Days -1, 3, 7, 14, and 28, and from the sediment on Days -1, 7, 14, and 28. DNA
extraction, amplification of the V4 region of the 16S rRNA gene using primers 515F/806R,

and sequencing procedures are described in Text S2 of the SI.

Raw 16S rRNA gene sequence reads were processed using the NG-Tax 2.0 pipeline, including
barcode and primer trimming, amplicon sequence variant (ASV) detection, and taxonomic
assignment against the SILVA 138 reference database. Only exact barcode-primer matches
were retained, and ASVs with a relative abundance below 0.1% per sample were removed
as part of the NG-Tax pipeline. The resulting BIOM table and phylogenetic tree were
imported into phyloseq (McMurdie and Holmes, 2013) for downstream analyses. Sequences
affiliated with mitochondria and chloroplasts were removed prior to statistical analyses. Per-
sample sequencing read counts after NG-Tax processing and quality filtering are provided in
the Table S1.

3.2.7 Data analysis

The dissipation of antibiotics in the water column was described using a first-order

exponential decay model:

Co=Ay e 4y, (1)

where C: was the antibiotic concentration at time x;, A; was the amplitude of the decay, t:
was the decay time constant, and yo was the baseline concentration. For both antibiotics, yo
was fixed at half the LOQ to account for non-zero baseline concentrations. The dissipation
rate constant (k) was calculated as k = 1/t;, and the half-life (DTs,) was estimated using

DTso = In(2)/k. Parameters were estimated by nonlinear regression.

Water quality parameters, nutrient concentrations, zooplankton community data, and
microbial community profiles were analysed using RStudio (R Core Team, 2024). Statistical
significance was assessed using the Wilcoxon test. Plant growth indicators, chlorophyll-a

concentrations, leaf decomposition rates, and macroinvertebrate abundances were

58



Individual and mixture effects of the antibiotics on freshwater ecosystems

calculated in Microsoft Excel and visualized using Origin Pro 2025, version 2025a. One-way
ANOVA and post hoc comparisons (LSD or Duncan tests) were performed in SPSS, version
28.0.1.1.

No significant differences were observed between the control and solvent control groups

across all measured endpoints. Therefore, these groups were pooled and treated as a single

control group for subsequent statistical analyses, resulting in a total of nine control replicates.

To reduce the influence of extreme values, abundance data were log-transformed prior to
community and population-level analyses: macroinvertebrate data were transformed using
In(2x + 1), and zooplankton data using In(10x + 1), where x denotes the abundance of a
given taxon (see Van den Brink et al. (2000) for rationale). Multivariate analyses were
employed to assess treatment-related changes in the macroinvertebrate, zooplankton, and
microbial community structure. The Principal Response Curve (PRC) method was employed
to evaluate temporal dynamics (Van den Brink and Braak, 1999), with statistical significance
tested using 499 Monte Carlo permutations across the entire time series (Van den Brink et
al., 1996). Redundancy analysis (RDA) combined with Monte Carlo permutation tests was

performed on each sampling day to assess treatment effects at individual time points.

To explore the overall compositional shifts in microbial communities under different antibiotic
treatments, principal component analysis (PCA) was performed. The analysis was based on
genus-level relative abundance data, which were arcsine-transformed after conversion to
percentages. Sample scores were visualized along the first two principal axes to examine
treatment-related temporal dynamics. All multivariate analyses were conducted using
CANOCO version 5.15 (ter Braak and Smilauer, 2012).

3.3 Results
3.3.1 Antibiotic concentration

In this study, the half-life of SMT in water was 3.1 to 4.6 days at 1 pg/L, and 5.7 to 6.7
days at 10 pg/L, corresponding to the combined treatment with TC and SMT alone,
respectively (Fig. 3.1a, Table S2). For TC, the half-life ranged from 2.5 to 3.1 days at 15
pg/L, while at the highest tested concentration of 150 pg/L, it was notably shorter, ranging
from 11 to 20 h (Fig. 3.1b, Table S2). In contrast, half-life values could not be calculated
for the lowest concentration treatments of either compound due to measured levels falling
below the quantification limits (LOQswr: 0.02 pg/L; LOQmc: 2.0 pg/L). No significant

differences in the half-lives of either antibiotic were observed between the single and mixture
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treatments. In addition, SMT accumulation in sediments was minimal, with concentrations

in the highest treatment group reaching only 2 pg/kg dry weight between Days 8 and 28
(Fig. S2).
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Figure 3.1. Concentration of SMT (a) and TC (b) in the water phase (ug/L) over time across treatments.
Treatments with the lowest TC concentrations (TC 1.5 and SMT 0.1 + TC 1.5) are not shown, as their
measured concentrations were below the limit of detection (LOD) and could not be reliably fitted.

3.3.2 Water quality, and nutrients

Water temperature, pH, electrical conductivity, and nutrient levels remained stable
throughout the experiment and showed no significant differences among treatment groups
(Figs. S3.3; S3.4). In contrast, DO levels, which reflect primary productivity, exhibited
marked treatment-dependent variation (Fig. S3).

The 1.0 pg/L SMT treatment led to significantly lower evening DO levels and a reduction in
net daily DO production on Day 3 (P < 0.05). The 1.5 pg/L TC treatment caused a sustained
decline in morning DO level from Day 10 onward, whereas the 150 pug/L TC treatment
significantly reduced the evening DO level on Day 3. However, none of the TC treatments
significantly affected net DO production over the course of the experiment.

The high mixture treatment resulted in an elevated morning DO level on Day 3 (P < 0.05).
Conversely, the low mixture treatment showed significantly reduced evening DO levels from
Day 10 to Day 24. Significant reductions in net DO production were observed on Days 3 and
17 in the low and medium mixture treatments. Notably, in the low mixture treatment, this
reduction persisted until Day 28 (P < 0.05).
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3.3.3 Primary producers

Throughout the experiment, the chlorophyll-a concentrations attributed to the green algae
fraction remained relatively stable in the control group, ranging from 15 £+ 6.9 to 19 + 10
pg/L (Fig. 3.2a). In the SMT treatments, a consistent decline was observed from Day 3 for
1 and 10 pg/L treatments, reaching 4.0 £ 2.2 and 2.0 £ 0.6 pg/L, respectively, by Day 27.
However, these trends were not statistically significant (P > 0.05), likely due to the high
variability in the control group. A similar trend was observed in the TC treatments (Fig. 3.2b),
where green algae concentrations were markedly lower at 15 pg/L and 150 pg/L treatments
than those in the control group, reaching 1.9 £ 0.7 and 2.5 £ 0.7 pg/L, respectively, on Day
27. In contrast, much smaller and non-significant declines were observed at the lowest
concentrations (0.1 pg/L SMT treatment and 1.5 pg/L TC treatment).

SMT treatments TC treatments Mixture treatments
30 30 Cacowol
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Figure 3.2. Green algae chlorophyll-a concentrations in different treatments over time (ug/L). (a) SMT
treatments, (b) TC treatments and (c) Mixture treatments. Shaded areas indicate standard errors. Control
groups: N = 9; treatments: N = 3.

Remarkably, in the mixture treatments, green algae concentrations did not show a clear
trend as opposed to what was observed in the single compound treatments (Fig. 3.2c). In
both the lowest and highest mixture treatments, a slight decline was observed over time,
but the changes were not statistically significant. In the medium mixture treatment, the
average concentration increased to 31 £ 13 ug/L on Day 17, followed by a decrease in the
subsequent week.

Considering macrophyte growth, on Day 28, although some significant differences in the

growth of Myriophyllum and Elodea were observed between certain treatment groups and
the control, no overall treatment effect was detected (P > 0.05, Fig. S5). These differences
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may be attributed to poor plant establishment in some microcosms rather than a true

treatment effect.

3.3.4 Zooplankton

A total of 34 zooplankton taxa were identified, comprising 17 micro-zooplankton and 17
macro-zooplankton taxa. PRC analysis revealed that both the individual as well as the
mixture treatments induced significant shifts in the zooplankton community composition (Fig.
3.3, P < 0.05). In the SMT treatment group, the first two PRC axes explained 69% of the
total variation (Fig. 3.3a, PRC1: 47%, P < 0.01; PRC2: 22%, P < 0.01). For TC-treated
communities, 58% of the variation was explained (Fig. 3.3b, PRC1: 31%, P < 0.05; PRC2:
27%, P < 0.05), while the mixture treatment accounted for 61% (Fig. 3.3c, PRC1: 37%, P
< 0.05; PRC2: 24%, P < 0.01).

Monte Carlo permutation tests indicated a non-monotonic dose-response pattern for the
SMT treatments, as evidenced by significant changes in zooplankton community structure
at the lowest (0.1pug/L) and highest (10 pug/L) treatments, but not at the intermediate
(1.0 pg/L) treatment (Fig. 3.3a). In the 0.1 ug/L SMT treatment, the zooplankton community
structure differed significantly from the control on Days 7, 14, and 28 (P < 0.05), with
Lecane gr. luna showing the highest species weight, suggesting a high response to this
concentration (Fig. 3.3a). Community shifts were also observed for the 10 pg/L SMT
treatment, although the effect lasted only until Day 14. Interestingly, no significant changes
were detected at the 1.0 pg/L SMT treatment for any of the time points, highlighting a U-
shaped dose-response (Fig. 3.3a). All TC treatments induced significant changes on Day 7
(P < 0.05), with the greatest shift in community structure observed in the 150 pg/L TC
treatment (Fig. 3.3b). By Day 14, differences remained significant in the 15 and 150 pg/L
TC treatments. Several Daphnia spp. received high weights, indicating a lack of sensitivity
to TC exposure. In the mixture treatments, community responses appeared delayed
compared to single treatments (Fig. 3.3c). By Day 14, significant shifts were observed for
all mixture treatments, with the most pronounced changes at the highest dose, followed by
the medium dose. Mytilina ventralis, Alona sp., and Trichotria pocillum contributed most to

the observed variation and are indicated to increase in the higher treatments (Fig. 3.3c).
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Chapter 3

Among all recorded zooplankton taxa, 12 taxa exhibited statistically significant changes in
abundance under antibiotic treatments, warranting closer examination as key contributors
to the observed community-level dynamics (Fig. 3.4). In the SMT treatments, Daphnia
longispina and Lecane gr. luna showed significantly higher abundance on Day 7 in the 10
Mg/L SMT treatment compared to the control (P < 0.05). Mytilina mucronata declined rapidly
within the first week in the control group, whereas in all SMT-treatments, its decline occurred
later. Abundances of Mytilina mucronata were significantly higher on Day 7 in the treatment
groups than in the control (P < 0.05). In addition, Daphnia sp. exhibited significantly higher
abundances in the SMT 10 pg/L treatment (P < 0.05) compared to control throughout the
first two weeks of the experiment. However, it is important to note that higher abundances
of this taxon were already noted prior to exposure (Day -1). This pattern likely reflects an
initial difference in starting abundances rather than a treatment-induced effect. Apart from
Daphnia sp., no other species showed significant differences in abundances between any of
the treatments and control.

In the 150pg/L TC treatment, Daphnia longispina and Mytilina mucronata showed
significantly higher abundances on Day 7, Daphnia pulex on both Day 7 and Day 14, and
Daphnia sp. on Day 14, compared to the control (P < 0.05). Although Lecane gr. luna
abundance was higher across all TC treatments compared to the control on Day 7,
statistically significant differences were detected only in the 1.5 and 15 pg/L TC treatments
(P < 0.05).

The zooplankton individual populations displayed response patterns in the mixture
treatments which are distinct from those observed under single treatments. In the high
mixture treatment, Alona sp., Alonella sp., Lecane gr. lunaris, and Mytilina ventralis
exhibited significantly elevated abundances on Day 14 compared to the control (P < 0.05).
Brachionus sp. maintained higher levels than the control across all mixture treatments
throughout the experiment (P < 0.05), though with differing temporal dynamics. In the low
mixture treatment, Brachionus sp. abundances peaked on Day 14 before declining to non-
significant levels by Day 28. In the medium mixture treatment, abundances remained
significantly elevated through Day 28, though lower than the peak observed in the low
mixture treatment. In contrast, although abundances in the high mixture treatment steadily
increased over time and reached a significantly higher level by Day 28, the rate of increase
was slower compared to the lower concentration treatments, indicating a decelerated
reproduction trend at higher concentrations. Notably, several Daphnia sp. also responded
positively in reproduction in the low mixture treatment, while only Daphnia pulex showed
significantly higher abundance values in the medium mixture treatment compared to the
control (P < 0.05). Daphnia sp. were nearly absent in the high mixture treatment during the

first 14 days and only gradually reappeared later in the experiment (Fig. 3.4).
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Figure 3.4. Heatmap showing temporal changes in zooplankton abundances (individuals per liter) across
different antibiotic treatments. Data were log-transformed using the function In(2x+1). Darker green
indicates higher abundances, while lighter (whiter) shades represent lower abundances. Asterisks (*)
denote significant differences compared to the control group, with red indicating significantly higher
abundances and black indicating significantly lower abundances. Significance levels: * P < 0.05; ** P <
0.01.

3.3.5 Macroinvertebrate abundances, food consumption and microbial leaf litter

decomposition

Macroinvertebrate abundances were not significantly different in the antibiotic treatments
compared to the control (Fig. S6). Similarly, feeding rates did not differ significantly between
the treatments and the control (Fig. S7). Within the TC treatments, feeding rates differed
between concentrations, with significantly higher values at the highest TC treatment (150
pug/L) compared to the lowest (1.5 pg/L) (P < 0.05).

On Day 14 of the experiment, microbial decomposition of Populus spp. leaves did not differ
significantly between the treatments and the control (Fig. S8). However, on Day 28, leaf

decomposition had increased substantially compared to Day 14. Although all antibiotic
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treatments showed higher decomposition rates than the control, significant differences were
observed only for the 15 pg/L TC treatment, all SMT treatments, and the low and medium

mixture treatments (P < 0.05).

3.3.6 Microbial community

A total of 46,688,647 high-quality prokaryotic 16S rRNA gene sequences were obtained,
resulting in the annotation of 2,126 ASVs, with a minimum of 15,549 sequences per sample.
In total, 505 genera belonging to 29 bacterial phyla were annotated, among which 241
genera were annotated in water samples, and 361 genera in sediment samples. Given that
the genus level represents the highest taxonomic resolution confidently attainable with this
approach, we performed a PRC analysis at the genus level for both water and sediment
microbial communities. SMT and TC, as single treatments, significantly altered the microbial
community composition in both environmental matrices (P < 0.01) (Fig. 3.5). However,
under the mixture treatment, microbial community composition in water was not
significantly affected across concentrations, whereas significant changes were observed in
the sediment (P < 0.01).

In the water samples, PRC axis 1 explained 54% and 41% of the community variation for
the SMT and TC treatments, respectively (Fig. 3.5a & c). Rickettsiella contributed the most
to the observed changes, with its relative abundance being higher in all treatments
compared to the control at the beginning of the experiment, declining steadily to a minimum
by Day 14, and partially recovering toward the end of the experiment. In the mixture
treatments, PRC axis 1 accounted for-33% of the treatment variation that was, however,
not significant (P > 0.05, Fig. 3.5e). Nevertheless, Rickettsiella remained the species with
the highest weight in the PRC analysis. Notable changes in Cyanobium_PCC-6307 were also
observed, following trends in relative abundance like those seen under individual treatments
(Fig. 3.5e).

In the sediment, PRC axis 1 explained 46%, 45%, and 45% of the community variation for
the SMT, TC, and mixture treatments, respectively (P < 0.01, Fig. 3.5b, d & f). In the SMT
treatments, Thermobacillus, Pseudonocardiaceae_unidentified, and Planifilum exhibited the
highest positive scores in the SMT PRC, indicating a continuous decline in their relative
abundances after antibiotic dosing compared to the control, with the most pronounced
decrease observed on Day 14 (Fig. 3.5b). Conversely, Pirellula and Nitrospira showed the
highest negative scores, reflecting an increase in their relative abundances compared to the
control. In the TC treatments, Bacillus and Bacillales_unidentified exhibited the highest
positive scores (Fig. 3.5d). Their relative abundances remained lower in the 1.5 ug/L
treatment than in the control. In the 15 pg/L and 150 ug/L treatments, abundances were
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initially higher than in the control during the first 7 days, but then showed a sharp decline
and became significantly lower by Day 14. By contrast, Vicinamibacterales_unidentified and
Nitrospira showed opposite trends, with their relative abundances increasing throughout the
experiment (Fig. 3.5d). In the mixture treatments, the relative abundances of Bacillus and
Nitrososphaeraceae_unidentified declined by Day 7 and were significantly lower than in the
control by Day 14 (Fig. 3.5f). While their relative abundances partially recovered in the low
and high mixture treatments thereafter, they continued to decline in the medium mixture
treatment. Conversely, Vicinamibacterales_unidentified and Pirellula exhibited continuous
increases in relative abundance compared to the control throughout the treatment period
(Fig. 3.5f).

It is noteworthy that the effects of SMT and TC on microbial communities in both water and
sediment were not consistently concentration dependent. The response patterns differed
between the two matrices (water vs. sediment). In the water column, the 0.1 ug/L and 10
Hg/L SMT treatments induced the most rapid and pronounced shifts in community structure
compared to the control, whereas the 1 pg/L SMT treatment showed the largest deviation
on Day 14 (Fig. 3.5a). For TC, significant effects on the water microbial community were
only observed at 15 pg/L TC treatment on Day 3, with no significant changes detected at
1.5 pg/L or 150 pg/L TC treatments at that time (Fig. 3.5¢). However, community structure
was significantly altered on Day 14 in the 150 pg/L TC treatment when compared to the

control.

In the sediment, 15 pg/L and 150 upg/L TC treatments caused significant changes in
community structures on Day 14, whereas the 1.5 pg/L TC treatment had no noticeable
effect (Fig. 3.5d). In the mixture treatments, the most pronounced changes in sediment
microbial communities were also observed on Day 14 across all treatments. The high mixture
treatment showed the largest deviation from the control, followed by the low mixture
treatment (Fig. 3.5f). Although the medium mixture treatment exhibited a smaller deviation
from the control community on Day 14 compared to the other treatment groups, its
community shift persisted through Day 28, indicating a longer-lasting effect. In contrast,
the low mixture treatment showed a tendency for its community trajectory to shift back
towards the control after Day 14 (Fig. 3.5).
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Figure 3.6. PCA based on genus-level relative abundance data showing the distribution of microbial
communities under different antibiotic treatments on Day 14 in the (a) water column and in (b) sediment.
Upward triangles indicate the centroids of SMT treatments, downward triangles indicate the centroids of
TC treatments, squares indicate the centroids of mixture treatments, and circles represent the control

group.

PCA analysis showed that in the water column, SMT and TC individually induced distinct
changes in microbial community structure by Day 3, although no clear separation was
observed between the individual chemicals and the mixture treatment (Fig. S9a). By Day 7,
this difference became less pronounced (Fig. S9b). By Day 14, a clear separation had
emerged between the SMT treatment group and the mixture treatment group, while the TC
treatment group remained largely overlapping with the mixture and SMT treatment groups

(Fig. 3.6a; S9c).

In the sediment, on Day 3, a similar pattern of community separation to that observed for
the water column was detected on Day 7, with SMT and TC treatments inducing significantly
different community shifts (Fig. S9e). However, the mixture treatments did not show clear
separation from either the SMT or TC treatments at this time point. By Day 14, a distinct
separation was observed between the SMT treatments and the mixture treatments, whereas
the TC treatments remained largely overlapping with the mixture treatments, with the TC15
group still showing partial overlap with the SMT treatment group (Fig. 3.6b; S9f).

69




Chapter 3

3.4 Discussion

3.4.1 The fate of sulfamethazine (SMT) and tetracycline (TC)

In this study, the half-life of SMT in the water column ranged from 3.1 to 6.7 days, with
slightly longer half-lives observed at higher dosed concentrations (e.g., 5.7-6.7 days at 10
Mg/l vs. 3.1-4.6 days at 1 pg/L), suggesting a weak concentration-dependent trend (Fig.
3.1 & Table S2). This aligns with previous reports from natural water systems, where SMT
typically showed half-lives around 2-3 days in pond and aquaculture settings (Carstens et
al., 2013; Sun et al., 2016). By contrast, much faster degradation was observed in a
wastewater effluent (5.03 h at 40,000 pg/L) and in Milli-Q water (9.4 h at pH 7.2) (Conde-
Cid et al., 2018; Garcia-Galan et al., 2012). Such variation may be attributed to differences
in light availability, antibiotic concentrations and temperature (Batchu et al., 2014; Batista
et al., 2014). Photolysis is considered the primary removal mechanism of SMT in surface
waters, initiating sulfonamide bond cleavage and removal of the sulfinyl group, leading to
desulfonated transformation products (Garcia-Galan et al., 2012; PeriSa et al., 2013; Yi et
al., 2018). The attenuation rate of SMT in sediments is relatively low, primarily due to its
weak affinity for sediment particles and associated organic matter, which limits the
contribution of adsorption to its dissipation. As an acidic compound, SMT exhibits reduced
adsorption capacity in alkaline environments due to electrostatic repulsion between the
compound and sediment particles (Gothwal and Shashidhar, 2015). In this study, SMT
steadily accumulated in sediments from Day 8 (2 pg/kg) and remained stable through Day
28 (Fig. S2), comparable to the average concentration of 4.7 ug/kg reported in natural rivers
(Kim and Carlson, 2007).

For TC, adsorption and photodegradation are the main pathways of dissipation in aquatic
environments (Chabilan et al., 2023). A mesocosm study showed that sediment adsorption
accounted for 52% of TC dissipation in water, while photodegradation contributed 35%
(Chabilan et al., 2023). In the same study, the half-life of TC in water was reported to be 2
days, which aligns well with the range of 11 h to 3.1 days observed in our microcosm
experiment. In addition, under neutral to alkaline conditions, TC undergoes hydrolysis,
resulting in isomerization and dehydration reactions that produce 4-epitetracycline and
anhydrotetracycline, which have also been reported to possess ecotoxicological relevance in
aquatic environments (Song et al., 2021; Yuen and Sokoloski, 1977). Although in this study
we were not able to measure TC concentrations in sediments due to its strong adsorption to
sediment particles and the resulting low extraction efficiency, previous research has shown
that once it enters the sediment, it binds strongly to sediment particles through electrostatic
attraction, cation bridging, and chelation with multivalent metal ions (Li et al., 2010). This

strong binding significantly slows its degradation in soil and sediment environments. For
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instance, under dark conditions at 25 °C, the half-life of TC in soil ranges from 20 to 41 days
(Li et al., 2010). However, the conditions of the present study (20 °C, 12 h light : 12 h dark)
differ slightly from those of the above-mentioned studies, and the reported half-life values

of TC in sediments therefore serve as supporting evidence rather than direct confirmation.

3.4.2 Effects of single and combined antibiotic exposure on primary production

Photosynthetic primary producers, among which green algae, form the foundation of aquatic
food chains, and their reduction can directly disrupt the balance of aquatic ecosystems
(Santos et al., 2010). Although green algae are not direct targets of antibiotics, their
chloroplasts originate from endosymbiotic cyanobacteria and possess bacterial
characteristics, such as being enclosed by at least two membranes and containing a DNA
genome along with transcription and translation systems (McFadden and Roos, 1999).
Consequently, some antibiotics exhibit toxicity toward green algae, making chloroplasts
potential targets. Chronic toxicity studies have shown that algae are highly sensitive to
antibiotics, and exposure to these compounds can significantly inhibit algal growth (Santos
et al., 2010).

In this study, we found that SMT inhibited the growth of green algae from Day 3 onward
when applied individually at concentrations of 1 and 10 ug/L (Fig. 3.2a). Previous studies
have shown that nearly all sulfonamide antibiotics exhibit toxicity towards algae, with ECso
values ranging from 1,230 to 32,250 upg/L (Brain et al., 2008; Chen et al., 2020). The
variation in toxicity among sulfonamide antibiotics may be related to their molecular
structure, particularly the number of -CHs groups in the side chain (Biatk-Bielinska et al.,
2011). Generally, a greater number of -CHs groups corresponds to lower toxicity. SMT
contains two -CHs groups in its side chain, suggesting a relatively high toxicity to algae.
However, the concentrations at which the inhibition was observed in our study were much
lower than those reported in previous research. This discrepancy may be attributed to
differences in the experimental setup, as our system consisted of a mixed algal community
rather than a single-species culture. While multi-species communities are generally assumed
to be more resistant to disturbance due to functional redundancy, it is possible that
particularly potentially sensitive subsets of the community dominated the response. In
addition, the experiment was conducted during the winter season, when algal communities
may include dormant or cold-adapted species that exhibit increased sensitivity upon

reactivation under laboratory conditions.

Similarly, when TC was applied individually at concentrations of 15 and 150 pug/L, a
comparable inhibitory effect on algae was observed (Fig. 3.2b). TC has also been reported
to exhibit strong toxicity to green algae, with concentrations ranging from 250 to 30,000
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pg/L significantly inhibiting the growth of various algal species (Amangelsin et al., 2023). In
a seven-day exposure experiment, the ECso of TC for Microcystis aeruginosa was found to
be 90 pg/L, while that for Selenastrum capricornutum was 2,200 ug/L (Halling-Sg@rensen,
2000). Additionally, Gonzalez-Pleiter et al. (2013) reported that TC at a low exposure
concentration of 32 * 8 pg/L could cause significant growth inhibition (ECi0), which is

consistent with the effect concentration observed in the present study.

In the mixed treatments, we observed a more incoherent pattern. In the low mixture
treatment, the green algae concentration initially increased slightly, but noticeably
decreased after Day 3 (Fig. 3.2c). Importantly, the decrease after Day 3 suggests a toxic
effect even in the low mixture treatment, consistent with Gonzalez-Pleiter et al. (2013), who
reported toxicity of TC-erythromycin mixtures at very low concentrations (EC10 = 4.6 + 2.4
pg/L). This combined effect might result from the antibiotics acting on different physiological
targets within the green algae. However, in the medium mixture treatment, the green algae
concentration increased during the first 17 days, followed by a gradual decline, while in the
high mixture treatment, the algae concentration remained stable until a noticeable decrease
after the Day 17. Multiple studies have shown that common environmental pollutants,
including antibiotics, heavy metals, and personal care products, can induce a hormesis effect
(Jiang et al., 2020; Liu et al., 2017b; Mo et al., 2025). Hormesis refers to a biological
phenomenon in which low doses of a chemical stressor trigger an over compensatory
response to initial damage, resulting in enhanced growth or reproduction (Stanley et al.,
2013). This effect typically follows a biphasic dose-response curve, characterized by
stimulation at low concentrations and inhibition at higher levels. For example, Jiang et al.
(2020) found that mixed exposure to four antibiotics, including TC and sulfamethoxazole,
significantly enhanced the productivity of Microcystis aeruginosa. Similarly, Liu et al. (2017b)
reported that a mixture of ciprofloxacin and sulfamethoxazole promoted the growth of
Microcystis aeruginosa and increased its photosynthetic activity. Moreover, Mo et al. (2025)
demonstrated that a mixture of three antibiotics, including SMT, could induce a stimulatory
effect on Scenedesmus obliquus, especially under stressful environmental conditions,
leading to excessive production of reactive oxygen species. This increase in reactive oxygen
species may trigger oxidative stress, which green algae counteract by enhancing the activity
of primary antioxidant enzymes, such as superoxide dismutase and catalase (Hong et al.,
2024). These findings highlight that the combined toxicity of antibiotics exhibits significant
dependency on the mixing ratio, concentration, and exposure duration (Zhao et al., 2023).
Given the complex effects of TC and SMT on algae, it would be valuable for future research
to conduct more comprehensive metabolomic analyses to gain a better understanding of the
dynamic metabolic responses of green algae under mixed antibiotic stress, including the

potential identification of hormetic patterns.
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3.4.3 Effects of single and combined antibiotic exposure on aquatic invertebrates

In the SMT and TC treatments, a significant increase in the abundance of several
zooplankton species was observed within one to two weeks of exposure (Fig. 3.4). These
organisms included multiple Daphnia species (Daphnia pulex, Daphnia longispina and
Daphnia sp.), as well as rotifers such as Mytilina mucronata and Lecane gr. Luna (Fig. 3.4).
We found some evidence in the literature that this pattern may result from a hormetic
response to the antibiotic concentrations used. Similar responses have been observed in
Daphnia exposed to various environmental contaminants such as pesticides, heavy metals,
and explosive compounds, suggesting that such hormetic effects may be relatively common
in aquatic organisms. Mechanistically, the hormetic response in Daphnia has been linked to
shifts in polyunsaturated fatty acid metabolism. In particular, exposure to low concentrations
of toxicants has been associated with increased accumulation of short-chain lipid molecules
and degradation of long-chain lipids, potentially contributing to the observed stimulatory
effects (Stanley et al., 2013). Similar metabolic responses may also be triggered by SMT
and TC in our study, potentially underlying the increased abundance observed in several

zooplankton taxa.

In the present study, such “hormetic effects” were observed at relatively high concentrations
of single-compound treatments in larger-bodied crustaceans such as Daphnia (the 10 pg/L
SMT treatment and the 150 pg/L TC treatment). In contrast, smaller-bodied rotifers,
including Mytilina mucronata and Lecane gr. Luna exhibited similar responses at much lower
concentrations, such as the 0.1 pug/L SMT treatment and the 1.5 pyg/L TC treatment. These
findings suggest that species- or size-specific sensitivity may influence the threshold
concentrations at which hormetic responses are triggered. A comparable pattern of low-dose
stimulation has also been observed in response to other environmental toxicants, however,
these toxicants belong to a different compound class than our investigated antibiotics. For
example, Schunck and Liess (2023) found that exposure to the insecticide esfenvalerate at
concentrations of <1/30 of its ECs, led to significant increases in biomass and abundance of
Daphnia magna over seven weeks. According to existing literature, the lowest observed
effect concentration (LOEC:1) of SMT for reproduction in Daphnia magna is 3,125 pg/L (De
Liguoro et al., 2009), while the reproductive ECs, of TC is approximately 10,000 pg/L (Kim
et al.,, 2012). In comparison, the concentrations at which the hypothesised hormetic
responses were observed in this study were approximately 1/300 (SMT) and 1/67 (TC) of
those respective values. This suggests that antibiotics may still cause substantial ecological
effects even at concentrations far below traditional toxicity thresholds. Moreover, the
hypothesised hormetic responses of these zooplankton species in our experimental system
gradually diminished as antibiotic concentrations decreased over time. However, such

declining exposure is not representative of natural aquatic environments, where organisms
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are often subjected to continuous and long-term exposure to contaminants which are

released, for instance, through wastewater treatment plant discharges.

In the mixture treatments, increased abundances of all Daphnia species were observed at
lower mixture concentrations, which may reflect hormetic-type responses. However, as the
concentration increased, these organisms gradually disappeared from the system, possibly
indicating that higher mixture levels led to mortality or inhibition of reproduction. Notably,
Alona sp. and Brachionus sp. did not show significant hormetic responses under individual
SMT or TC treatments but exhibited increased abundances in the mixture treatments from
Day 14 to Day 28 (Fig. 3.4). These results suggest that co-exposure to SMT and TC induced
stronger stimulatory effects on Alona sp. and Brachionus sp. compared to single-compound
exposures. Furthermore, the delayed responses observed in these two species suggest that

mixture toxicity may vary not only among species, but also over time.

In contrast to the clear responses observed in zooplankton, no significant effects were
detected on benthic macroinvertebrates under the single and mixture treatments. This may
indicate a higher tolerance of these taxa, or differences in exposure pathways such as limited
uptake from the water column. In addition, food consumption differed between TC
treatments, with significantly higher consumption observed at the high TC treatments (Fig.
S7). Notably, Gammarus abundance was higher in the TC 1.5 ug/L treatment, whereas total
benthic macroinvertebrate abundance did not differ significantly among the TC treatments,
indicating that food consumption was not directly driven by macroinvertebrate abundance.
This may be related to changes in the microbial community on leaf surfaces that enhanced
litter decomposition, potentially making the leaves more accessible to macroinvertebrates

as further discussed in Section 4.4.

Taken together, these observations raise important questions about the adequacy of
traditional ecotoxicological assessment approaches that primarily focus on lethal effects or
the inhibition of growth and reproduction, thereby overlooking potential ecosystem-level
disturbances caused by low-dose exposure. While hormesis offers one possible explanation
for the observed population increases, alternative mechanisms, such as changes in grazing
pressure on primary producers, cannot be ruled out and deserve further investigation. It is
therefore important to consider not only the direct effects of contaminants on individual
species, but also how such responses may be mediated through ecological interactions and
trophic dynamics. To better assess the environmental risks of pharmaceuticals at low
concentrations, future evaluations should incorporate more sensitive endpoints such as
LOECs for growth and reproduction, and apply ecological modelling approaches to identify
potential hormetic thresholds and nonlinear population-level responses.
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3.4.4 Effects of single and combined antibiotic exposure on microbial communities

In this study, we found that SMT significantly affected microbial communities at
environmentally relevant concentrations. Even at a dosing concentration as low as 0.1 pg/L,
SMT induced changes in the aquatic microbial community structure on Day 3 of exposure.
Additionally, significant effects were observed on the sediment microbial community on Day
7 (Fig. 3.5). These results are consistent with previous findings by Yergeau et al. (2010)
and Kergoat et al. (2021). Yergeau et al. (2010) reported that exposure to 0.5 pg/L SMT for
eight weeks induced transcriptional changes in biofilm microbial communities, while Kergoat
et al. (2021) found that SMT at 0.5 and 5 pg/L significantly altered bacterial community
structure within stream biofilms over 28 days of exposure. In contrast, TC at 1.5 pg/L did
not cause significant changes in microbial community structures in either water or sediment.
However, when the concentration increased to 15 and 150 pg/L, the community structure
exhibited significant changes. Similarly, Zhang et al. (2013) reported that the microbial
diversity in a sequencing batch reactor peaked at a TC concentration of 1 pg/L, but diversity
significantly decreased when the concentration increased to 50 and 100 pg/L. These findings
suggest that antibiotics, even at sub-inhibitory concentrations, can rapidly alter microbial
communities in natural water environments, potentially impacting the ecological processes

they support.

Beyond community-level changes, we also examined responses of specific bacterial taxa,
including both sensitive and resistant genera in the water column and sediment. Rickettsiella
was the most significantly responding genus in the water column. Further analysis revealed
that this increase was primarily attributed to ASV_32651444. Using the NCBI 16S rRNA
BLAST, this ASV was identified as Rickettsiella massiliensis-like (98.6% similarity, 100%
query coverage). Rickettsiella massiliensis was originally isolated from the hard tick Ixodes
ricinus and is commonly found in various arthropods, including insects and ticks. Typically,
Rickettsiella spp. are considered intracellular symbionts or pathogens of various arthropods,
including insects and crustaceans (Fryer and Lannan, 1994). However, in our study, changes
in the abundance of ASV_32651444 did not correlate with changes in Daphnia or total
zooplankton abundance, suggesting that the observed increase of this ASV cannot be readily
explained solely by variation in these taxa, as Rickettsiella may be associated with a broader

range of hosts than those quantified here.

In sediments, different antibiotic treatments exhibited distinct effects on sensitive taxa. For
instance, the SMT treatments decreased the relative abundance of Thermobacillus,
Pseudonocardiaceae_unidentified, and Planifilum compared to the control, while the TC
treatments  significantly reduced the relative abundance of Bacillus and

Bacillales_unidentified. In the mixture treatments, the relative abundance of Bacillus and
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Nitrososphaeraceae_unidentified also showed significant reductions. Notably, Bacillus has
demonstrated varying antibiotic sensitivity in different environments. For example, Bacillus
cereus is known to possess multidrug resistance (Cha et al., 2023). However, in our study,
the relative abundance of Bacillus significantly decreased in the mixture treatments,
indicating an increased sensitivity to specific antibiotic combinations. On the other hand,
resistant genera exhibited consistent patterns across treatment groups. For instance, the
relative abundances of Vicinamibacterales_unidentified, Pirellula, and Nitrospira consistently
increased under various treatments compared to the control. This suggests that these
genera may exhibit intrinsic tolerance or reduced susceptibility , have readily acquired
resistance genes, or exhibit strong ecological adaptability in response to antibiotic pressure.
Further studies employing metagenomic analysis could investigate whether these resistant
taxa harbour or acquire resistance genes and assess their association with mobile genetic
elements. This would help elucidate resistance mechanisms and potential pathways for the

spread of resistance genes.

The observed microbial community shifts were further reflected in ecosystem functions, such
as leaf litter decomposition. By the Day 28, the decomposition rates in nearly all antibiotic-
treated groups were higher than in the control group (Fig. S8). In contrast, no significant
differences in leaf litter decomposition were observed among the treatment groups on the
Day 14. This finding partially aligns with Paumelle et al. (2021), who found that treatment
with 5 pg/L sulfamethoxazole and SMT in a microcosm experiment did not significantly affect
leaf decomposition after 16 days of exposure. In our study, significant increases in leaf
decomposition were only observed on the Day 28. Although antibiotics did not significantly
influence leaf decomposition within 16 days in a study of Paumelle et al. (2021), they did
stimulate the activity of specific B-glucosidase enzymes in the leaves. B-glucosidases
catalyze the hydrolysis of terminal B-D-glucosidic linkages, breaking down cellobiose and
other small oligomers containing B-D-glucosidic bonds into monosaccharides (Deshpande
and Eriksson, 1988). Enhanced enzyme activity often indicates an increased rate of cellulose
degradation. Additionally, as discussed earlier, the increased relative abundance of
Vicinamibacterales_unidentified and Pirellula in sediments may also contribute to the
observed increase in leaf decomposition rate, given that some species within these genera
have been identified as potential degraders of cellulose and polysaccharides (Klimek et al.,
2024; Yadav et al., 2023). Besides these specific genera, the stimulatory effects of
antibiotics on other bacteria might also play a role in promoting the leaf litter decomposition

process (Paumelle et al., 2021).
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Figure 3.7. Cartoon of possible modes of action for SMT-TC interactions that function antagonistically in
bacteria by altering membrane permeability, increasing efflux pump activity, and inducing nonoptimal
regulation of cellular processes.

It is noteworthy that, in our study in water column, the combined exposure of SMT and TC,
even at varying concentrations, did not significantly impact the microbial community
composition. SMT competitively inhibits dihydropteroate synthase, blocking dihydrofolate
synthesis and disrupting bacterial DNA synthesis (Mulla et al., 2023), while TC binds to the
30S ribosomal subunit, preventing aminoacyl-tRNA association and thus inhibiting protein
synthesis and bacterial growth (Daghrir and Drogui, 2013) (Fig. 3.7). However, studies have
shown that combining DNA and protein synthesis inhibitors can unexpectedly accelerate
bacterial growth. Bollenbach et al. (2009) proposed the theory of nonoptimal regulation of
ribosomal gene expression under DNA stress, stating that when DNA replication is inhibited,
cells tend to maintain high levels of protein synthesis, leading to an imbalance in resource
allocation and consequently restricting growth (Fig. 3.7). In contrast, suppressing protein
synthesis with ribosomal inhibitors can alleviate the metabolic burden, freeing up resources
for DNA repair and essential growth processes, thereby promoting bacterial recovery.
Therefore, combining DNA and protein synthesis inhibitors may paradoxically enhance

bacterial growth by mitigating the misallocation of resources.

Similar phenomena have been observed with other antimicrobial combinations, where

antagonistic interactions were more common than synergistic ones, particularly when drugs
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targeting different cellular processes were combined (Brochado et al., 2018). In E. coli
experiments, Brochado et al. (2018) found that 14 out of 16 drug combinations with
gentamicin or ciprofloxacin reduced intracellular antibiotic concentrations by either
decreasing membrane permeability, thereby inhibiting proton-motive force-driven uptake,
or by increasing the expression of the AcrAB-TolC efflux pump (Fig. 3.7). This reduction in
intracellular levels weakened the antibacterial effects of combined therapy. Given the
frequent occurrence of such antagonistic interactions, similar mechanisms may explain the
lack of microbial community effects observed with SMT and TC co-exposure. To further
illustrate this hypothesis, we have depicted the potential antagonistic mechanisms

associated with SMT and TC co-exposure in Fig. 3.7.

Apart from that, interestingly, PCA results showed that microbial community structures were
more similar in the mixture treatments to those in the TC treatments, while clearly separated
from those of the SMT treatments. This pattern was consistently observed in both the water
column and the sediment and was particularly evident on Day 14 (Fig. 3.6). Although SMT
can induce strong community perturbations even at low concentrations, its influence did not
dominate the community trajectory under co-exposure. This suggests that the presence of

TC likely altered the SMT-induced direction of community development.

Based on the known mechanisms of action of SMT and TC at the bacterial level, we propose
that TC may not have exerted higher toxicity in this context, but rather acted as a regulatory
factor that actively modified the trajectory of community responses. This role may involve
not only buffering the intensity of the disturbance but also reshaping the way microbial
ecosystems respond to antibiotic mixtures. As a result, the microbial community structure
under co-exposure does not appear to be a simple extension of either single-compound
effect, but rather reflects a distinct interaction-specific state. This finding highlights the
importance of identifying not only the individual toxicities of compounds in mixture scenarios,

but also the regulatory roles they may play in shaping ecological outcomes.

3.5 Conclusions

This study employed a microcosm approach to systematically assess the ecological impacts
of SMT and TC at environmentally relevant concentrations, both individually and as a mixture.
The results revealed differential sensitivities among biological groups, with nonlinear,
hormetic, and interactive responses across trophic levels. Notably, mixture treatments led
to community shifts that were not consistent with simple additivity, highlighting the presence

of complex biological interactions. In particular, microbial communities in the water column
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exhibited clear antagonistic responses under mixture exposure, highlighting the complexity
of antibiotic-antibiotic interactions. Furthermore, significant ecological disturbances
occurred even at concentrations far below conventional toxicity thresholds. These findings
underscore the importance of incorporating ecologically relevant endpoints and explicitly

considering chemical interactions in future environmental risk assessment frameworks.

Environmental implication

This study employed a microcosm approach to systematically assess the ecological impacts
of sulfamethazine and tetracycline at environmentally relevant concentrations, both
individually and as a mixture. The results revealed differential sensitivities among biological
groups, with nonlinear, hormetic, and interactive responses across trophic levels. In
particular, microbial communities in the water column exhibited clear antagonistic responses
under mixture exposure, highlighting the complexity of antibiotic-antibiotic interactions.
Furthermore, significant ecological disturbances occurred even at concentrations far below
conventional toxicity thresholds. These findings underscore the importance of incorporating
ecologically relevant endpoints and explicitlyconsidering chemical interactions in future

environmental risk assessment frameworks.
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Abstract

Triclosan is a widely used antimicrobial agent frequently detected in aquatic environments.
Although its effects on environmental microorganisms have been extensively studied,
findings often remain inconsistent due to variations in experimental setups and sediment
characteristics. Comparative studies that assess microbial responses across different
sediment types, however, are still scarce. Here, we employed a microcosm approach to
assess triclosan-induced changes in microbial communities colonizing natural (pond and
ditch) and OECD artificial sediments, aiming to compare microbial responses across
sediment types and to identify environmental factors influencing triclosan effects. Natural
sediments were collected from uncontaminated waterbodies, while artificial sediments were
prepared following OECD guidelines and incubated for one month in pond and ditch sites,
while natural sediments remained at their original locations. Following incubation, all
sediments were exposed to triclosan (up to 1000 pg/L, resulting in a maximum sediment
concentration of almost 1000 ng/g) under controlled laboratory conditions for seven days.
Microbial community shifts were assessed using 16S rRNA gene sequencing. The results
showed significant differences in microbial community composition between ditch and pond
sediments, as well as within water bodies, between natural and OECD sediments. Following
triclosan application, microbial communities in the sediment of the OECD ditch, natural ditch,
and natural pond groups exhibited significant differences compared to the control treatment
at the highest concentrations (380 ng/g, 643 ng/g, and 661 ng/g, respectively). Several
bacterial families known for triclosan degradation or resistance increased in relative
abundance. Redundancy analysis indicated that water nutrient concentrations and sediment
organic matter content significantly influenced microbial responses to triclosan exposure.
Nutrient-rich environments supported greater microbial complexity and resilience, while
high organic matter likely reduced triclosan bioavailability through adsorption. Overall, this
study underscores the importance of both sediment characteristics and overlying water
conditions in modulating microbial sensitivity to emerging contaminants. Our findings
highlight the need to account for environmental heterogeneity when designing experiments
and conducting ecological risk assessments for chemical pollutants.
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4.1 Introduction

Triclosan has broad-spectrum antimicrobial activity against most Gram-negative and Gram-
positive bacteria (Jabtonska-Trypu¢, 2023). It inhibits bacterial growth by inhibiting fatty

acid synthesis through the inhibition of the enzyme enoyl-acyl carrier protein reductase
(DeLorenzo et al., 2008). As a result, it is widely used in personal care products, household
items, medical devices, and clinical settings (Milanovi¢ et al., 2023). However, as awareness
of triclosan’s endocrine-disrupting potential and its role in promoting microbial resistance
has grown, the United States, the European Union, and Canada have gradually banned or
restricted its use since 2017 (EU, 2016; Food and Drug Administration, 2017; Gray et al.,
2020). Despite these measures, triclosan is still present in many consumer products, as
many countries have not yet banned its use. High concentrations of triclosan have frequently
been detected in raw wastewater and surface water in countries such as Spain, Thailand,
China, India, and South Africa (Milanovi¢ et al., 2023). It is speculated that due to
incomplete and/or insufficient removal by wastewater treatment plants, triclosan can enter
surface water, groundwater, and soil through municipal and industrial effluents (Huang et
al., 2014). During the COVID-19 pandemic, the use of triclosan-based disinfectants
increased significantly, leading to a notable rise in environmental emissions and raising

concerns about increasing pollution (Adhikari et al., 2022).

Due to its high octanol-water partition coefficient (log Kow = 4.76), triclosan can be widely
distributed across various environmental media, including water and sediment (Gray et al.,
2020), aquatic organisms (Lu et al., 2019), and various human tissues (Brauner et al., 2022),
after being released into the environment through (treated) wastewater discharge (Barrett
et al., 2022). In environmental matrices, triclosan has been observed to persist for extended
periods, particularly under anoxic conditions (Chalew and Halden, 2009). It has been
reported that triclosan has a predicted half-life of 120 days in soil, which extends to 540
days in sediments (Ying et al., 2007). Due to the high capacity for accumulation, sediments
are considered an important sink for triclosan (Huang et al., 2015). For instance, triclosan
concentrations ranged from 345 to 1,329 ng/g in sediments from the Pearl River system in
China (Zhao et al., 2010). In a tributary of the Rhine River, triclosan concentrations in
sediments were found to be as high as 450 ng/g (Kronimus et al., 2004).

To date, multiple studies have reported aquatic environmental risks of triclosan (Do et al.,
2024; Kumar et al., 2021; Ricart et al., 2010). Triclosan exhibits acute toxicity to various
aquatic species at concentrations ranging from micrograms to milligrams per liter (Do et al.,
2024; Kumar et al., 2021). Additionally, triclosan has been shown to significantly reduce
bacterial abundance in river biofilms at environmentally relevant concentrations (Ricart et

al., 2010) and alter benthic microbial communities (Drury et al., 2013b; Peng et al., 2019).
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Sediments serve as important reservoirs for carbon and other substances, characterized by
high biomass and diversity of the microbial community (Liao et al., 2021). Microorganisms
in sediments act as key drivers of biogeochemical cycles, playing critical roles in organic
matter decomposition, humus synthesis, material transformation, and energy transfer
(Frade et al., 2020). Therefore, it is crucial to understand the effects of pollutants on these
microorganisms for the protection of these systems. However, the specific effects of triclosan
on sediment microbial communities under different environmental conditions remain

inadequately studied, particularly in sediments from different water sources.

It is well known that the physicochemical properties of sediments, such as grain size and
organic matter content, impact the fate of chemicals, e.g. their partitioning in pore water
and bioavailability (OECD, 2021). Consequently, sediment toxicity tests conducted with
different sediments, whether collected from the field or artificially prepared, may yield
different results. Toxicity testing using field-collected sediments may reflect site-specific
characteristics, but due to the variability in sediment properties, the applicability of these
results to other sediment locations may be limited. To improve the consistency of sediment
toxicity test results across different tests or laboratories, it is recommended to use
standardized, formulated sediments that meet the specific requirements of test organisms
for triclosan spiking studies (OECD, 2023). While such OECD sediments provide a controlled
and reproducible matrix for toxicity testing, their microbial colonization and response to
pollutants may differ from those of natural sediments. Therefore, a comparative assessment
is necessary to evaluate the ecological relevance of test results obtained from artificial
sediments. We hypothesized that microbial community responses would vary depending on
sediment origin and environmental context, with natural sediments possessing higher
microbial diversity and potentially exhibiting greater sensitivity to triclosan exposure at
lower concentrations compared to OECD artificial sediments. To more fully understand the
impact of sediment type and triclosan exposure on benthic microbial community composition,
we used small microcosms containing sediments from two different water bodies (a pond
and a ditch) or artificially prepared sediment, following OECD guidelines. The microcosms
were placed into each of the two water bodies to allow for natural microbial colonization and
subsequently exposed to triclosan. This experimental design aimed to investigate the effects
of triclosan on microbial communities in sediments and waters of different sources and types
in order to 1) evaluate how microbial communities respond to triclosan exposure, 2) assess
whether those responses differ between waterbodies and sediment type, and 3) evaluate
the suitability of using in situ colonized artificial OECD sediment for assessing of the effects
of pollutants on microbial communities. Together, these objectives aim to inform ecological
risk assessments by elucidating the influence of environmental heterogeneity on microbial
sensitivity to triclosan, and unlike previous studies that focused on single sediment types or

specific experimental systems (Drury et al., 2013b; Peng et al., 2019), this study provides
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a systematic comparison of microbial community responses to triclosan in both natural and
OECD artificial sediments under environmentally relevant conditions. By linking microbial
shifts to overlying water and sediment physicochemical properties, our work enhances
understanding of how sediment characteristics influence microbial sensitivity to triclosan and
improves the ecological relevance of toxicity assessments.

4.2 Materials and methods

4.2.1 Microcosm setup

In this microcosm experiment, we used 84 glass beakers (with a volume of 500 ml)
containing a 2 cm sediment layer (approximately 200 g wet-weight of sediment) and a 300
ml water layer. The sediment layer in the microcosms consisted either of natural sediment
collected from two water sources or artificial sediment. The artificial sediment was prepared
according to OECD guidelines 218 (OECD, 2023) and is referred to as OECD sediment.
Natural freshwater sediments were collected from a pond with sandy sediment on the
campus of Wageningen University & Research (referred to as Natural Pond sediment, NP;
51°59'15.9"N 5°40'06.1"E), and a ditch with sediment containing a high clay fraction at the
experimental field station Sinderhoeve (referred to as Natural Ditch sediment, ND;
www.sinderhoeve.org; 51°59'56.2"N 5°45'18.8"E).

The upper 5 cm of the natural sediment from each core was sliced, and large particles such
as leaves, rocks, and macrophytes were removed. The collected sediment from each site
was thoroughly mixed and then distributed across the respective microcosms. The OECD
sediment was composed of 4 to 5% (dry weight, d.w.) peat, 75% (d.w.) quartz sand and
20% (d.w.) kaolinite clay. Deionized water was added to obtain sediment with a water
content in the range of 30-50%. To adjust the pH of the final mixture of the sediment to 7.0
+ 0.5, calcium carbonate of chemically pure quality (CaCOs) was added (OECD, 2023).

After the two different natural sediments were added to half the microcosms and artificial
sediment to the other half, each microcosm was covered with gauze with a 2 mm mesh to
prevent disturbance from macroinvertebrates and other large aquatic animals. We
submerged the microcosms with natural sediment in their corresponding waterbody and also
added half of the microcosms with OECD sediment to each waterbody, allowing for
microorganism colonization for one month. After this period, the microcosms were retrieved
from the field sites and consisted of a natural or OECD sediment layer and an unfiltered

water layer of pond or ditch water. The combination of two sediment types (OECD sediment

85



Chapter 4

and natural sediment) and two water sources (the pond and ditch) used for the microcosm

colonization resulted in 4 sediment*water groups, as shown in Table 4.1.

Table 4.1. Set-up of the microcosms and colonization location and corresponding treatment groups

Ty;_)e of Water source Locat_lon _for Treatment groups
sediment colonization .
(sediment*water groups)
OECD sediment Pond Pond OECD*Pond (OP)
OECD sediment Ditch Ditch OECD*Ditch (OD)
Pond sediment Pond Pond Natural*Pond (NP)
Ditch sediment Ditch Ditch Natural*Ditch (ND)

Microcosms were transferred to the laboratory and placed in a water bath maintained at
15 °C. We maintained gentle water movement in the microcosm by some light aeration. To
prevent excessive algae growth and avoid photolysis of triclosan in subsequent procedures,
average light conditions were maintained at 10 yE/m?2/s. Microcosms were acclimatized in

the laboratory for a period of seven days before exposure to triclosan.

4.2.2 Triclosan exposure

After the acclimatization period, triclosan (Ci2H7Ci302, 99.8 % Purity (HPLC), purchased as
Irgasan from Sigma-Aldrich.) was spiked into the water column of the microcosms to achieve
concentrations of 0 (controls), 10, 30, 100, 300 and 1000 ug/L. The stock solutions were
made by dissolving triclosan in acetone. The volume of acetone in the microcosms was below
0.1 ml/L, and each microcosm received the same amount of acetone. The controls received
the same amount of acetone (solvent control) or demineralized water (water control). The
dosing solutions were applied using a pipette and gently mixed throughout the water column.
Each treatment had two replicates, and the two control treatments (water control and
solvent control) had four replicates, resulting in a total of 72 microcosms. The exposure
period was set to seven days, aiming to evaluate short-term microbial community responses

to triclosan.

4.2.3 Abiotic water properties and sediment sampling

Water quality indicators, including pH, dissolved oxygen (DO), temperature (T) and electrical
conductivity (EC), were measured by a HACH multimeter (HQ40d) at the start (Day 0) and
the end of the experiment (Day 7). Nutrient concentrations, including total nitrogen (TN),
total phosphorus (TP), nitrate & nitrite, orthophosphate and ammonia, were analyzed by a

segmented flow analyzer (Skalar 5100 Autoanalyser, Breda, The Netherlands). The
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chlorophyll-a concentrations, indicative of algal biomass, were measured across different

treatments by using a PHYTO-PAM phytoplankton analyzer (Heinz Walz, Effeltrich, Germany).

Sediment samples for the microbial composition analysis, organic matter content and
triclosan concentration were collected before exposure (Day 0) and at the end of the
experiment (Day 7). Sediment samples were collected by first gently removing the water

layer with a syringe, and then the sediment was stored frozen at -20 °C until further analysis.

4.2.4 Triclosan extraction and analysis

Prior to extraction, 100 uL of 1 mg/L triclosan internal standard (*3Ci2-triclosan; Cambridge
Isotope Laboratories, Andover, USA) was added to 1.0 g of freeze-dried sediment. The
mixture was thoroughly vortexed and stored at 4 °C overnight to allow equilibration. The
next day, the spiked sediment samples were extracted three times with methanol using
ultrasonication. Each extraction used 10 mL of methanol and was performed for 15 minutes.
The three extracts were combined and diluted with Milli-Q water to reduce the methanol
concentration to 10%, then acidified with 120 pL of 4 M H,S0O, and mixed well.

Oasis HLB cartridges (200 mg, 6 mL) were conditioned with 10 mL methanol followed by 10
mL of Milli-Q water. The diluted extracts were passed through the cartridges at a flow rate
of 5-10 mL/min. After filtration, the cartridges were dried under vacuum and analytes were
eluted by three successive additions of 4 mL ethyl acetate. The eluates were collected in
glass tubes and evaporated using a SpeedVac Vacuum Concentrator (Thermo Fisher
Scientific, USA) at 40 °C. The dried residues were reconstituted in 1 mL of methanol, filtered
through a 0.45 pm organic phase filter membrane, and stored in a 2 mL amber vial at -

20 °C until analysis.

Triclosan was quantified using an Agilent 1200 series ultra-high-performance liquid
chromatograph (Agilent, USA) coupled to an Agilent 6460 triple quadrupole mass
spectrometer equipped with electrospray ionization operated in both positive and negative
ionization modes (UHPLC-ESI-MS-MS). Detailed instrumental parameters and quantification

procedures are provided elsewhere (Huang et al., 2022).

4.2.5 Organic matter content and the adsorption capacity of triclosan in sediment

Organic matter content was measured for each treatment group at three time points: prior
to in situ colonization (four replicates), after a 30-day colonization period (five replicates),
and following 7 days of laboratory exposure (eight replicates). Ten grams of fresh sediment
(Mfs) from each sediment sample was added to pre-ignited crucibles (M¢) and put in the

drying oven at 105 °C for 16 h. The weight of sediment including the crucible after drying
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was recorded (Mq). After that, the crucibles with sediments were put in a furnace at 550 °C
for three hours. After cooling in a desiccator, the weight of the sediment and crucible was
recorded after ignition (Mi). To control for potential weight changes unrelated to sediment
content, blank crucibles were subjected to the same drying and ignition steps. No detectable
change in crucible mass was observed across heating steps, confirming the stability of the
measurement system. All samples and blanks were weighed using a precision analytical
balance (£ 0.1 mg). The percentages of water content (Ww) and organic matter (I;) were
calculated by the following formulas:

ww =522 %100 (1)
li= % x 100 (2)

where Wy is the water content (% m/m); Ii is the loss-on-ignition on basis of oven-dry
sediment (%, m/m); Mg is the mass of crucible with oven-dry sediment (g); Mc is the mass
of empty crucible (g); Ms is the weight of fresh sediment (10 g per sample); and M; is the

mass of crucible with ignited sediment (g).

The percentage of adsorbed triclosan to sediment was calculated as follows:

TCad = Ct X Vw 3)

Wds = Wfs x (100 — Ww) (4)
100
. o — Ccm x Wds
Adsorption % Teadx100s X 100 (5)

here TCad is the added mass of triclosan in each microcosm (pg); C: is the nominal
concentration of triclosan in each microcosm (pg/L); Vw is the volume of water in each
microcosm (L); Wgs is the dry weight of sediment in each microcosm (g); Cm is the measured
triclosan concentration in sediment (ng/g, dry weight basis).

4.2.6 16r RNA gene sequencing and microbial community data analysis

The total DNA was extracted from sediment samples using the DNeasy PowerSoil Kit
(QIAGEN, Germany) following the manufacturer's protocol. The V4 region of the 16S rRNA
gene was amplified using barcoded primers 515F and 806R (Walters et al., 2016), as
described in Zhang et al. (2022). Each 50 pL PCR reaction contained HF Green buffer,
Phusion Hot Start II DNA Polymerase (Thermo Fisher), 500 nM of each primer and dNTPs,
10 ng template DNA, and nuclease-free water. The PCR cycling protocol was: 98 °C for 30
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s; 25 cycles of 98°C for 10 s, 50°C for 10 s, 72°C for 10 s; and a final extension at 72°C
for 7 min. Products were checked on 1% agarose gel, amplified in duplicate, pooled, and
purified with CleanPCR beads (cleanNA). DNA concentrations were measured with Qubit
(Thermo Fisher), and equimolar amplicons, along with positive and negative controls, were
sequenced on the HiSeq2000 platform (Eurofins Genomics, Germany).

The obtained raw reads were processed with NG-Tax 2 (Poncheewin et al., 2020), including
primer filtering, ASV picking, and taxonomic assignment using the SILVA 138 database
(Capella-Gutiérrez et al., 2009). A 0.1% abundance threshold was applied to remove low-
frequency ASVs. Output Biological Observation Matrix (BIOM) and tree files were imported
into phyloseq, and subsequent analyses were performed using the phyloseq and microbiome
R packages. Mitochondrial, chloroplast, and archaeal sequences were removed prior to
analysis. The remaining ASV table was then rarefied to the minimum sample depth of 21,220

reads to ensure comparability across samples.
4.2.7 Statistical analyses

Multivariate analyses (Principal Component Analysis, PCA; Redundancy Analysis, RDA) and
Monte Carlo permutation tests were performed to test the significance of the treatment
variation and environmental variables on microbial community composition and visualized
using Canoco 5 (ter Braak and Smilauer, 2012). Given the limited number of replicates
available to assess the effects of triclosan concentration on the microbial community, the
scores from the first principal axis of the PCA were used for statistical analysis with the
William’s test. The rationale for using the values of the first principal axis was provided by
Van den Brink et al. (1996).

The differences in water quality, nutrients and organic matter between different
sediment*water groups were statistically compared using control samples (not individually
specified in the results section) and analyzed with One-Way ANOVA or Dunnett T3 in IBM
SPSS Statistics (v.28.0, Chicago, SPSS Inc.). A forward selection method using RDA and
Monte Carlo permutation tests was employed to identify the key environmental factors
influencing microbial community composition. Additionally, the difference between water
control and solvent control groups was analyzed using a Monte Carlo Permutation test based
on RDA. The difference in Shannon diversity between sediment*water groups was tested

using the Dunnett T3 test in IBM SPSS due to heterogeneity of variance.

89




Chapter 4

4.3 Results

4.3.1 Water and sediment quality

4.3.1.1 Water quality parameters, nutrients and chlorophyll-a

The water quality parameters (including DO, pH, water temperature and EC) did not exhibit
significant differences across the different triclosan concentrations within each
sediment*water treatment group (P > 0.05) (Fig. S1). However, the EC was notably higher
in the pond groups (OP and NP groups) compared to the ditch groups (OD and ND groups)
(P < 0.05), with values following the order OP > NP > OD > ND (P < 0.05). Additionally,
the pH in the ND group was significantly lower than that in the other three groups (P < 0.05)
(Fig. S1).

Notably, the levels of total nitrogen and ammonia in the pond water were significantly higher
than those in the ditch water (P < 0.05) (Fig. S2). The nitrate and nitrite concentrations
were highest in the NP group and lowest in the OD group, with values below the detection
limit. The concentrations of orthophosphate in the ND group were the highest, significantly
exceeding those of the other three groups (P < 0.05) (Fig. S2). In contrast, the ND group
exhibited the lowest total phosphorus content (P < 0.05). Additionally, a notable trend
emerged, with the levels of nitrate & nitrite sharply declining in all groups (except the OD
group) when triclosan nominal concentrations exceeded 300 ng/L, approaching zero (Fig.
S2).

The application of triclosan had no impact on chlorophyll-a in any of the sediment*water
groups (P > 0.05, Fig. S3). However, chlorophyll-a concentrations in the ND group were

significantly lower than those in the other groups (P < 0.05).

4.3.1.2 Organic matter in sediment

The initial OECD artificial sediment had an organic matter content of 3.9% (Table 4.2).
However, the pond sediment was primarily sandy, while the ditch sediment was loamy, with
organic matter contents of 0.52% and 2.06%, respectively. After one month of field
microbial colonization and seven days of laboratory incubation, the organic matter content
in the OD and OP group sediments was 3.4% and 3.5%, respectively, which was significantly
higher than in the NP and ND groups (P < 0.05). At the end of the acclimatization, the ND
group had an organic matter content of 2.0%, while the NP group had the lowest at 0.80%.
Interestingly, by the end of the experiment, the organic matter content in all sediment
groups had increased substantially by 6.0%, 6.0%, 3.4% and 1.2% in the OD, OP, ND and
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NP groups, respectively. No significant dose-response relationship was observed between

triclosan and organic matter in the sediment*water groups (P > 0.05, Fig. S4).

4.3.2 Triclosan in sediments

The triclosan spiking recovery test showed that the extraction recovery rate of triclosan in
this study ranged from 102% to 120%. After seven days of exposure, the OP group had the
highest triclosan sediment concentrations among the four groups, ranging from 11 to 916
ng/g (Table 2). Based on the amount of triclosan added, the amount adsorbed to the OP
group sediment was calculated to range from 36% to 46%. The ND and NP groups followed,
with triclosan concentrations ranging from 10 to 643 ng/g and 9 to 661 ng/g, corresponding
adsorption of 24% to 37% and 27% to 40%, respectively. The OD group showed the lowest
triclosan concentrations in sediments, ranging from 10 to 380 ng/g, with adsorption between
17% and 46% (Table 2).

4.3.3 Microbial community composition in sediments

A total of 15,027,904 reads were obtained by sequencing, with 1,902 ASVs being annotated.
After normalization, each sample retained 21,220 reads. 34 bacterial phyla and 183 families
were annotated across all samples. 14, 20, 27, and 23 bacterial phyla were annotated in the
sediments of the OD, OP, ND, and NP groups, respectively, with phylum Proteobacteria being
the most abundant in all groups (ranging from 35% to 68%), followed by Bacteroidetes
(ranging from 10% to 18%) (Fig. 1). In addition, a high relative abundance of Firmicutes
was found in the OD group, ranging from 23% to 24%. Monte Carlo permutation tests
revealed that the microbial community phylum composition of the four sediment*water
groups (i.e. OD, ND, OP and NP) significantly differed (P < 0.05).

The analysis of the alpha diversity of microbial composition in control groups, as shown in
Fig. S5a, revealed significant differences in the Shannon diversity index at ASV level among
the four sediment*water groups (P < 0.001), with the diversity ranking as follows: ND >
NP > OP > OD. The microbial community composition in the water-control and solvent-
control differed significantly in the OD group (Fig. S6, Monte Carlo Permutation test, P <
0.05). Therefore, the solvent control was used as a reference in all subsequent comparisons

for all groups.

91




6

(3uswipas @D30) uone.edaud 40 (SJUBWIPAS |BINJBU J0J) UOIFID|[0D JDR SWSODI04DIW DY Ul pRONPOJIUl JUBWIPSS ‘P

6/6u € < DO1 D
‘6/6u T < @019

*JUBWIPaS 9y} 03 pagJospe sem jeyy uesodly paijdde jo abejusdiad ay] ‘e

(¢ Aeq)
$1°0 FCP'E 8T'0 F ¥C'T £0°0 ¥ 009 GE'0 ¥ 509 juswiadxa
Jo pug
(%)
(o0 Aeq@) uo Janew
L0'0 F66'T €1°0 ¥ 080 ST'0 ¥ G€'€ 9T1'0 ¥ 8v'€ 1rezijewypoe  oluebio
131y
$1°0 ¥ 90°'C 20°0 ¥ 250 90'0 F 68'¢C pp31ea.13-21d
6'C F 9°CE 6'C F 9°CE S0 F 8'€€ LV'TF STV (%) 3us3U0d JD3eM
%8'ET 0'ST ¥ €v9 %L'6T e F 199 %897 1'0T ¥ 08¢ %8'SE 6'LY F L16 000T
%8’ T 8%'S F 10T %0°'9€ 0T'€ ¥ 0bC %T'HT L'ET F ¥9T %9°9€ L'vT F 78T 00€
%T'ST S0'€ F6°£9 %P’ 6T €6'S ¥ 6'S9 %t 0T TLTFE %L'9E 1€V F T¥6 00T
%T'6C 9C'T F L'€T %L'LT 9¢'T ¥ 6'8T %6°'ST 8€'E F9U/LT %T 9t 92'C ¥ §'S¢€ 0€
%T'LE T F 10T %8'6E 8€'0 ¥ 98'8 %L'St SE'9 F +'0T %S bt IT'CF V1T ot
- aol > - > 4o1 > - 001 > q 001 > 0
(6/6u) (6/6u) (6/6u) (6/6u)
jusawipas jusawipas
uondiospy JuawiIpas ul uondiospy JudWIpas ul uondiospy Ul u euondiospy ulu

uoneIIUadU0D

uoneIIuadU0)

0l3e43U0U0)

6r) uonyesyuaduod
013BeJ13UadU0) (1/6r1) uones

UoUp U1

puod ug

yop uI

|eulwoN
puod ug

juswlipas |ednjeN

JuBsWIPas dd30

*JUBWIIRAXD WS0D204D1W dY3 JO JUDBWIPS JO S9dA] JuaJa4Ip ul Jusjuod Ja33ew djuebuao ayj pue (£ Aeq) Juswiadxs
93 JO pud 3y3 Je painNseaw SWS0204d1w Y3 Ul (%) uondiospe buipuodsaliod s yum (3ybiam Aip 6/6u) Juswipas ayj ul UBSO|I1] JO SUOIIRIIUDDUOD "' dlqel

¥ 191deyd



The effects of triclosan on microbial communities in different sources of water and sediments

Relative Abundance of Top 10 Phyla

Phylum

. Ignavibacteriae
. Spirochaetae
[ Actinobacteria
[T Acidopacteria
. Verrucomicrobia
[ chiorofiexi

[T others

B crenovacteria 4
[T Firmicutes

. Bacteroidetes
. Proteobacteria

1

o

0

I3 ~
=} a

Relative abundance (%)

N
a

0

o o o o o o o o o o o o o o o o o o o o

‘— (") o o (=3 ‘— (") o o (=3 ‘— (") o (=3 (=3 F ("’ o o (=3

o T2 e % o 2 O 2 e % ol d 92 % ol T8

ol =] =] =] =]
6 6 o o g 2 2 2 2o S & o o 2 £ o o 1

zZ zZ o

o o § z z g © o 3 =

Treatment

Figure 4.1. Mean relative abundance of the top 10 most abundant microbial phyla in the microcosm
under triclosan treatment (0, 10, 30, 100, 300 and 1000) in different sediment*water groups (OD, ND,
OP and NP) collected at the end of the experiment (Day 7). The triclosan treatment is based on the
water's nominal triclosan (TCS) concentrations (pg/L). Abbreviations of sediment*water groups stand for
OECD*Ditch (OD), Natural*Ditch (ND), OECD*Pond (OP) and Natural*Pond (NP). Less abundant phyla
were aggregated into “Others”.

4.3.4 Effects of triclosan on microbial community

The RDA showed that triclosan application accounted for 38% to 48% of the total variance
in community composition across all four sediment*water groups. Additionally, the first two
biplot axes together explained 24% to 33% of the variation in the bacterial community
composition caused by triclosan (Fig. 4.2). Triclosan significantly affected the bacterial
community composition of OD, ND and NP groups at the highest concentration (Williams
test, NOEC = 300 pg/L, P < 0.05). However, in the OP group, triclosan treatment had no
significant impact on the bacterial community composition (P > 0.05). In line with this
observation, triclosan treatments did not significantly affect the Shannon diversity index as
a measure of microbial alpha diversity at the ASV level in any sediment*water groups (Fig.
S5b, P > 0.05).

Based on the results of RDA, the bacterial families that showed the largest response in the
higher triclosan treatments (300 pg/L and 1000 pg/L) in each group are listed in Table S1.
Interestingly, among the top 20 bacterial families displayed in the RDA biplot, 10 families
appeared at least twice across different sediment*water groups (Table S1). These families

included Sphingomonadaceae, Rhodocyclaceae, Methylophilaceae, Chromatiaceae,
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Methylococcaceae, Geobacteraceae, Desulfobulbaceae and Desulfurellaceae from the
phylum Proteobacteria, as well as Chitinophagaceae and Sphingobacteriaceae from the
phylum Bacteroidetes. To further illustrate the treatment-induced changes, the relative

abundance patterns of these key family across treatments are presented in Fig. S7 to S10.
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Figure 4.2. RDA biplots showing the effects of triclosan treatments on microbial community composition
at the family level for the different sediment*water groups. The first and second RDA axes explained
24.01%, 25.35%, 24.16%, and 32.83% of the variation in bacterial community composition associated
with triclosan treatments in the OD, OP, ND, and NP groups, respectively. The biplots show the 20 best-
fitting families from the RDA analyses using sediment*water groups as explanatory variables. (In all
biplots, T1: Solvent Control; T2: 10 pg/L; T3: 30 pg/L; T4: 100 pg/L; T5: 300 pg/L; T6: 1000 pg/L. The
triangles represent the centroids of each treatment group, with those having significant effects shown as
red triangles in the figure.). The triclosan treatment is based on the water's nominal triclosan
concentrations (pg/L). Abbreviations of sediment*water groups stand for OECD*Ditch (OD),
Natural*Ditch (ND), OECD*Pond (OP) and Natural*Pond (NP).
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4.3.5 The effects of nutrients and water quality on microbial community

Through forward selection of the environmental variables using Monte Carlo Permutation
tests under the RDA option, it was determined that several variables significantly contributed
to explaining the observed variation in microbial community composition in the controls of
different sediment*water groups. Variables included sediment type, water body location,
ammonia, nitrite & nitrate, total phosphorus, orthophosphate, pH and organic matter (Table
S2, P < 0.05). These variables were included in a PCA showing the difference in community
composition between the solvent control treatment of the different sediment*water groups
and their correlation with the environmental variables (Fig. 4.3). Compared to the ditch
groups, the water of the pond group microcosms was richer in nitrogen nutrients, including
ammonia, and nitrate & nitrite levels. The natural sediment groups had higher
orthophosphate and nitrate & nitrite concentrations in the water, while the OECD sediment
groups had higher total phosphorus and organic matter levels. Furthermore, the pH value

in the OP group was higher than in other groups.
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Figure 4.3. PCA biplot shows the correlation between nutrients, water quality parameters, organic matter
and sediment*water groups, and the microbial community composition at the phylum level of the solvent
control microcosms (20 phyla which fit the model best were presented).
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4.4 Discussion

4.4.1 The effects of triclosan on microbial community

Previous studies have reported concentrations of triclosan in freshwater sediments of up to
53,000 ng/g (Chalew and Halden, 2009). In our study, after applying various triclosan
concentrations for 7 days, triclosan levels detected in different sediment types ranged from

9 to 917 ng/g dry weight (Table 4.2), representing an environmentally relevant range.

In our study, significant changes in bacterial community composition were observed in the
OD, ND, and NP groups at the highest concentrations compared to their respective control
groups (P < 0.05). Despite these compositional shifts, no significant changes were observed
in Shannon diversity. This may indicate that the changes were driven by shifts among
dominant taxa without markedly altering overall richness or evenness. Moreover, the limited
number of replicates may have reduced the statistical power to detect more subtle alpha
diversity changes. Compared with previous studies, this finding represents the lowest
effective concentration reported to date that significantly impacts sediment microbial
community composition. For example, significant differences in bacterial community
composition were found in artificial stream sediments after 14 and 34 days of exposure to
triclosan concentrations of 5,700 and 8,100 ng/g dry weight (dw), respectively Drury et al.
(2013b) . Similarly, the alpha diversity of microbial communities of biopurification
microcosms was significantly lower than that of the control, and the bacterial activity was
negatively affected after 50-day of triclosan exposure at a concentration of 20,000 ng/g
(Aguilar-Romero et al., 2020). In another study, Peng et al. (2019) found no significant
effects on the structure and richness of sediment bacterial communities at 800 ng/g dw after
28 days of exposure. However, at concentrations of 80,000 ng/g dw or higher, significant
changes in sediment bacterial community structure and richness were observed.
Furthermore, McNamara et al. (2014) reported structural changes in anaerobic bacterial
communities following exposure to biosolid triclosan concentrations exceeding 50,000 ng/g.
The concentrations of triclosan reported to affect microbial communities in sediments are
very different. One of the reasons may be attributed to differences in application methods
(Peng et al., 2019). For instance, in our study and that of Drury et al. (2013b), triclosan was
introduced into the water phase, allowing it to partition between water and sediment,
whereas Peng et al. (2019) directly spiked triclosan into the sediment, potentially leading to
stronger sorption and lower bioavailability in porewater. Additionally, microcosm studies
such as ours generally involve smaller water volumes and static conditions, which can result
in more stable exposure concentrations and higher effective doses experienced by sediment
microbes. By contrast, Drury et al. (2013b) used artificial stream systems with larger water

volumes and continuous water flow, which could influence the partitioning dynamics and
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reduce triclosan exposure levels in sediments. Furthermore, differences in the native
microbial community composition and functional redundancy may substantially influence
sensitivity to triclosan. At the taxon level, more diverse communities may show effects at
lower concentrations because the likelihood of including sensitive taxa is higher. However,
at the functional level, higher functional redundancy often enhance community resilience,
resulting in higher effect concentrations (Lawrence et al., 2015). Other potential factors
that could affect the response to triclosan, as well as to other chemicals, include sediment
depth, flow rate of the overlying water and concentrations of dissolved organic carbon and
inorganic nutrients (Lawrence et al., 2015).

Additionally, it was found that ten bacterial families belonging to the phyla Proteobacteria
and Bacteroidetes were repeatedly recorded at the higher triclosan treatments across the
four sediment*water groups (Fig. 4.2; Table S1). This presence suggests that these bacteria
may utilize triclosan as a carbon source or possess protective mechanisms to survive under
high concentrations of triclosan. Notably, bacterial families observed in our study, such as
Sphingomonadaceae, Rhodobacteraceae, Chitinophagaceae, Sphingobacteriaceae and
Methylophilaceae, have previously been reported to exhibit strong triclosan degradation
capability in nitrification and denitrification systems, biopurification systems, and activated
sludge enrichment cultivation systems (Aguilar-Romero et al., 2020; Dai et al., 2022; Lolas
et al., 2012). In artificial streams, a significant correlation has also been observed between
triclosan concentrations and the relative abundance of Methylobacterium (Drury et al.,
2013b). Additionally, Geobacter from the family Geobacteraceae has been shown to directly
metabolize a wide range of halogenated compounds, including triclosan, through de novo
cobalamin synthesis (Chen et al., 2024). Interestingly, members of the Sphingomonadaceae
family have been shown to exhibit strong genomic plasticity, which allows them to acquire
new traits for pollutant degradation. Within this family, Sphingobium is an important vector
for plasmid-mediated gene transfer in wastewater environments, contributing to the
dissemination of antibiotic-resistance genes (Zhang et al., 2011). In contrast, it has also
been reported that Defluviicoccus, a glycogen-accumulating bacterium from the family
Rhodobacteraceae, has the potential to become resistant without carrying antibiotic
resistance genes, being able to survive in environments with high triclosan concentrations
(Li et al., 2020a). Last but not least, the development of bacterial resistance to triclosan
appears to be highly sensitive, with a significant correlation observed between triclosan
concentration and resistance in sediment at concentrations as low as 1 to 107 ng/g (Drury
et al., 2013b). Therefore, at the triclosan concentrations used in this study, these bacteria
with triclosan degradation capabilities or tolerance mechanisms may have been selectively

increased in relative abundance, allowing them to dominate the microbial community.
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In contrast, triclosan degradation by members of the families Chromatiaceae,
Desulfobulbaceae, and Desulfurellaceae has not been observed. However, our study still
detected these families at high triclosan concentrations, suggesting that they employ
alternative survival strategies. Sulfate-reducing bacteria, Desulfobulbaceae and
Desulfurellaceae can produce extracellular polymeric substances (EPS), especially proteins,
to protect themselves when stimulated by toxins (Tang et al., 2022b). Apart from that,
Chromatiaceae are efficient exopolymer producers, and their biostabilisation potential was
significant (Hubas et al., 2013). It has been shown that total polysaccharides play a crucial
role in promoting cell-to-cell adhesion and the binding of extracellular enzymes, while
proteins typically function as protective barriers and structural components (Fulaz et al.,
2019; Zhu et al., 2015). The increase in EPS, particularly the protein components, may help
bind cells together and protect sulfate-reducing bacterial consortia from the toxicity induced
by polyethylene microplastics (Tang et al., 2022b). It can be hypothesized that under the
protection of EPS, bacteria from these families can survive in environments with high
concentrations of triclosan, as observed in our study. However, as this mechanism remains
hypothetical in the context of triclosan exposure, it would be valuable for future studies to

directly measure EPS production under such conditions.

4.4.2 Nutrient availability affects the microbial communities and the effects of

triclosan

Our results revealed significant differences in bacterial community composition between
natural sediments from the pond and ditch and in OECD artificial sediments colonized in
these environments. Differences in nutrient concentrations might cause these differences in
community composition. Many studies have reported the impact of total nitrogen on
bacterial community composition in lake sediments (Zeng et al., 2012; Zhao et al., 2012).
Nitrogen concentration may directly or indirectly affect bacterial composition by altering
biomass and plankton composition. Meanwhile, microorganisms play a key role in nutrient
cycling and energy transport in freshwater lake ecosystems, contributing to crucial processes
such as nitrogen fixation, ammonification, nitrification, and denitrification (Klump et al.,
2009; Zhao et al., 2019). In this study, higher concentrations of inorganic nitrogen nutrients
were detected in the pond water compared to the ditch (Fig. S2), and the relative abundance
of Proteobacteria, Chloroflexi and Cyanobacteria in the pond sediment was strongly
associated with nitrate & nitrite levels (Fig. 4.3). Furthermore, bacterial phyla such as
Nitrospinae, Aminicenantes, Chlorobi, Nitrospirae, Ignavibacteria and Gemmatimonadetes
showed significant correlations with both nitrate & nitrite and orthophosphate levels in the
pond sediments (Fig. 4.3). This can be explained by the fact that nitrate, nitrite and
orthophosphate are nutrients that certain bacteria can directly utilize, and many bacteria in

these phyla have been functionally identified to facilitate nitrogen and phosphorus cycling in
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water-sediment environments (Zhou et al., 2019). For example, strains of Candidatus
Accumulibacter from the phylum Proteobacteria possess denitrification genes such as narG
and nirK (Zeng et al., 2016). Nitrospira, a representative of Nitrospirae, contributes to nitrite
oxidation (Ushiki et al., 2017). Certain taxa within Chloroflexi mediate dissimilatory nitrate
reduction to ammonium (Bovio-Winkler et al., 2023), and some Cyanobacteria carry nifH
genes involved in nitrogen fixation (Warshan et al., 2016). However, in the nutrient-poor
ditch, the relative abundances of Bacteroidetes and Firmicutes were significantly higher than
in the other groups (Fig. 4.1, P < 0.05). These bacteria exhibited negative correlations with
most detected nutrients (Fig. 4.3), indicating that they have a metabolic advantage in
oligotrophic environments. More interestingly, another study found that bacterial network
complexity was higher in a hypereutrophic lake compared to an oligotrophic lake (Xie et al.,
2024). Numerous studies consistently demonstrated a strong positive correlation between
bacterial network complexity and its stability (Montoya et al., 2006; Yuan et al., 2021). This
correlation hypothesis suggests that bacterial communities from oligotrophic environments
may respond more rapidly to disturbances, thereby making their community structure more
susceptible to changes (Dai et al., 2017). This may explain why the microbial communities
in the sediments of OD and ND groups were significantly affected by triclosan, while this
was not the case in the OP group.

In addition to the water's nutrients, the sediment's organic matter content may also play a
crucial role in helping microbial communities resist triclosan stress. Triclosan has strong
hydrophobicity and readily binds to dissolved organic matter, humic substances, and
sediment particles, influencing its bioavailability and reducing its direct toxicity to microbes
(Chalew and Halden, 2009). In the nutrient-rich pond sediment, the organic matter content
in the OP group was much higher than in the NP group, and the OP group adsorbed the
highest amount of triclosan (916 ng/g) at the highest exposure concentration. The higher
organic matter content in the OP sediment may have led to increased sorption of triclosan,
thereby reducing the concentration of its freely available form, including in the interstitial
water. This reduced availability likely limited the direct exposure of microbial communities
to triclosan, which may explain why the NP group showed significant community shifts at
the highest concentration, while the OP group was less affected. Furthermore, after oxidation
and degradation, humic substances transform into smaller molecular weight carbon sources,
which are more easily absorbed and utilized by microorganisms (Kristensen et al., 1995).
During anaerobic respiration, certain bacteria can even use humic substances as electron
donors or acceptors (Klipfel et al., 2014), which may further enhance the stability of
microbial communities in the OP group sediments and their resistance to external stressors.
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4.5 Conclusions

Through 16S rRNA gene sequencing, it has been revealed that environmental concentrations
of triclosan significantly affect the composition of microbial communities in sediments of
different types and sources. These effects were primarily influenced by the abundance of
inorganic nutrients in the water body, with microbial communities in oligotrophic systems
being more sensitive to antimicrobial disturbances than those in eutrophic systems.
Furthermore, the study suggests that the organic matter content in sediments may also
modulate the impact of triclosan on microbial communities. Sediments with high organic
matter content can adsorb more compounds, reducing their bioavailability and consequently
mitigating their effects on microbial communities. Therefore, future research should consider
nutrient availability to assess better the impact of chemical compounds on microbial
communities in environmental matrices. Additionally, while artificial sediments offer an
effective approach to minimize experimental biases caused by the complexity of natural
sediments, making them suitable for biotoxicity testing, their findings may not fully reflect
the comprehensive effects observed in natural environments. For instance, our results
showed that natural sediments possessed higher microbial diversity compared to OECD
artificial sediments, highlighting a limitation that should be carefully considered in future
research. These results suggest that ecological risk assessments for triclosan should account
for sediment-specific microbial responses and nutrient conditions to ensure accurate

predictions of ecological impacts.
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Chapter 5

Abstract

Antibiotics in the aquatic environment can bioaccumulate in aquatic organisms and transfer
to higher trophic levels. While the direct toxic effects of antibiotics on aquatic organisms
have been extensively studied, research on their transfer through aquatic food chains and
their indirect effects on ecosystems remains limited. This study investigated the transfer and
toxicity of the antibiotic azithromycin within a simplified food chain comprising the primary
producer Scenedesmus obliquus, the primary consumer Daphnia magna, and the predator
Chaoborus obscuripes. Toxicokinetic analyses revealed a high bioconcentration potential of
azithromycin in S. obliquus, with a bioconcentration factor (BCF) of 1,017 L kg1, whereas
D. magna exhibited a lower BCF of 372 L kg™1, indicating interspecific differences in uptake
and elimination kinetics. In the trophic transfer experiment, the biomagnification factor from
D. magna to C. obscuripes was lower than 0.032, suggesting negligible biomagnification and
a tendency toward trophic dilution. Despite the limited transfer efficiency, C. obscuripes
exposed to azithromycin-contaminated prey exhibited a significant reduction in growth (P <
0.05), implying possible sublethal metabolic or physiological stress. Collectively, these
results demonstrate that azithromycin can be efficiently accumulated by primary producers
but is unlikely to biomagnify along freshwater food chains, although its indirect effects on

higher trophic organisms merit further attention under environmentally relevant conditions.
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5.1 Introduction

The widespread use of antibiotics has led to increasing concern about their release into the
aquatic environment via multiple pathways, including waste discharges from manufacturing,
human and veterinary excretion and agricultural applications (Hanna et al., 2023; Tan and
Xi, 2025). Aquatic ecosystems worldwide are now experiencing pervasive antibiotic
contamination, with concentrations in surface waters typically ranging from ng L™* to pg L™t
(Chen et al., 2025; Hanna et al., 2023). The environmental risks of aquatic antibiotics
depend not only on their exposure levels but also on their distinct hazard profiles, such as
strong biological activity and the potential to disrupt microbial communities (Zhu et al.,
2022). Environmental concentrations of antibiotics are generally unlikely to cause acute
toxicity to most aquatic organisms (Crane et al., 2006; Schuijt et al., 2024b). However,
chronic exposure to low concentrations of antibiotics has been reported to affect individual
behaviour and reduce fertility in the freshwater crustacean Daphnia magna (Bownik et al.,
2019; Nguyen et al., 2021). Given the widespread use of Daphnia as a model in ecotoxicity
testing and its ecological representativeness for many freshwater invertebrates, these
findings raise concerns that similar sub-lethal effects may also occur in other aquatic

invertebrates.

In addition to direct exposure to aqueous antibiotics, aquatic organisms may also
receive antibiotics through food consumption. Consequently, antibiotics can bioaccumulate
within organisms and be transferred to higher trophic levels, potentially resulting in
biomagnification. Field studies have reported biomagnification of certain antibiotics in
aquatic food webs (Liu et al., 2017a; Tang et al., 2020; Tang et al., 2022a). However, these
studies were based on organisms collected from natural environments where exposure may
have occurred simultaneously through water, sediment ingestion and diet. As a result, the
reported trophic magnification patterns reflect the combined influence of multiple exposure
pathways, and the individual contribution of dietary transfer cannot be determined clearly
(Harriage et al., 2025). Therefore, controlled studies that isolate foodborne exposure are

needed to clarify how antibiotics are transferred across trophic levels.

To better understand and predict the transfer of antibiotics across food webs, it is necessary
to quantify how they accumulate in organisms at the lower part of the food chain, such as
primary producers and primary consumers. At these basal trophic levels, continuous contact
with the water column means that waterborne exposure can represent a major uptake
pathway. Accordingly, the bioconcentration factor (BCF) provides a key metric to
characterize antibiotic uptake from water in these organisms (Wang et al., 2022). However,
conventional BCF estimates derived from single time-point tissue concentrations provide

only a snapshot of internal exposure under a given scenario and therefore offer limited
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insight into how internal burdens change through time as uptake and elimination proceed
(Ratier et al., 2021). Toxicokinetic (TK) approaches address this limitation by explicitly
linking uptake and elimination processes to time-resolved internal concentrations (Miller et
al., 2016). Within such TK frameworks, BCFs are derived from first-order kinetic models
fitted to internal concentration-time data, providing a process-based measure of
bioconcentration potential that constrains the fraction of antibiotic burdens available for
subsequent trophic transfer (Miller et al., 2016).

In this study, we developed a simplified aquatic food chain to investigate the
bioconcentration, bioaccumulation and biomagnification of an antibiotic and its effects across
different trophic levels. The chain comprised the primary producer green algae
(Scenedesmus obliquus), the primary consumer water flea (Daphnia magna), and the
secondary consumer phantom midge (Chaoborus obscuripes). For S. obliquus and D. magna,
we conducted toxicokinetic experiments to quantify bioconcentration. Organic chemicals are
considered potentially bioaccumulative when their logKow exceeds 3 (Zenker et al., 2014).
Accordingly, we selected azithromycin (AZT), a macrolide antibiotic, as our compound of
interest because its hydrophobicity (logkow = 4.01) places it in the range of compounds

considered potentially bioaccumulative (Zhu et al., 2023).

5.2 Materials and methods

5.2.1 Organism culture and maintenance

S. obliquus and D. magna were obtained from a stable culture maintained in the laboratory
of the Aquatic Ecology and Water Quality Management group at Wageningen University &
Research. The cultivation of organisms followed the methodology established in our previous
research (Zhao et al., 2020) with minor adaptations. S. obliquus was cultured in WC medium
under continuous illumination and aeration at 20 °C to ensure sufficient biomass growth for
subsequent experiments. D. magna was maintained in RT medium (Kang et al., 2022) under
16 h light/8 h dark cycles at 20 °C, and was fed S. obliquus daily. The predator, C. obscuripes,

was collected from the Sinderhoeve field station (Renkum, the Netherlands;

www.sinderhoeve.org) six days before the experiment and kept in a covered bucket with
pond water from the same location. Upon arrival at the lab, C. obscuripes were acclimated
at 4 °C in pond water from the Sinderhoeve for one day, after which WC medium was
gradually introduced over the next three days, reaching 20%, 50%, and 80% of the total

volume on consecutive days, respectively. To slow down moulting, C. obscuripes were kept
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at 4 ©°C throughout acclimatization. During this period, C. obscuripes were fed

uncontaminated D. magna individuals every 72 h.

5.2.2 Toxicokinetic experiments

5.2.2.1 S. obliquus

The experiment consisted of two phases: an uptake phase and an elimination phase, each
lasting 24 h. During the uptake phase, S. obliquus was exposed to AZT at a concentration
of 48 ug L%, a level previously shown to be non-toxic to this species (Xiong et al., 2019).
The initial AZT concentration in the exposure medium was confirmed by analyzing water
samples taken at the start of the uptake phase. For the uptake experiment, 70 mL of S.
obliquus culture (cell density: 108 cells mL?') was dispensed into each of 22 Erlenmeyer
flasks (100 mL), and AZT solution (Sigma-Aldrich, Germany; dissolved in WC medium) was
added to achieve the target concentration. Samples of S. obliquus were collected at 4, 8,
and 24 h (three replicates each) and concentrated by centrifugation at 2000 rpm for 5 min.
To remove AZT adsorbed on the cell surface, the pellets were washed twice with clean WC

medium and centrifuged under the same conditions.

After 24 h of exposure, S. obliquus from the remaining Erlenmeyer flasks was collected,
washed by centrifugation as described above, and resuspended in 70 mL of clean WC
medium to initiate the elimination experiment. During the elimination phase, S. obliquus
was sampled at 3, 6, and 24 h (three replicates each). The samples were centrifuged and
washed twice with clean WC medium to remove residual AZT, following the same procedure
as in the uptake phase. All algal pellets from both the uptake and elimination phases were
immediately stored at —20 °C for subsequent AZT extraction and analysis.

5.2.2.2 D. magna

D. magna individuals were exposed to 48 ug L™ AZT, a concentration well below the reported
24 h EC,, of 49,000 pg L1 (Li et al., 2020b). Both uptake and elimination phases lasted 24
h. Approximately 30 individuals (7-9 d old) were placed in each of 18 glass jars containing
300 mL RT medium spiked with 48 pg L™t AZT. During the uptake phase, D. magna
individuals were sampled at 4, 15, and 24 h (three replicates per time point), gently rinsed
twice with Milli-Q water through a fine mesh to remove surface residues, and immediately
stored at —20 °C for chemical analysis. A water sample was taken at the start of the uptake
phase to verify the exposure concentration.

After 24 h of exposure, the remaining individuals were washed as described above and

transferred to nine jars containing clean RT medium to initiate the elimination phase.
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Samples were collected at 3, 14, and 24 h (three replicates each), processed identically, and

dead individuals were removed before storage.

5.2.3 Food chain experiment

In addition to the toxicokinetic experiments, a model freshwater food chain consisting of S.
obliquus (algae) - D. magna (zooplankton) - C. obscuripes (benthic invertebrate) was
established to study the accumulation, biomagnification, and potential toxic effects of AZT
across three trophic levels. The entire 21-day feeding exposure was conducted in a climate-
controlled room (temperature: 20 °C; photoperiod: 16 h light : 8 h dark; light intensity:
~20 JE m™2 s71),

To ensure that AZT concentrations remained within measurable levels during trophic transfer,
S. obliquus was first exposed to a relatively high AZT concentration (1,000 ug L) for 24 h.
Specifically, 500 mL of algal suspension (cell density: 10° cells mL 1) was added to a 1 L
Erlenmeyer flask containing AZT stock solution adjusted to the target concentration. After
24 h of exposure, algal cells were harvested and rinsed with clean medium to remove
surface-bound AZT residues (Phase 1 in Fig. 5.1). To characterize AZT levels in both the
algae and the medium over the course of the exposure, samples of S. obliquus and the

surrounding WC medium were collected at 3, 21, and 24 h.

The AZT-exposed algae (hereafter referred to as “algae-AZT"”) were then used as food for
D. magna to study the bioaccumulation of AZT through dietary exposure (Phase 2 in Fig.
5.1). The collected algae-AZT were resuspended in 500 mL RT medium to reach a density
of 105 cells mL™t (OECD, 2011). Approximately 150 neonate D. magna (1-2 d old) were
introduced into each vessel and exposed to the resuspended algae for 48 h (Kowalewska et
al., 2020). A parallel control treatment was performed under identical conditions, using
unexposed S. obliquus as food at the same density. At the end of exposure, both the control
and AZT-fed D. magna (hereafter “Daphnia-AZT") were collected for the next trophic level
exposure. To quantify AZT accumulation in D. magna during the 48 h feeding period,
individuals were sampled at 24 and 48 h. Dissolved AZT concentrations in the surrounding

RT medium were monitored by sampling at 0, 24, and 48 h.
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Figure 5.1. Setup of the three-phase food-chain experiment (S. obliquus-D. magna-C. obscuripes).
Phase I: S. obliquus was exposed to AZT and harvested for use as food. Phase II: D. magna was fed AZT-
exposed S. obliquus to quantify dietary uptake and trophic transfer. Phase III: C. obscuripes was fed
exposed D. magna to quantify trophic transfer.

Before being fed with Daphnia, all C. obscuripes individuals were starved for 24 h at 20 °C
to empty their guts. A total of 120 similar-sized larvae were evenly distributed among 24
glass jars containing 1 L of WC medium, with five individuals per jar. Twelve jars were
assigned to the AZT-exposed group (fed with Daphnia-AZT) and 12 as the control group (fed
with clean Daphnia). Feeding occurred every 72 h, and the number of Daphnia provided was

twice the number of surviving C. obscuripes in each jar (Phase 3 in Fig. 5.1).

Notably, to maintain consistent food freshness and exposure conditions, each batch of
Daphnia-AZT used for feeding was newly produced and had undergone 48 h of exposure to
algae-AZT, ensuring that C. obscuripes always consumed 1-2 day-old Daphnia. Similarly,
all algae-AZT used in the experiment were freshly prepared after 24 h of AZT exposure. This
dynamic feeding design was technically demanding but ensured the accuracy and ecological

relevance of AZT transfer along the food chain.

C. obscuripes and C. obscuripes-AZT were sampled at the end of the 21-day exposure. All
individuals were photographed to determine body length. To ensure sufficient biomass for
chemical analyses, larvae from 12 jars per treatment were randomly pooled into three

biological replicates.

All biological samples were rinsed with Milli-Q water and stored at —20 °C. Aqueous samples
were filtered through 0.45 um cellulose-acetate syringe filters and stored at —20 °C until

further analysis. To compensate for evaporation, the medium volume in each jar was
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replenished to 1 L every 72 h. Dead individuals and pupae were removed promptly

throughout the experiment.

Prior to the start of the experiment, 60 C. obscuripes larvae were randomly selected to
measure initial body length for growth comparison. To avoid additional handling stress,

these individuals were not included in the exposure experiment.

5.2.4 Measurement of algal cell density and animal body length

The cell density of S. obliquus was determined using a CASY cell counter (model TT). For
each measurement, an aliquot of algal suspension was diluted 100-fold with CASYton
solution. Each sample was measured three times, and the mean value was used for further

analysis.

The body length of D. magna was measured under a Leica Stereo MZ12 microscope. Images
were captured using Micro Capture software (version 2.9.4), and body length was
determined from the anterior edge of the eye to the posterior margin of the carapace,

excluding the apical spine.

The body length of C. obscuripes was measured using a Carson digital microscope. Larvae
were first anesthetized by brief immersion in carbonated water. Once immobilized,
individuals were placed on a measuring pad, photographed under the microscope, and their

body length was determined from the scale markings on the pad.

5.2.5 Extraction and quantification of azithromycin

The extraction of AZT from organism samples followed a protocol adapted from our previous
study (Huang et al., 2021). Briefly, organism samples were freeze-dried for 24 h to ensure
complete dehydration, and the dry mass of each sample was recorded. The dried material
was then transferred into 2 mL centrifuge tubes, and 100 pL of the internal standard
erythromycin (100 pg L™ in methanol) was added. The tubes were placed on ice with caps

open overnight to allow methanol to evaporate.

After complete evaporation of methanol, 1 mL of acetonitrile was added to each tube for
extraction. The samples were agitated three times with beads using an MP FASTPREP-24™
5G at 4.0 m s71 for 30 s, followed by 15 min of sonication and centrifugation at 10,000 x g
for 5 min. The resulting supernatant was transferred to new tubes. This extraction process,
including acetonitrile addition, bead-beating, centrifugation, and supernatant collection, was
repeated twice, yielding three extractions in total. The combined supernatants were stored

at —20 °C for 12 h to allow lipid precipitation. The samples were then centrifuged again at
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10,000 x g for 5 min, and the clear supernatant was transferred to 10 mL round-bottom
glass tubes. Acetonitrile was removed using a SpeedVac vacuum concentrator (Thermo
Fisher Scientific, USA) for approximately 2 h. The dried extracts were reconstituted in 1 mL
of analytical-grade methanol, filtered through 0.45 um cellulose acetate syringe filters, and
stored at —20 °C until LC-MS/MS analysis.

Quantification of AZT was performed using an Agilent 1200 Infinity liquid chromatography
system coupled with an Ultivo Triple Quad mass spectrometer (Agilent Technologies, USA)
equipped with an Agilent Jet Stream electrospray ionization (AJS-ESI) source operating in
positive mode. Chromatographic separation was achieved on an Agilent ZORBAX Eclipse Plus
C18 column (4.6 x 50 mm, 2.7 ym) maintained at 35 °C. The mobile phase consisted of (A)
methanol with 0.1% formic acid and (B) Milli-Q water with 0.1% formic acid, run isocratically
at 50:50 (v/v) with a flow rate of 0.5 mL min~1. The injection volume was 10 pL. Nitrogen
was used as both the nebulizing and collision gas. The capillary voltage was set at 3500 V,
the ion source temperature at 300 °C, the gas flow at 5.0 L min~%, the sheath gas
temperature at 250 °C, and the sheath gas flow at 11 L min~1. AZT was detected in multiple
reaction monitoring (MRM) mode with two transitions (m/z 749.6 — 591.6 and 749.6 —
158.3). The MRM transitions for the internal standard erythromycin A were m/z 734.4 —
576.4 and 743.4 — 158.2.

Recovery tests were performed prior to sample analysis to evaluate extraction efficiency.
Known concentrations of AZT (2, 10, and 30 pg L 1) were spiked into known biomasses of
S. obliquus, D. magna, and C. obscuripes. The recoveries ranged from 80-123%, 77-106%,
and 88-106% for the three species, respectively, indicating good extraction performance
for all species (Table S5.1). The limit of detection (LOD) and limit of quantification (LOQ) of
AZT were 0.6 and 2.0 pg L 1, respectively.

5.2.6 Data processing
5.2.6.1 Toxicokinetic experiments

We applied a one-compartment toxicokinetic (TK) model described by the following ordinary
differential equation (Miller et al., 2016):

dcor anism (1)
QT(t= kuCuwater — (ke + U)Corganism(t) (1)
where Corganism(t) (Mg kg™t dry weight, dw) represents the internal concentrations of AZT in
the organism, Cwater (Mg L™1) is the AZT concentration in water, ku (L kg™* h™1) is the uptake
rate constant, and ke (h™1) is the elimination rate constant. The term p (h 1) denotes the

growth rate, which applies only to S. obliquus to account for growth dilution due to its rapid
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cell division (Maes et al., 2014). For Daphnia, the growth rate (u) was assumed to be zero.
During the uptake phase, Cwater Was considered constant (equal to the initial exposure
concentration), while during the elimination phase, Cwater was set to zero. In this equation,
the term kuCwater represents the uptake of AZT, whereas KkeCorganism(t) represents its
elimination. During the elimination phase, the uptake term (kuCwater) becomes negligible and

is therefore omitted, simplifying the equation as follows:

KuCuster (1 _ o= (ke +W0Y) 0 < t < 24h
Corganism(t) = § ketn
Cpe” (et w(t-28) t > 24h

(2)

where Cm (Mg kg™t dw) represents the internal AZT concentration at the beginning of the

elimination phase (i.e., at 24 h). This value can be calculated from the following expression:
kyCwater _ .

Crn = Saer (1 - e (et 24) (3)

Parameter estimation for ku and ke was performed by fitting the model to the measured

internal concentrations using nonlinear least squares regression (Cichocki et al., 2017). The

mean values of replicates and their associated standard deviations were used for model

fitting. Curve fitting was performed in R (version 4.3.1) using the nls() function.

The bioconcentration factor (BCF) (L kg™1) was subsequently derived from the estimated ku
and ke values. Assuming steady-state conditions, where the internal AZT concentration
remains constant (dCorganism(t)/dt = 0), the relationship between uptake and elimination is

expressed as:
KuCuwater = (Ke + “)Corganism (4)

Hence, the BCF can be calculated as the ratio between the uptake and elimination rate

constants:
Ky
BCF =~ (5)

5.2.6.2 Calculation of the biomagnification factor

The biomagnification factor (BMF) for D. magna and C. obscuripes was calculated using the

following equation:

= &
BMF = ! (6)
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where Cr (Mg kgt dw) represents the mean internal concentration of AZT in the consumer
organism (D. magna or C. obscuripes), and Dt (ug kg™ dw) represents the mean internal
AZT concentration in its dietary source (S. obliquus for D. magna, and D. magna for C.

obscuripes).

Statistical analysis was conducted in R (version 4.3.1). A Student’s t-test was applied when
data met the assumptions of normality and homogeneity of variances; otherwise, the non-

parametric Mann-Whitney U test was used.

5.3 Results

5.3.1 Toxicokinetics and bioconcentration
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Figure 5.2. Toxicokinetic modelling of (a) S. obliquus and (b) D. magna. The red line represents the
nonlinear least-squares fit of the model, while blue points show the measured internal concentrations

(mean £ SE). Please note that y-axis scales differ between figures.

The fitted TK model adequately described the uptake and elimination of AZT in both S.
obliquus and D. magna (Fig. 5.2). Parameter estimates and model performance statistics
are summarized in Table 5.1. Overall, S. obliquus exhibited higher estimated uptake and
elimination rate constants than D. magna, which was reflected in a higher BCF estimate
(1,017 vs. 372 L kg™1). Growth dilution contributed approximately 12.3% to the total

elimination of S. obliquus, based on its measured growth rate (0.00917 h™1).
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Table 5.1 Parameter estimates obtained by the toxicokinetic modelling for S. obliquus and D. magna

-1

Organism ku (_I; 9 SE 2 p-value ® ke (h™1) SE p-value R2 BCF.1(L
ht) kg™)

S. obliquus 0.0759 0.0029 < 0.001 0.0654 0.014 0.013 0.59 1017

D. magna 0.0174 0.0024 0.0019 0.0468 0.0077 0.0037 0.77 372

a. SE: standard error.
b. P-values evaluate whether parameter estimates differ significantly from zero within each model.

5.3.2 Trophic transfer and biomagnification potential

The internal AZT concentrations in S. obliquus at 21-27 h ranged from 110 to 150 mg kg1
(Fig. S5.1a). S. obliquus cells containing AZT within this concentration range were
subsequently used as food for D. magna. After exposure to AZT-contaminated algae for 48
h, the internal AZT concentrations in D. magna were 0.139 * 0.024 ng individual-t at 24 h
and 0.137 *+ 0.052 ng individual™t at 48 h (Fig. S5.2c). Based on the reported dry mass of
12.7 pg individualt for juvenile D. magna (Simci¢ and Brancelj, 1997), these values
correspond to estimated internal concentrations of 11.0 £ 1.9 mg kg™t at 24 h and 10.8 +
4.1 mg kg1 at 48 h. Upon transfer of S. obliquus to clean RT medium, AZT concentrations
in the medium remained below the LOQ throughout the sampling period (Fig. S5.2b).

Accordingly, the BMF (S. obliquus — D. magna) was estimated to be 0.07-0.10, indicating
no biomagnification (i.e., BMF < 1). For C. obscuripes, all measured internal AZT
concentrations were below the LOQ, preventing a direct calculation of the BMF (D. magna
— C. obscuripes). However, based on the LOQ and sample dry weight, the internal AZT
concentration in C. obscuripes was estimated to be < 0.35 mg kg1, yielding an upper-bound
BMF (D. magna — C. obscuripes) of < 0.032.

5.3.3 Toxicity to C. obscuripes

During the experiment, the total mortality rate of C. obscuripes was 8.4% in the control
group and 3.8% in the exposed group, which was fed with D. magna previously exposed to
AZT-contaminated S. obliquus. The total pupation rates were 10.8% and 11.7%,
respectively (Fig. S5.3). No significant differences were found between the control and

exposed groups in either mortality or pupation rates (p > 0.05).

Based on 60 C. obscuripes individuals measured at the start of the experiment, the average
initial body length was 10.34 mm (SD = 0.82, median = 10.20 mm). After 21 days of feeding
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exposure, the average final body length was 10.5 £ 0.8 mm (median = 10.3 mm) in the
exposed group and 10.8 £ 0.9 mm (median = 11.0 mm) in the control group, with the
exposed group being significantly smaller (P < 0.05; Fig. 5.3). Compared with the initial
measurements, C. obscuripes in the control group showed significant growth (P = 0.013),
whereas no significant change was observed in the exposed group (P > 0.05).
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Figure 5.3. Body length of C. obscuripes at the beginning (left) and after 21 days of the food-chain
experiment in the control (middle) and exposed groups (right). Boxes represent the interquartile range
(25th-75th percentiles), whiskers indicate 1.5 times the interquartile range, solid grey lines inside the
boxes show the medians, and filled triangles denote mean values. An asterisk (*) indicates a significant
difference at the 0.05 level.

5.4 Discussion

5.4.1 Bioconcentration behaviour of AZT

The toxicokinetic modelling showed that the BCF of AZT in S. obliquus reached 1,017 L kg1,
exceeding the commonly used threshold of 1,000 L kg~ for significant bioaccumulation (Zhu
et al., 2023). This indicates that this alga has a strong ability to retain and concentrate AZT
under continuous exposure conditions, consistent with previous modelling predictions
(Zheng et al., 2025). Antibiotic uptake by algal cells mainly occurs through passive diffusion,
facilitated diffusion, and, in some cases, energy-dependent transport (Long et al., 2024;
Xiong et al., 2018; Xiong et al., 2021). In passive diffusion, small and moderately
hydrophobic molecules such as AZT can readily permeate the cell membrane from high- to
low-concentration regions due to the lipophilic nature of the membrane (Xiong et al., 2021).

Therefore, if AZT persists in aquatic environments, phytoplankton could act as an important

115




Chapter 5

sink for this antibiotic and serve as an initial entry point for its transfer to higher trophic

levels.

The antibiotic AZT has a logKow of 4.01 (Zhu et al., 2023), which is relatively high compared
with most other antibiotics (Table S5.2) and suggests a potential for partitioning into algal
lipids. Hydrophobicity is indeed a primary determinant of bioconcentration, as hydrophobic
organic chemicals tend to move from water into cellular lipid compartments (Schitdrmann
et al., 2007). Several organic compounds with similar logkow values, such as 17a-
ethinylestradiol, pentachlorobenzene, and 4-tert-octylphenol, exhibit strong
bioconcentration in algae (Achar et al., 2020; Maes et al., 2014; Sijm et al., 1998). However,
logKow alone is an imperfect predictor of actual BCF. The relationship between logKow and
log BCF is not strictly linear (Wang et al., 2014), and compounds with comparable
hydrophobicity often show highly variable BCFs. This variability arises because
bioconcentration is also influenced by factors such as molecular size, ionization,
bioavailability, and interactions with dissolved organic matter (Wen et al., 2012). Therefore,
hydrophobicity provides only a preliminary expectation of accumulation potential, and
guantitative estimation requires explicit modelling of uptake and elimination kinetics, as
performed in this study.

Compared with S. obliquus, D. magna exhibited a lower BCF (372 L kg™1), suggesting a
reduced but still appreciable capacity to accumulate AZT. This contrast in bioconcentration
may be attributed to variations in growth rate, lipid content, metabolic enzyme activity,
feeding rate, and assimilation efficiency (Li et al., 2018; Zhang and Wang, 2007). Generally,
higher growth rates, higher metabolic activity, and more efficient enzymatic degradation are

associated with lower bioaccumulation of contaminants.

5.4.2 Trophic transfer and biomagnification potential of AZT

The food-chain experiment demonstrated that AZT can be transferred from the primary
producer S. obliquus to the primary consumer D. magna through dietary exposure. The
estimated BMF (S. obliquus — D. magna) ranged between 0.07 and 0.10. At a higher trophic
level, the internal AZT concentrations detected in the secondary consumer C. obscuripes
were extremely low (< 0.35 ng mg™1), and the estimated BMF (D. magna — C. obscuripes)
was below 0.032. These findings indicate that dietary transfer of AZT along the studied

trophic pathway was limited, without any significant biomagnification (BMF < 1).

Studies on the biomagnification of antibiotics in aquatic organisms remain limited, yet
existing evidence generally suggests a low potential for trophic magnification. However,

differences among antibiotic classes are evident. Kim et al. (2014) reported a dietary BMF
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of 0.19 £ 0.04 for tetracycline in D. magna, showing no magnification. Zheng et al. (2025)
modelled the trophic transfer of multiple antibiotics across different food chains (Chlorella
sorokiniana — D. magna and D. magna — Danio rerio) and found that sulfonamides were
more prone to bioaccumulation and biomagnification, whereas predictions for 8-lactams and
tetracyclines showed little to no magnification. Similarly, field studies based on trophic
magnification factors (TMFs), which quantify changes in contaminant concentrations across
entire food webs rather than within a single predator-prey pair as in BMFs, have revealed
comparable patterns. Wu et al. (2021) observed TMFs below 1.0 for erythromycin-H,0O,
enrofloxacin, and ciprofloxacin in a marine food web of the Beibu Gulf. In the Laizhou Bay
food web, Liu et al. (2017a) reported elevated TMFs (1.2-3.9) for sulfonamides, whereas
fluoroquinolones and macrolides exhibited TMFs < 1.0, suggesting trophic dilution. Further
evidence indicated that with increasing trophic level, enhanced metabolic and excretory
capacities in higher consumers facilitate the biotransformation or elimination of these
compounds, thereby reducing the likelihood of biomagnification (Goutte et al., 2020; Zheng
et al., 2025).

As a macrolide antibiotic, AZT is weakly basic and amphiphilic (pKa = 8.5; log Kow = 4.01).
Under neutral aquatic conditions, it is partially ionized, which limits passive diffusion across
biological membranes and reduces uptake efficiency in aquatic organisms. In addition, AZT
can be rapidly eliminated from invertebrate tissues through biotransformation and excretion
(Zhu et al., 2020), resulting in low tissue retention even under dietary exposure.
Nevertheless, algae with high BCFs may serve as transient “antibiotic reservoirs” in aquatic
systems. The accumulated compounds can be released back into the water through
exudation, grazing, or cell lysis, thereby influencing the persistence, cycling, and
bioavailability of antibiotics within aquatic ecosystems.

5.4.3 Ecotoxicological implications for higher trophic levels

Although AZT did not exhibit significant biomagnification along the studied food chain, a
measurable biological response was observed in the secondary consumer C. obscuripes.
Growth inhibition occurred in the exposed group, whereas mortality and pupation rates
remained unaffected. This pattern suggests that dietary exposure to AZT did not cause acute
toxicity but may have subtly interfered with energy allocation or metabolic processes. Such
findings indicate that even at low tissue concentrations, AZT can exert sublethal effects on
higher trophic-level organisms by influencing their growth performance and energy

utilization.

The growth inhibition induced by AZT may be associated with indirect disturbances of

physiological metabolism. Previous studies have shown that antibiotic exposure can alter
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the composition and function of gut microbiota in aquatic invertebrates and suppress the
activities of key digestive enzymes (Gorokhova et al., 2015; Li et al., 2023; Yan et al., 2019).
Such disruptions are typically characterized by reduced microbial diversity, depletion of
symbiotic taxa involved in nutrient processing (e.g., taxa from the phyla Bacteroidota and
Bacillota), and increased proliferation of resistant or opportunistic bacteria, all of which
contribute to impaired digestive efficiency and nutrient absorption (Motiei et al., 2020). In
addition, the expression of metabolic enzymes such as amylase, protease, and Na*/K*-
ATPase may be altered under dysbiosis and physiological stress, redirecting energy from
growth and tissue synthesis toward maintenance and detoxification processes (Lyu et al.,
2022; Thakur et al., 2016; Yan et al., 2019). Meanwhile, prey organisms such as D. magna
exposed to AZT may exhibit reduced nutritional quality or altered energy content, thereby
lowering their energetic value for predators (Akbar et al., 2020; Gorokhova et al., 2015).
Collectively, these effects can reduce the efficiency of nutrient assimilation and metabolic
conversion, providing a plausible explanation for the growth inhibition observed in C.
obscuripes despite its low internal AZT residues.

From an ecological perspective, even modest growth inhibition may have broader
implications for population fitness and trophic energy dynamics. Reduced somatic growth
can delay development, lower predation efficiency, and diminish reproductive output in
aquatic insects, ultimately affecting food availability for higher consumers such as fish,
amphibians and insectivorous birds. Therefore, even in the absence of measurable
biomagnification, antibiotics like AZT can induce sublethal physiological effects that cascade

through aquatic and terrestrial ecosystems by altering growth and energy transfer processes.

5.4.4 Limitations and future perspectives

This study systematically investigated the toxicokinetic behaviour and trophic transfer of
AZT in a simplified freshwater food chain. However, several limitations should be

acknowledged when interpreting the results.

First, the experiment was conducted in a three-trophic-level system (S. obliquus-D. magna-
C. obscuripes), which simplifies the structural and functional complexity of natural
freshwater ecosystems. In natural environments, multiple predator-prey interactions,
detrital loops, and microbial reprocessing pathways coexist. Future studies could include
higher trophic levels (e.g., fish or amphibians) or consider benthic-pelagic linkages to better

represent the ecological behaviour and transformation of antibiotics.

Second, the accuracy of trophic transfer estimation was limited by analytical sensitivity and

the small biomass of organisms. In this study, the internal AZT concentration in C.
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obscuripes was below the LOQ, while the low dry weight of D. magna hindered the accurate
determination of the internal concentrations. Consequently, the calculated BMFs should be
regarded as conservative estimates. Future work could improve quantification by increasing
sample biomass, enhancing extraction efficiency, and/or applying more sensitive analytical
techniques.

In addition, the trophic transfer experiment required a dynamic feeding setup to provide
AZT-exposed food to higher trophic organisms continuously. This represented a major
logistical challenge, as it was necessary to obtain more than 240 D. magna neonates every
48 h to be exposed to AZT-contaminated S. obliquus and subsequently serve as prey for C.
obscuripes. Due to the difficulty of maintaining such large-scale synchronized cultures, it
was not feasible to supply C. obscuripes with freshly exposed prey every day. Instead,
feeding was performed once every 72 h, with two D. magna individuals provided per larva
each time. This constraint may have masked subtle treatment-related differences. Future
studies should improve experimental design by optimizing the synchronization and feeding

regimes of prey organisms to ensure stable food availability for higher trophic consumers.

Finally, although C. obscuripes showed growth inhibition despite its low internal AZT residues,
the underlying physiological and microbiome-associated mechanisms remain unclear.
Integrating toxicokinetic data with molecular and microbiome analyses could help elucidate
how antibiotics interfere with host metabolism and energy allocation and assess their

potential long-term or transgenerational effects.

5.5 Conclusions

This study provides an integrated assessment of AZT bioaccumulation, trophic transfer, and
biological effects in a simplified freshwater food chain. Toxicokinetic modelling indicated
efficient uptake of AZT by the primary producer S. obliquus, whereas the primary consumer
D. magna showed lower accumulation, reflecting species-specific differences in uptake and
elimination dynamics. Dietary exposure further demonstrated that AZT can be transferred
through the food chain without biomagnification. In the trophic transfer experiment, C.
obscuripes exhibited growth inhibition after feeding on AZT-contaminated prey, suggesting
indirect physiological disturbances possibly related to altered energy metabolism or gut

microbiota.

Overall, these findings indicate that while AZT can enter aquatic food webs via dietary
pathways, it is more likely to undergo trophic dilution than biomagnification. Its sublethal

effects at higher trophic levels warrant further investigation, particularly regarding long-
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term metabolic and ecological consequences under environmentally relevant exposure

conditions.
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Supplementary information

Table S5.1. Recovery test results for the organisms (concentration shown in pg L-1)

Low spiked
concentration

Medium spiked concentration

High spiked concentration

Organism
Spiked Measured Spiked Measured Recovery Spiked Measured Recovery
conc. conc. conc. conc. £ SD (%) £ SD conc. conc. = SD (%) = SD
S. 2 ND 10 8.04 £ 0.25 80.4 £ 2.5 30 37.09 £ 123.6 £
obliquus 0.03 0.09
D. magna 2 ND 10 7.66 £ 0.50 76.6 £ 5.0 30 311..7574:l: 10;.;9 +
C. 1 ND 10 8.76 £ 1.15 87.6 £ 11.5 20 21.27 + 106.4 =
obscuripes 2.02 10.1
*ND: not detected; NA: not available
Table S5.2. Physicochemical properties (logkow and pKa) of different antibiotics
Antibiotic CAS Molecular formula logKow pKa
Quinolones Enoxacin 74011-58-8 C15H17FN403 -0.2 78014;1
Ciprofloxacin 85721-33-1 C17H18FN303 0.28 6.43, 8.7
Norfloxacin 70458-96-7 C16H18FN303 0.46 &3
Ofloxacin 82419-36-1 C18H20FN304 ~0.39 o
Enrofloxacin 93106-60-6 C19H22FN303 0.7 7.59, 8.7
Balofloxacin 127294-70-6 C20H24FN304 0.99 NA
Fleroxacin 79660-72-3 C17H18F3N303 0.24 5.5, 8.2
Lomefloxacin 98079-51-7 C17H19F2N303 -0.3 5.7
Moxifloxacin 151096-09-2 C21H24FN304 0.95 6.3, 9.3
Sparfloxacin 110871-86-8 C19H22F2N403 2.5 NA
Pipemidic Acid 51940-44-4 C14H17N503 -2.15 NA
Sulfonamides Sulfapyridine 144-83-2 C11H11N302S 0.35 285493’
Sulfamethoxazole 723-46-6 C10H11N303S 0.89 1.6, 5.7
Trimethoprim 738-70-5 C14H18N403 0.91 7.12,
Sulfamethazine 57-68-1 C12H14N4025S 0.89 2o
Sulfathiazole 72-14-0 C9HIN302S2 0.05 2.2,7.24
Sulfamonomethoxine 1220-83-3 C11H12N403s 0.7 NA
Sulfacetamide 144-80-9 C8H10N203Ss -0.96 NA
Sulfadiazine 68-35-9 C10H10N402s -0.09 6.36
Sulfamethiazole 144-82-1 C9H10N402S52 NA NA
Sulfamethoxypyridazine 80-35-3 C11H12N403S 0.32 NA
Sulfameter 651-06-9 C11H12N403s 0.41 NA
Macrolides Erythromycin 114-07-8 C37H67NO13 3.06 8.8
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Roxithromycin 80214-83-1 C41H76N2015 1.7 9.27
Clarithromycin 81103-11-9 C38H69NO13 3.16 8.99
Azithromycin 83905-01-5 C38H72N2012 4.02 8.74
Tetracyclines Chlortetracycline 57-62-5 C22H23CIN208 -0.62 7.44
Oxytetracycline 79-57-2 C22H24N209 -0.9 3.27,9.5
Tetracycline 60-54-8 C22H24N208 -1.37 3.3,7.68
Doxycycline 564-25-0 C22H24N208 0.63 3.09
Florfenicol 73231-34-2 C12H14CI2FNO4S -0.12 NA
Amphenicols Chloramphenicol 56-75-7 C11H12CI2N205 1.14 NA
Thiamphenicol 15318-45-3 C12H15CI2NO5S -0.27 NA
Penicillin G 61-33-6 C16H18N204S 1.83 2.74
Beta-lactam Amoxicillin 26787-78-0 C16H19N3055 -1.99 2o
Cefalexin 15686-71-2 C16H17N304S 0.65 2.5,7.1
Cefradine 38821-53-3 C16H19N304S -1.5 2.6,7.6
Cefotaxime 63527-52-6 C16H17N507S2 -0.5 NA
Furazolidone 67-45-8 C8H7N305 -0.04 NA
Others Nitrofurantoin 67-20-9 C8H6N405 -0.47 7.2
Lincomycin 154-21-2 C18H34N206S 0.2 7.6
Salinomycin 53003-10-4 C42H70011 5.11 4.5, 6.5
- RT medium = D. magna
(a) o= (b)
(a)_:o 200 (b) 120 (C)g
- =
E‘) 150 E’ & EDO'Z
5 & =
g E g 01
o 50 <]
é < 30 é
15 20 25 30 015 30 a5 60 75 g 24 36 48
Time (h) Time (h) Time (h)

Figure S5.1. (a) Internal AZT concentration in S. obliquus over time in the food chain experiment. S.
obliquus was exposed to 1.0 mg L-1 AZT; (b) AZT concentration in RT medium over time; and (c) internal
AZT concentrations in D. magna over time. D. magna was fed with S. obliquus that was pre-exposed to
1.0 mg L-1 AZT for 24 h. Error bars represent standard deviations.
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Abstract

Advanced wastewater treatment technologies such as bioactivated carbon (BAC) filtration
and ozonation are increasingly implemented to remove micropollutants from effluents. Yet
their ecological impacts remain insufficiently understood. In this study, we evaluated the
chemical and ecological effects of six wastewater treatment scenarios in outdoor freshwater
microcosms over 42 days, including BAC alone, two ozone doses (0.2 and 0.4 g O3/g TOC),
their combinations, and an untreated control. HPLC-MS/MS analysis confirmed the high
persistence of micropollutants in untreated effluents, which showed the highest predicted
mixture toxicity throughout the exposure. Treatments combining BAC with ozone resulted
in the lowest residual micropollutant concentrations, which continued to decline over time.
Ecological responses differed across trophic levels. Algal biomass was reduced in ozone-
treated effluents, reflecting combined effects of altered nutrient supply, resource availability
and residual chemical stress, whereas zooplankton and macroinvertebrate communities
remained structurally robust. Microbial communities in the water column showed
pronounced treatment-dependent restructuring, and functional prediction indicated reduced
representation of taxa involved in pollutant degradation and nitrogen cycling under high
ozone conditions. Structural equation modeling supported these patterns by showing that
early changes at the base of the food web were linked to shifts in micropollutant levels and
nutrient availability, while pathways to higher trophic levels remained weak and did not
propagate beyond microbes and primary producers. Overall, combining BAC with moderate
ozonation offered the most favourable balance between micropollutant removal and
ecological compatibility, whereas high ozone intensity introduced discernible functional
impact to microbial communities. These findings highlight the importance of jointly
considering chemical removal performance and ecological responses when selecting

advanced wastewater treatment strategies.
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6.1 Introduction

Micropollutants (MPs), including pharmaceuticals, personal care products, pesticides, and
industrial chemicals, are increasingly detected in freshwater systems worldwide due to
intensified agriculture, industrialization, urbanization and other human activities (Yang et
al., 2017). Even at low concentrations, these biologically active compounds can cause
endocrine disruption and behavioral changes in aquatic organisms as exposure is chronic
(Hernando et al., 2006; Schwarz et al., 2021). Wastewater treatment plants (WWTPs) are
a major source of MPs because conventional secondary treatment processes are not
specifically designed to remove them (Aemig et al., 2021; de Wilt et al., 2018).
Consequently, residual MPs are discharged into receiving waters, posing potential long-term
risks to the structure and functioning of aquatic ecosystems (Sanganyado et al., 2021;
Versteegen et al., 2025).

Ozonation is widely applied as an advanced treatment to enhance MP removal (Luo et al.,
2014). It works through both direct oxidation and hydroxyl radical (-OH) formation, enabling
degradation of a broad spectrum of organic contaminants (Von Gunten, 2003). However, its
implementation remains limited by high energy costs and the presence of dissolved organic
matter (DOM), which competes for ozone and reduces treatment efficiency (Van Gijn et al.,
2021b). Lowering DOM concentrations before ozonation is thus considered an effective
strategy to reduce ozone demand and improve overall performance (Nilsson et al., 2017;
Van Gijn et al., 2021b). Bioactivated carbon (BAC) has emerged as a promising approach
for DOM removal due to its combined adsorption and biodegradation capabilities (Van Gijn
et al., 2021a). Studies have shown that BAC filtration can substantially reduce the
background organic matter in WWTP effluents, thereby lowering ozone demand and
improving MP removal performance (de Wilt et al., 2018; Van Gijn et al., 2021a). The
combination of BAC filtration and ozonation, referred to as the BOs process, has been
recognized for its synergistic potential in advanced wastewater treatment. Nevertheless, the
ozonation process has also been shown to generate a wide range of ozonation
transformation products (OTPs) and ozonation byproducts (OBPs), some of which may
exhibit toxicity equal to or even higher than that of the parent compounds (Gulde et al.,
2021; Illés et al., 2014; Magdeburg et al., 2014). To date, the ecological effects of long-
term exposure to BOs treated effluents in freshwater ecosystems remain largely
understudied, particularly with regard to community-level and functional responses across
multiple taxa (Volker et al., 2019).

To address this gap, the present study assessed the ecological impacts of BOs treated
effluents using outdoor freshwater microcosms. Microcosms provide a higher-tier,

ecologically relevant methodology to evaluate direct and indirect effects on multiple
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biological groups, including algae, zooplankton, macroinvertebrates, and microbial
communities (Hermann et al., 2024; Van den Brink et al., 2005), and better reflect long-
term interactions than standard toxicity tests (Schuijt et al., 2021). This study employed
eight treatments: six based on secondary effluent with additional chemical spiking, including
one spiked control without further treatment, BAC filtration alone, ozonation at two dosage
levels, and their combinations. In addition, two treatments using unspiked secondary
effluent were included as references for comparison with the spiked conditions. This
experimental design enabled a systematic comparison of the individual and combined effects
of BAC and ozonation pretreatments, the role of ozone dose, and the ecological trade-offs
across trophic groups, ultimately allowing evaluation of which treatment configuration best
balances MP removal efficiency and ecological compatibility.

6.2 Materials and methods

6.2.1 Experimental design

The effluent exposure experiment was conducted from May to July 2021 at the Sinderhoeve
experimental station of Wageningen University & Research in the Netherlands
(www.sinderhoeve.org). A total of 80 outdoor freshwater microcosms were established, each
containing 58 L of water consisting of 29 L of freshwater and 29 L of differently treated
effluents to simulate typical wastewater dilution scenarios. Each microcosm received a tray
with 3 L of clean sediment to provide benthic habitat, and zooplankton, macroinvertebrates,
green algae, and submerged macrophytes were introduced from nearby clean water bodies
to establish a complete community. The microcosms were embedded 0.5 m into the soil to
buffer temperature fluctuations and were kept open at the top to allow natural colonization.
All treatments were replicated ten times and randomly assigned to microcosms. Prior to
effluent exposure, the systems underwent a one-month acclimation period. Treated or
untreated effluents were added on Day 0, and destructive sampling was conducted on Days
14 and 42, with five replicates collected per treatment at each time point. Further

methodological details are provided in Supplementary Information (SI) Text S6.1.

6.2.2 Effluents and chemicals

The secondary effluent used in this study was collected from a wastewater treatment plant
in Bennekom, the Netherlands (51°59'51.2"N, 5°39'31.5"E). A mixture of 21 representative
micropollutants, including pharmaceuticals, pesticides, their metabolites, and lifestyle
chemicals, was added to the effluent (details in Table S6.1). The effluent then underwent

BAC filtration, ozonation at two dose levels (0.2 or 0.4 g Os/g TOC), or combined BAC-
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ozonation treatment (Table 6.1). In addition to the spiked effluents, two unspiked effluents
were included: one without further treatment and one treated with BAC followed by 0.4 g
O3/g TOC. All spiked and unspiked effluents were processed at the Environmental
Technology laboratory at Wageningen University & Research following the BOs procedure
described by Van Gijn et al. (2023). Operational details are provided in SI Text S6.2.

Table 6.1. Overview of the treatment groups and included treatment processes.

Treatment Spiking Bioactivated carbon Ozone dose (g
treatment ozone/g TOC)
NCO Yes No 0
BCO Yes Yes 0
BCO.2 Yes Yes 0.2
BCO0.4 Yes Yes 0.4
NCO0.2 Yes No 0.2
NCO.4 Yes No 0.4
UnNCO No No 0
UnBCO0.4 No Yes 0.4

6.2.3 Community assembly and sampling

6.2.3.1 Zooplankton community

Zooplankton was collected from a pond at the Sinderhoeve using a 55 ym mesh net, mixed

thoroughly, and evenly distributed into 80 microcosms two weeks prior to effluent dosing.

On days 14 and 42, zooplankton samples were taken to assess species abundance. A5 L
depth-integrated water sample was collected from each microcosm using a transparent
acrylic tube. Samples were filtered through a 55 pm mesh net, and the retained zooplankton
was preserved in 50 or 100 mL polyethylene bottles with acetate-buffered Lugol’s solution
and stored at 4 °C in the dark. Zooplankton individuals were then identified and counted

under an Olympus stereo microscope SZX10.
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6.2.3.2 Macroinvertebrates

Two weeks before exposure, macroinvertebrates were collected from ponds at the
Sinderhoeve site. Each microcosm was stocked with 10 individuals of Gammarus pulex, 10
Cloeon dipterum, 10 Chironomus sp., 10 Sphaerium sp., 6 Asellus aquaticus, and 6 Lymnaea

stagnalis, all medium-sized and in active condition.

Macroinvertebrates were sampled on Days 14 and 42 by sacrificing five replicates at each
date. Organisms were retrieved by rinsing and sieving the sediment tray, followed by a
thorough inspection of the water column and container surfaces using a 0.5 mm net. All

specimens were preserved in 70% ethanol for identification and counting.

6.2.3.3 Macrophytes

After introducing the macroinvertebrates, Myriophyllum spicatum was collected from ponds
at the Sinderhoeve. The plants were thoroughly washed to remove attached fauna and
trimmed into 15 cm apical segments. Two shoots were carefully inserted into the sediment

of each microcosm.

Macrophytes were sampled on days 14 and 42. The plants were gently removed, wrapped
in pre-weighed aluminum foil, and stored at -20 °C. Because destructive sampling caused
fragmentation, biomass was quantified by wet and dry weight rather than length. Samples
were dried at 70 °C for 72 h and weighed, and final biomass was calculated by subtracting

foil weight.

6.2.3.4 Microbial community

Two 200 mL HDPE containers half-filled with sediment were embedded at the bottom of each
microcosm for later sediment microbial analysis. Microbial samples from the water column
and sediments were collected on Days 14 and 42, subjected to DNA extraction (PowerSoil
DNA Isolation Kit, QIAGEN), and analyzed by 16S rRNA gene amplicon sequencing targeting
the V4 region (primers 515F/806R) on the Illumina HiSeq2000 platform (Novogene, UK).
Detailed procedures for sampling, DNA extraction, PCR amplification, and sequencing are
provided in SI Text S6.3.

Sequence processing was performed using NG-Tax 2 (Poncheewin et al., 2020), including
quality filtering, ASV detection, and taxonomic assignment against SILVA 138. ASVs with
relative abundance below 0.1% were removed at a per sample basis. The processed BIOM

files were imported into phyloseq for community analysis (McMurdie and Holmes, 2013). All
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sequence reads are available at the Sequence Read Archive of the National Center for

Biotechnology information (accession number PRINA1377162).

6.2.4 Chemical analysis and toxicity assessment

Water samples were collected on Days 0, 14, and 42. From each depth-integrated sample,
1.9 mL was transferred into a 2 mL Eppendorf tube pre-filled with 100 uL of acetonitrile
(Merck, Germany) and stored at -20°C until analysis. Micropollutants were quantified by
ultra-performance liquid chromatography coupled with tandem mass spectrometry (UPLC-
MS/MS). The limit of quantification (LOQ) for all compounds was 50 ng/L, and further details

of the analytical procedure are provided in Van Gijn et al. (2021b).

Risk quotients (RQ) were calculated as the ratio between the measured environmental
concentration of each micropollutant and its predicted no-effect concentration (PNEC), with
PNEC values compiled from the NORMAN Ecotoxicity Database. Risk levels were classified
as follows: High risk (RQ = 1), Medium risk (0.1 < RQ < 1), Low risk (0.01 < RQ < 0.1),
and No risk (RQ < 0.01). The multi-substance Potentially Affected Fraction (msPAF) was
calculated by using NOEC-based SSDs (https://www.sleutelfactortoxiciteit.nl/key-factor-
toxicity-introduction), providing an estimate of the chronic toxic pressure of micropollutant
mixtures on aquatic communities and the fraction of species potentially affected (Posthuma
and de Zwart, 2012).

6.2.5 Water quality and nutrient analysis

Water temperature, pH, dissolved oxygen (DO), electrical conductivity and chlorophyll-a
(chl-a) were measured weekly in the morning using portable field instruments (HQ40d
multiprobe with CDC401 electrode, HACH; AlgaeTorch, BBE Moldaenke).

On each sampling day, 50 mL of water samples were collected and stored at -20 °C for
nutrient analysis. Total phosphorus (TP), nitrate & nitrite, orthophosphate and ammonia
were quantified using a segmented flow analyzer (Skalar 5100 Autoanalyser, The
Netherlands).

6.2.6 Data analysis

To assess differences among treatments at each sampling time point, one-way ANOVA was
performed followed by Duncan’s multiple range test (p < 0.05). Prior to community and

population-level analyses, abundance data were log-transformed to reduce the influence of
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extreme values and improve normality. Macroinvertebrate and zooplankton abundances
were transformed using In(2x + 1) and In(10x + 1), respectively, where x represents the

abundance of a given taxon (Van den Brink et al., 2000).

Multivariate analyses were employed to evaluate treatment effects on community structure.
Principal Response Curves (PRC) were used to assess temporal dynamics (Van den Brink
and Braak, 1999), and significance was tested using Monte Carlo permutation tests across
the full time series (Van den Brink et al., 1996). Treatment differences at individual sampling
dates were further examined using redundancy analysis (RDA) with Monte Carlo permutation
tests comparing each treatment to the control on Days 14 and 42. All multivariate analyses
were performed in CANOCO 5.15 (ter Braak and Smilauer, 2012).

Microbial functional potential was inferred using QIIME2 (v2020.11) for OTU table generation
followed by annotation with FAPROTAX (v1.2.5) (Sansupa et al., 2021). FAPROTAX assigns
ecological functions to bacterial taxa based on curated literature linking taxonomy to

metabolic capabilities. Predicted functions were processed and visualized in RStudio.

Structural equation models (SEMs) were constructed to evaluate direct and indirect effects
of BOs treatments across chemical and biological variables (Fan et al., 2016). Models
included hypothesised pathways among treatment factors, chemical conditions and trophic
groups. Microbial community composition, zooplankton and macroinvertebrate assemblages
were represented by the first principal component (PC1) from PCA. All variables were z-
standardised. Separate Day 14 and Day 42 models were fitted using lavaan (ML estimation
with robust SEs) and evaluated using x2, CFI, RMSEA and SRMR.

6.3 Results
6.3.1 Micropollutant concentrations and predicted impacts

At Day 0, the total combined concentration of target MPs in NCO reached 64,400 ng/L, while
the BOs pretreatments removed 49-89% of MPs prior to microcosm exposure, with BC0.4
achieving the highest removal (Table S6.2). In NCO, concentrations decreased to 3,070 ng/L
by Day 14 and remained near this level through Day 42 (2,930 ng/L) (Fig. 6.1a). BOs-treated
effluents consistently showed lower MP levels, with BCO0.4 exhibiting the lowest
concentrations throughout the experiment (Fig. 6.1a). However, several MPs including
carbamazepine, mecoprop, BAM, 2,4-D, benzotriazole and caffeine remained detectable
after BOs treatment, with 20-30% of their initial concentrations still present on Day 14
(Table S6.3).
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RQ analysis indicated that, despite substantial removal, BOs-treated effluents still contained
9 compounds with high risk (RQ = 1) at Day 0 (Table S6.4). After 14-42 days of microcosm
exposure, most compounds declined to low or negligible risk levels, however, 4(5)-
methylbenzotriazole, 2,4-D and caffeine consistently remained at medium to high risk (RQ
> 0.1). msPAF results mirrored these patterns (Fig. 6.1b). NCO exhibited the highest
potential ecological impact at Day 0 (27%), declining to < 4% by Day 42, while all BOs-
treated groups maintained significantly lower msPAF values, particularly BC0.2 and BCO0.4
(P < 0.05, Fig. 6.1b).

The unspiked effluent UnNCO contained 43,600 ng/L of MPs at Day 0, dominated by sotalol
(~29,900 ng/L) (Table S6.5). UnBCO0.4 achieved 98% removal before exposure, followed by
continued declines during the experiment. A significant decrease in msPAF relative to UnNCO
was observed only in UnBCO0.4 at Day 42 (P < 0.001).
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Figure 6.1. (a) Chemical concentrations measured in each treatment; (b) calculated chronic msPAF

percentages based on chemical concentrations.
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6.3.2 Water quality parameters and nutrients

Water temperature remained between 18 and 23 °C throughout the experiment, and DO
levels were consistently around 10 mg/L with a transient increase on Day 7 (Fig. S6.1a,b).
EC was initially higher in the spiked treatments than in NCO but decreased across all groups
after D14 (Fig. S6.1c). pH values were similar among treatments (8.0-10.0) (Fig. S6.1d).

On Day 14, nitrate & nitrite concentrations were significantly lower in BC0.4 and NCO0.4 than
in the other spiked treatments, whereas orthophosphate was significantly higher in NC0.4
(Fig. S6.2a-c). By Day 42, BC0.4 exhibited significantly higher concentrations of ammonia,
nitrate & nitrite, and orthophosphate compared with the other spiked groups (Fig. S6.2a-c).

Nutrient levels were largely similar between NCO and UnNCO over time. TP was significantly
higher in NCO on Day 14 (P < 0.05), and by Day 42, ammonia concentrations were
significantly lower in both unspiked groups than in the spiked groups (P < 0.05) (Fig.
S6.2a,d).

6.3.3 Response of primary producers
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Figure 6.2. Chlorophyll-a concentrations across treatment groups. * indicates significant differences
compared to the control group (NCO) at the same time point (P < 0.05).

Chlorophyll-a concentrations were comparable among all spiked treatments at Day 0 (8.8-

18 pg/L) (Fig. 6.2). From Day 14 onwards, chlorophyll-a increased sharply in NCO, peaking
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at 143 pg/L on Day 35 and remaining significantly higher than in all ozone-treated
treatments (P < 0.05). No significant differences were detected between NCO and BCO over
the course of the experiment. In the unspiked treatments, chlorophyll-a concentrations did
not differ significantly between UnNCO and UnBCO0.4 at any sampling time (Fig. S6.4).

For the submerged macrophyte Myriophyllum spicatum, dry biomass on Day 14 ranged from
0.45 to 0.91 g across treatments (Fig. S6.5). NCO showed the lowest biomass, while BC0.4
was the highest and significantly higher than NCO (P < 0.05). By Day 42, biomass increased

in all treatments without significant differences among them.

6.3.4 Zooplankton community and population dynamics

A total of 32 zooplankton taxa were identified, including nine macro- and 23 micro-
zooplankton taxa (Tables S6.5, S6.6). In the spiked treatments, PRC analysis showed no
significant divergence in zooplankton community structure from NCO over time (P > 0.05,
Fig. $6.6). The unspiked treatments also did not differ significantly from each other (Fig.
S$6.7). Similarly, total abundance, species richness, and Shannon diversity showed no
significant differences relative to NCO (Fig. S6.8). However, RDA with Monte-Carlo
permutation testing indicated a significant community shift among spiked treatments
relative to NCO on Day 42 (P < 0.01, Fig. S6.10). Therefore, species-level patterns were
examined to identify, which taxa contributed to these compositional differences.

At the species level, several zooplankton taxa in the spiked treatments differed significantly
from NCO (P < 0.05, Fig. 6.3). For instance, the rotifer Keratella quadrata was significantly
more abundant in NC0.2 on Day 14. Cyclopoida copepods were significantly less abundant
in BCO.2 but became significantly more abundant by Day 42, while nauplii were also
significantly more abundant in BCO and NCO0.4. Among cladocerans, Chydorus sphaericus,
Daphnia pulex, and Daphnia longispina exhibited significantly higher abundances in BCO,
BCO0.2, and NCO0.4 than in NCO, and Simocephalus sp. was significantly more abundant in
BC0.2 and NCO0.4 (P < 0.05).

In the unspiked treatments, four taxa displayed significant treatment-related differences in
abundance in UnBC0.4 compared to UnNCO (P < 0.05, Fig. S6.11). D. longispina, K.
quadrata, and nauplii were more abundant in UnBCO0.4 on Day 14, whereas C. sphaericus
was more abundant on Day 42. However, total abundance and richness did not differ
significantly between UnNCO and UnBC0.4 nor between spiked and unspiked counterparts
(Fig. S6.8).
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Zooplankton Abundance Heatmap
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Figure 6.3. Heatmap showing the abundance of zooplankton species (data were In(10x+1)-transformed).
Asterisks (*) denote significant differences in abundance compared to the NCO group at the corresponding
time point (P < 0.05); double asterisks (**) indicate highly significant differences (P < 0.01).

6.3.5 Macroinvertebrate community and population dynamics

In total, 37 taxa of benthic macroinvertebrates were identified across all experimental
groups. PRC analysis indicated that, over time, there was no significant treatment effect on
benthic macroinvertebrate community composition (Fig. S6.12), and no significant
differences were detected between UnNCO and UnBCO0.4 (Fig. S6.13). However, NCO
exhibited significantly higher species richness and Shannon diversity than those in BCO and
NCO0.2 on Day 42 (Fig. S6.14, P < 0.05).

At the population level, notably, Chironomus abundance was higher in NCO than in all other
spiked treatments on Day 14 (P < 0.05, Fig. S6.15). Chironomus abundance in NCO
subsequently declined by Day 42. In the unspiked treatments, no significant differences in
Chironomus abundance were observed between UnNCO and UnBC0.4 on either sampling
date (Fig. S6.15).
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6.3.6 Microbial community compositional and functional profiles

6.3.6.1 Water and sediment community dynamics
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Figure 6.4. Composition of microbial communities in water column and sediment at the phylum level on
Days 14 and 42. Taxa beyond the top 10 most abundant phyla were grouped as "Others".

A total of 2,512 ASVs were annotated from 57,222,414 high-quality sequences, representing

34 bacterial phyla and 554 genera across water and sediment samples. Microbial
communities exhibited a pronounced temporal shift at the phylum level, characterized by a
decline in relative abundance of Actinobacteriota and a marked increase in
Verrucomicrobiota from Day 14 to Day 42 (Fig. 6.4). PRC analysis revealed significant
temporal and treatment-related shifts at the genus level (P < 0.05), with the first and second

PRC axes explaining 35% and 19% of the variation, respectively (Fig. $6.17).

To resolve treatment-specific differences indicated by PRC, Monte Carlo permutation tests
based on RDA further showed that on Day 14, microbial community composition in NC0.4
and BCO0.4 differed significantly from NCO (P < 0.05; Fig. S6.17). By Day 42, BCO0.4
converged toward NCO and was no longer significantly different, whereas NCO0.4 still showed
a significant deviation (P < 0.05). In contrast, the other treatments exhibited significant
differences from NCO only on Day 42 (P < 0.05). In the unspiked treatments, UnBCO0.4
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showed a significant deviation from UnNCO on Day 14 (P < 0.01) that disappeared by Day
42 (Fig. S6.18).

Across treatments, a growing number of genera showed significant differences in relative
abundance from NCO over time, with nine affected on Day 14 and 15 genera on Day 42
(Figs. 6.5a,b). Notably, the hgcI_clade showed significantly higher relative abundance in all

treatments except NCO0.2 on Day 14 (P < 0.05; Fig. 6.5a).
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Figure 5. Heatmap of genus-level relative abundance across all treatment groups in the water column
and sediment on Days 14 and 42. Red asterisks indicate genera with significantly higher relative
abundance compared to the NCO group, while black asterisks indicate significantly lower relative
abundance. * denotes P < 0.05; ** denotes P < 0.01.

Sediment communities, in contrast to those in the water column, were more resistant to the
treatment at the community level. Firmicutes and Actinobacteriota dominated across
treatments (Fig. 6.4). No significant community-level treatment effects were detected by

PRC (Figs. S6.19, S6.20), although genus-level analyses identified 40 taxa differing from
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NCO on Day 14, decreasing to 12 taxa by Day 42 (Figs. 6.5c,d). Most genera enriched on
Day 14 belonged to Firmicutes and Verrucomicrobiota, whereas those depleted were

primarily affiliated with Actinobacteriota and Proteobacteria.

6.3.6.2 Functional prediction and ecologically relevant taxa

To further assess the ecological implications of these structural differences, we used
FAPROTAX to predict potential functions of the bacterial communities. In total, 44 functional
categories were identified, among which 35 were related to environmental processes.
Functional inference focused on ASVs belonging to genera that showed significant
treatment-related differences in relative abundance (Fig. 6.5), which were extracted from

both matrices and matched with their predicted functions (Table S6.7).

In the water column, only a small subset of genera showed assignable functional changes,
with two and four genera affected on Days 14 and 42, respectively, primarily involving taxa
linked to carbon and nitrogen cycling (Table S6.8). Cyanobium_PCC_6307, linked to carbon
fixation and nitrogen cycling, showed significantly lower relative abundance in BCO, BC0.2,
and NCO0.2 on Day 42 compared with NCO, while Methylotenera, associated with methane
metabolism and volatile organic compound degradation, was lower in BC0.4 (P < 0.05; Fig.
6.5a,b).

Functional responses were initially broader in the sediment than in the water column (Table
S6.8). Taxa associated with organic matter degradation, such as Streptomyces, showed
significantly lower relative abundance in all BOs treatments compared with NCO on Day 14
(P < 0.05; Fig. 6.5c). BC0.4 induced the largest treatment effects, with manganese-oxidizing
Bacillus ASVs significantly enriched relative to NCO (P < 0.05; Fig. S6.21). Moreover, several
genera predicted to be involved in carbon cycling and xenobiotic degradation (e.g.,
Sphingomonas, Nocardioides, and Bradyrhizobium) were significantly reduced exclusively in
BCO0.4 (P < 0.05; Fig. 6.5c¢,d).

6.3.7 Integrated ecological pathways driving system responses to BO3-treated

effluents

The SEM based on the data of Day 14 showed that BO;-treated effluents significantly reduced
micropollutant concentrations, with both BAC and O; contributing to this effect (Fig. 6.6).
O;-treated effluents further reduced nitrate & nitrite and total phosphorus. These changes
influenced primary production: BAC-treatment and phosphorus had a positive direct effect
on chlorophyll-a, nitrate & nitrite a negative. In addition, O;-treatment was associated with
the water microbial community, though this pathway was marginally non-significant (P =

0.06). Nitrate & nitrite also exhibited a marginal association with the microbial community
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(P = 0.051). Sediment microbial community metrics were not retained in the final model,
as they explained little additional variance and showed no significant links to other
components in the hypothesised network. Total phosphorus significantly influenced
macroinvertebrate composition, while all direct or indirect pathways to zooplankton

remained non-significant.
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Figure 6.6. Structural equation model (SEM) illustrating the integrated ecological pathways associated
with effluent treatments on Day 14. Red solid lines represent significant negative paths, green solid lines
represent significant positive paths, and dashed lines indicate non-significant paths. Numbers on the
arrows indicate standardized path coefficients (B). R2 values indicate the proportion of variance explained
for each response variable. The model showed a good overall fit (x2 = 11.56, df = 13, p = 0.56).

By Day 42, the network became simpler and the number of significant pathways decreased
(Fig. S6.22). BAC-treated effluents still had a strong negative effect on micropollutant
concentrations, whereas O;-treated effluents no longer showed direct effects on
micropollutants, nutrients, or biotic endpoints. Instead, total phosphorus emerged as the
dominant predictor of chlorophyll-a, which was significantly associated with the microbial
community in the water column. Pathways to zooplankton and macroinvertebrate
composition remained weak and statistically non-significant, indicating limited propagation

of cascading effects to higher trophic levels.
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6.4 Discussion

6.4.1 Removal efficiency and residual risks of micropollutants

The removal efficiency of MPs by the BO; process increased markedly with ozone dose. High-
dose ozonation alone (NC0.4) removed 79% of target compounds prior to microcosm
exposure, whereas low-dose ozonation (NC0.2) removed 49% (Fig. 6.1a; Table S6.3). This
pattern is consistent with ozone reaction mechanisms: molecules containing electron-rich
aromatic rings (e.g., erythromycin, propranolol), unsaturated or heteroaromatic structures
(e.g., irbesartan, carbamazepine), or amine functionalities (e.g., sulfamethoxazole, sotalol)
generally undergo electrophilic addition and oxidative ring cleavage more readily and
therefore degrade faster under ozonation (Lim et al., 2022). Incorporating BAC pretreatment
increased removal to 65% at 0.2 g O; g1 TOC by reducing matrix interferences and
improving subsequent ozonation (Van Gijn et al., 2023). When applied at 0.4 g Os g™ TOC,
the BOs process achieved the highest overall MP removal (89%), confirming the benefit of

sorptive pre-cleaning prior to high-dose ozonation.

Despite these substantial reductions, several MPs remained present. Compounds such as
BAM, 2,4-D, and desphenyl-chloridazon contain strong electron-withdrawing groups,
including chloro and carboxyl substituents, which lower electron density on the aromatic ring
and could reduce its susceptibility to electrophilic ozonation (Von Gunten, 2003; Zhong et
al., 2017). Benzotriazole and 4(5)-methylbenzotriazole also showed persistence because
their stable poly-nitrogen heterocycles have inherently low ozone reactivity, as reflected in
low second-order rate constants (Benitez et al., 2015; Miuiller et al., 2012). DEET similarly
has a low direct ozonation rate constant (~0.1 L-mol 1.s71) (Benitez et al., 2013).
Hydrophilic compounds such as caffeine and benzotriazole also exhibit weak adsorption onto
activated carbon due to their low logkow and competition with dissolved organic matter,
making them less efficiently removed through BAC or combined BOs treatment (Nam et al.,
2014; Wang et al., 2021).

Because BOs treatment did not fully eliminate all MPs, residual concentrations of several
compounds, including 2,4-D, 4(5)-methylbenzotriazole, and caffeine, produced medium- to
high-risk quotients based on PNEC values compiled in the Norman Ecotoxicity Database
(Table S4). Moreover, the disappearance of parent compounds does not necessarily mean
that ecological risks are completely removed. Ozonation can generate hydroxylated products,
N-oxides, and aromatic ring-cleavage intermediates, and the toxicity of some transformation
products may be comparable to or higher than that of their parents (Hubner et al., 2015;
Zilberman et al., 2023). Low-molecular-weight oxidation products such as formaldehyde

may also form during ozonation of wastewater effluent and have been shown to exert toxicity
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to Daphnia sp. (Park et al., 2016). Despite these concerns, studies indicate that ozonation
followed by biological filtration or activated carbon substantially reduces the overall mixture
toxicity of treated effluents (Volker et al., 2019).

6.4.2 Algal responses under BO3 treatments

The observed patterns in chlorophyll-a dynamics in the different spiked treatments suggest
that neither MPs alone nor BAC alone strongly suppressed algal biomass, and that algal
growth was most likely constrained by ozone-related effects (Fig. 6.2). Because ozone
addition had ceased before Day 14, the sustained suppression of chlorophyll-a in the ozone-
treated groups is more likely attributable to indirect processes than to immediate oxidative
damage. Ozonation transforms effluent organic matter into smaller, highly oxidized and low-
energy molecules, which reduces the availability of carbon or nutrients that support algal
production (Camel and Bermond, 1998). Previous studies have shown that oxidation of
certain MPs (e.g., carbamazepine, diclofenac and irbesartan) can generate transformation
products exhibiting enhanced toxicity to algae, which may maintain chemical stress during
the exposure period and further hinder algal recovery (Krakstrém et al., 2020; Lonappan et
al., 2016; Medici et al., 2024).

Furthermore, nutrient differences may also have contributed to these patterns. NCO
maintained relatively high TP concentrations throughout the experiment (P < 0.05, Fig.
S6.2d), which is favorable for sustained algal accumulation (Schindler et al., 2016). By
contrast, effluents pretreated with BAC and/or ozone may have reduced the pool of
bioavailable phosphorus or altered its speciation, thereby lowering resource availability for
algae at the onset of the exposure. In addition, we showed that BOs treatments markedly
altered the water-column microbial community composition, and functional predictions
indicated reduced relative abundances of several taxa associated with nutrient cycling and
organic matter degradation in the ozone-treated groups (Fig. 6.5; Fig. S6.17; Table S6.8).
The structural equation model further showed that, in the later phase of the experiment
(Day 42), chlorophyll-a was positively related to TP and significantly related to microbial
community composition (Fig. S6.22). On this basis, we infer that, in the early exposure
phase (Day 14), algal suppression more likely reflected a combination of residual toxicity
from MPs and their transformation products together with reduced availability of key
resources (particularly phosphorus). In the later phase (Day 42), when concentrations had
declined, algal dynamics were more likely governed by nutrient limitation and potential
resource competition with microbial communities. This interpretation is consistent with the
results for the unspiked treatments, where UnNCO and UnBC0.4 exhibited similar
chlorophyll-a and nutrient levels (Fig. S6.2; Fig. S6.4), suggesting that under low pollution

loads, algal dynamics are primarily controlled by nutrient conditions rather than by
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differences in residual MPs and their transformation products arising from the treatment

processes.

6.4.3 Effects on zooplankton and macroinvertebrates

Multivariate analysis revealed that the zooplankton community composition in NCO and BCO
changed relatively little between Day 14 and Day 42, whereas all ozone-related treatments
exhibited pronounced shifts (Fig. $S6.9). By Day 42, several taxa (e.g., Daphnia spp.,
Chydorus sphaericus) showed strong declines in NCO and BCO0.4, while decreases were
smaller or absent in the other ozone-related treatments (Fig. 6.3). Previous studies have
shown that prolonged but low-level exposure to pharmaceuticals or other micropollutants
can progressively impair zooplankton growth or reproduction (Flaherty and Dodson, 2005;

Pavlaki et al., 2014), consistent with the late-stage declines observed in NCO.

For BCO0.4, the high-dose combination of BAC and ozonation exhibited the strongest
oxidative effects and, therefore, while reducing parent compounds, was also most likely to
generate the highest levels of oxidative transformation products, some of which are known
to exert chronic toxicity on aquatic organisms (Hollender et al., 2009). This chronic stress
may explain the declining trends observed on Day 42. In contrast, BC0.2 may represent a
more balanced state, reducing parent MPs while limiting the accumulation of harmful
byproducts, resulting in small shifts in community structure rather than marked declines.
Given that this study did not directly quantify specific transformation products, these
mechanistic interpretations should be viewed as hypotheses rather than evidence.

The slightly higher macroinvertebrate diversity in NCO may reflect greater benthic food
availability due to higher algal-derived food resources (Wellard Kelly et al., 2013), while the
decline of Chironomus in NCO likely reflects the natural emergence of adults during the
exposure period rather than a treatment effect.

6.4.4 Microbial community responses and functional implications

Water-column microbial communities showed different recovery trajectories in NC0.4 and
BCO0.4 (Fig. S6.16, S6.17), which may be because BAC pretreatment lowered DOC and labile
organic substrates before ozonation, thereby changing resource conditions for microbes and
promoting faster recovery in the later exposure phase. At the genus level, the number of
genera with relative abundances significantly different from NCO increased from Day 14 to
Day 42 (Fig. 6.5), indicating that BOs-induced perturbations to water-column bacterial
communities persisted and accumulated through time rather than being short-term and
reversible (Ruprecht et al., 2021). This pattern aligns with the slower recovery observed

under resource-limited conditions. Previous studies showed that low-DOC systems often
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exhibit lower microbial resilience (Fang et al., 2022). In this study, the combined BOs
treatments likely decreased DOC availability and thereby weakened the carbon-source base
needed for community reassembly. In addition, all ozone-related treatments showed
suppressed algal biomass (Fig. 6.2), indicating a lack of continuous autochthonous DOC
input throughout the exposure period. Reduced DOC availability together with lower primary
productivity likely constrained microbial recovery in the water column and contributed to the
gradual accumulation of structural deviations over time. Supporting this interpretation, the
relative abundance of hgcl_clade was significantly higher in all treatments except NC0.2 on
Day 14 (Fig. 6.5a). This clade is common in oligotrophic waters and typically shows a
negative association with total nitrogen, serving as an indicator of nutrient status (Newton
etal., 2011; Ruprecht et al., 2021). In our study, NCO showed the highest TN concentration,

corresponding well with the lower relative abundance of hgcI_clade.

In contrast, the sediment microbial communities exhibited weaker structural responses,
reflecting higher stability and buffering capacity. Although PRC analyses did not detect
significant community-level deviations, genus-level analyses identified 40 genera differing
from NCO on Day 14, decreasing to 12 by Day 42. This pattern suggests that sediment
communities responded primarily during the early phase of exposure and recovered over

time.

Functional predictions indicated no large-scale functional changes; however, several genera
predicted to be associated with key biogeochemical functions displayed treatment-specific
responses (Table S6.8). Methylotenera decreased significantly in BC0.4, a pattern consistent
with its sensitivity to strong oxidation during the ozonation pretreatment during processes
such as methane oxidation and denitrification (Nguyen et al., 2020; Ren et al., 2019), and
aligned with previous reports of high-oxidation treatments suppressing denitrifying bacteria
(Asif et al., 2021). Moreover, several genera predicted to be associated with carbon cycling
or pollutant degradation, including Sphingomonas, Nocardioides, and Bradyrhizobium, also
showed reduced relative abundance in BC0.4, suggesting that high-intensity ozonation may
transiently weaken certain functional capacities of both water-column and benthic microbial
communities (Asaf et al., 2020; Ma et al., 2023; Meena et al., 2018).

Overall, ozonation intensity affected how microbial community composition changed and
recovered over time and influenced the sensitivity of taxa associated with key
biogeochemical functions to disturbance. High-intensity ozonation (particularly in the BO3
configuration) achieved greater pollutant removal but also induced more pronounced
structural perturbations and reductions in functional potential. In contrast, moderate ozone
treatments appeared to strike a more favorable balance between pollutant removal and the

preservation of microbial structural and functional integrity. These findings highlight the
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importance of considering the ecological implications of treatment intensity when evaluating

advanced wastewater treatment processes.

6.4.5 Integrative interpretation based on SEM

SEMs provide an integrated perspective on how treatment-related changes influenced
different trophic levels. On Day 14, BOs treatments were associated with lower
micropollutant and nutrient concentrations (Fig. 6.6), and these chemical shifts largely
explained early algal responses, which, as discussed in Section 4.2, were shaped by a
combination of nutrient supply, resource availability and residual chemical stress. At the
microbial level, ozone, nitrate and nitrite showed weak associations with the water-column
microbial community, consistent with the compositional shifts observed in Section 4.4.
Importantly, these chemical and microbial changes did not propagate to zooplankton, and
only total phosphorus showed a detectable influence on macroinvertebrate composition,
reflecting the overall robustness of consumer communities. By Day 42, the interaction
network had become markedly simpler (Fig. S6.22). Nutrient conditions played a
predominant role in shaping primary production, while pathways to zooplankton and
macroinvertebrates remained weak and statistically non-significant, indicating limited

propagation of treatment effects to higher trophic levels.

Overall, the SEM results show that BOs primarily affected the base of the food web through
chemically mediated influences on microbes and algae during the early exposure phase,
whereas later dynamics were governed mainly by nutrient status. Higher trophic levels
exhibited substantial resilience, and the ecological gains of BOs appear to derive mainly from
improvements in water quality and resource conditions rather than from cascading effects

within the food web.

It is important to note that our microcosm experiment simulated a single pulse of treated
effluent, whereas real WWTP discharges are continuous. Under continuous loading, the
system may not transition into the nutrient-dominated stable state observed here, and

early-stage chemical perturbations may be sustained for longer periods.

6.5 Conclusions

This study shows that combining bioactivated carbon with ozonation markedly improved
effluent chemical quality, while ecological impacts in freshwater microcosms remained
largely confined to microbial and primary-producer levels; higher trophic groups were

comparatively resilient. Overall, the advanced treatment achieved a balanced outcome
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between pollutant reduction and ecological disturbance, with moderate treatment intensity
offering greater potential to enhance water quality while maintaining ecological safety.
Where necessary, a simple post-treatment step, such as additional bioactivated carbon
filtration or a short biological filtration, may further mitigate risks associated with

transformation products.
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Supplementary information

Text S6.1. Microcosm Set-up

Wastewater subjected to different treatments was added to constructed microcosms. Each
microcosm consisted of a polyethylene cylindrical container with a height of 67 cm and a
diameter of 45 cm. A total of 58 L of water was added to each microcosm, of which 29 L
was freshwater from the supply basin of the experimental station, and the other 29 L was
untreated effluent or effluent treated by different BOs processes. This setup was chosen to
simulate the dilution effect of wastewater effluent entering natural freshwater bodies.
Additionally, 3 L of clean sediment was placed in a tray in each microcosm to provide a
habitat for benthic organisms and to create a complete ecosystem. Subsequently,
zooplankton and macroinvertebrate species, as well as green algae and submerged
macrophytes, were added from clean freshwater bodies on site. Two grams of dried Populus

leaves were added as food for benthic organisms.

To maintain system stability and reduce sensitivity to daily temperature fluctuations, all
microcosms were buried 0.5 m into the soil. Each treatment group had 10 replicates,
resulting in a total of 80 microcosms. To avoid systematic bias, the microcosms were
randomly assigned to different treatment groups. The microcosms were kept open at the
top without any net covering. A drainage outlet was installed at the top side of each
microcosm to release excess water during heavy rainfall. When water levels dropped due to
evaporation, water was manually replenished to ensure that water level fluctuations did not
exceed 20% of the original volume. Notably, the introduced natural soil contained native
microbial communities and possibly insect eggs, which could hatch naturally during the
experiment. The open systems also allowed for the natural colonization or emergence of

insects and other organisms.

The experiment lasted for six weeks. Before exposure to different effluent treatments, each
constructed microcosm contained 29 L of freshwater and underwent a one-month
acclimatization period. On Day 0, treated or untreated effluents were introduced into the
microcosms. Samples were collected destructively on Days 14 and 42, with five replicate
samples taken from each treatment group at each time point.

Text S6.2. Micropollutant Spiking Protocol and BO; Reactor Configuration

The effluent was spiked with a mixture of 21 target compounds at a target concentration of
approximately 1 pg/L (Van Gijn et al., 2023). The solvent used to prepare the micropollutant
stock solution (acetonitrile) was evaporated before addition to avoid introducing solvent into

the effluent. The 21 compounds included the pharmaceuticals atenolol, carbamazepine,
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clarithromycin, diclofenac, dimetridazole, erythromycin, furosemide, irbesartan, metoprolol,
propranolol, sotalol, sulfamethoxazole, and trimethoprim; the pesticides and their
metabolites 1,6-dichlorobenzamide (BAM), desphenyl chloridazon, mecoprop, and 2,4-
dichlorophenoxyacetic acid (2,4-D); and other compounds including diethyltoluamide
(DEET), benzotriazole, 4(5)-methylbenzotriazole, and caffeine. The CAS numbers of these
compounds are listed in Table S1. Treatments were performed in differently configured BOs
reactors as described by Van Gijn et al. (2023). Briefly, the effluent first passed through a
biological reactor containing activated carbon, followed by ozone treatment in a bubble
column at a flow rate of approximately 4 L/h, corresponding to an empty bed contact time
in the activated carbon filter of approximately 15 min. Prior to treatment, the effluent was
aerated with pure oxygen to ensure sufficient oxygen availability during the biological

process.

Text S6.3. Microbial Community Analysis

Microbial samples from the water column were collected on Days 14 and 42. For each
microcosm, 1 L of depth-integrated water was collected from different layers using sterilized
opaque plastic bottles. Samples were immediately transported to the laboratory, filtered
through 0.22 pm cellulose filter membranes (Millipore, Merck, USA) on the same day, and
the filter membranes with the retained material were stored at -20 °C for further analysis.
Sediment samples were taken from the pre-installed HDPE containers. Overlying water was

gently removed, and the sediment was stored at -20 °C until analysis.

The collected water samples and freeze-dried sediment samples were processed for DNA
extraction using the PowerSoil DNA Isolation Kit (QIAGEN, Germany) at the Laboratory of
Microbiology, Wageningen University & Research. DNA concentrations were then determined
using Qubit (Thermo Fisher Scientific, USA).

Barcoded amplicons targeting the V4 region of the prokaryotic 16S rRNA gene were
generated using primers 515F (5-GTGCCAGC[AC]GCCGCGGTAA-3") and 806R (5'-
GGACTAC[ACT][ACG]GGGT[AT]TCTAAT-3’"), both tagged at the 5’ end with sample-specific
barcodes (Walters et al., 2016). PCR was performed in 50 yL reactions containing 5x HF
Green buffer, Phusion Hot Start II polymerase (Thermo Fisher Scientific), 500 nM of each
primer, 500nM dNTPs (Promega), 10ng DNA template, and nuclease-free water. Cycling
conditions were: 98°C for 30s; 25 cycles of 98°C for 10s, 50°C for 10s, 72°C for 10s;
and a final extension at 72°C for 7 min. The PCR products (2 pL) were analyzed using the
FlashGel® System (Lonza, Switserland). Each sample was amplified in triplicate and the
triplicates were then pooled and purified using CleanPCR (cleanNA, Netherlands) according
to the manufacturer’s instructions. DNA concentration was quantified with Qubit (Thermo
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Fisher Scientific, USA). Equimolar amounts of all purified amplicons, including positive (Mock
community) and negative (nuclease-free water) controls, were pooled and sequenced on a
HiSeq2000 platform (Novogene, UK).

Table S6.1. List of the 21 target compounds spiked into the effluent with their CAS numbers and
predicted no effect concentrations (PNECs) found in the NORMAN database.

Category

Compound CAS-number PNEC (ng/L)
Atenolol 29122-68-7 150000
Carbamazepine 298-46-4 2000
Clarithromycine 81103-11-9 120
Diclofenac 15307-86-5 40
Dimetridazole 551-92-8 29500
Erythromycin 114-07-8 300
Furosemide 54-31-9 31300
Pharmaceuticals
Irbesartan 138402-11-6 700000
Mecoprop 7085-19-0 900
Metoprolol 37350-58-6 8600
Propranolol 525-66-6 160
Sotalol 3930-20-9 6520
Sulfamethoxazole 723-46-6 600
Trimethoprim 738-70-5 1200
Pesticides and BAM 2008-58-4 78000
their Desphenyl chloridazon 6339-19-1 250000
metabolites 2,4-D 04-75-7 600
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Chapter 6
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Figure S6.1. Concentrations of weekly measured water parameters: (a) temperature (°C), (b) dissolved
oxygen (DO, mg/L), (c) electrical conductivity (EC, pS/cm), and (d) pH. An asterisk (*) indicates a
significant difference between a treatment group and the control (p < 0.05).
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Figure S6.2. Nutrient concentrations in each treatment measured on Days 14 and 42: (a) ammonia
(mg/L), (b) nitrite and nitrate (mg/L), (c) orthophosphate (ug/L), and (d) total phosphorus (mg/L).
Different letters (a, b, c) denote significant differences among treatments according to Duncan’'s multiple
range test (p < 0.05). The grey shaded area represents the unspiked groups.
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Figure S6.3. msPAF value of all treatments on Day 0.
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Figure S6.4. Chlorophyll-a concentrations in UnNCO and UnBCO0.4. No significant differences were
detected between the two groups at any sampling time.
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Dry weight of macrophyte (g)
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Figure S6.5. Dry biomass (g) of macrophytes in each treatment group. Asterisks (*) indicate significant
differences compared to the control group (NCO) (P < 0.05). The grey shaded area represents the

unspiked groups.
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Figure S6.6. Principal Response Curve (PRC) showing temporal changes in zooplankton community
structure relative to the control group (NCO). Asterisks (**) indicate significant differences from the
control at the corresponding time point (P < 0.01). bk values represent species weights, and the top 20
taxa with the highest weights are displayed.
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Figure S6.7. PRC showing temporal changes in zooplankton community structure between the unspiked
groups. No significant differences were observed between UnNCO and UnBCO0.4, either in overall
community structure or at individual time points.
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RDA_Zooplankton_Day42 (P <0.01)
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Figure S6.10. The RDA plot shows significant differences in zooplankton community composition among
treatments on Day 42 (P < 0.01). Red triangles represent the centroids of replicate samples for each
treatment group. Percentages at the axis titles indicate the percentage of variation in the species data
explained.
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Figure S6.11. Heatmap showing the abundance of zooplankton species (data were In(10x+1)-
transformed) in the unspiked groups. Asterisks (*) denote significant differences in abundance compared
to the UnNCO group at the corresponding time point (P < 0.05).
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Figure S6.12. PRC showing temporal changes in macroinvertebrate community structures between
spiked treatment groups and the control (NC0). No significant differences were observed. bk values
represent the species weights of individual benthic macroinvertebrates.
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Figure S6.13. PRC showing temporal changes in macroinvertebrate community structures between
UnNc0 and UnBCO0.4. No significant differences were observed (P > 0.05). bk values represent the species
weights of individual benthic macroinvertebrates.
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Figure S6.15. Abundance of Chironomus across treatment groups (data was In(2x+1)-transformed). *
indicates a significant difference compared to the control group (P < 0.05). The grey shaded area
represents the unspiked groups.
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Figure S6.16. PRC showing significant temporal changes (P < 0.05) in microbial community structure at
the phylum level in the water column of treatment groups compared to the control (NC0). Asterisks (*)
indicate significant differences from the control at each time point. bk values represent the species
weights of individual taxa; values within the range of -1 to 1 are not shown.
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Figure S6.17. PRC showing significant temporal changes (P < 0.05) in microbial community structure at
the genus level in the water column of treatment groups compared to the control (NCO). Asterisks (*)
indicate significant differences from the control at each time point. bk values represent the species
weights of individual genera; values within the range of -1 to 1 are not shown.
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Figure S18. PRC showing temporal changes in microbial community structure at the genus level in the
water column of the unspiked groups (UnNCO and UnBCO0.4). Asterisks (*) indicate significant differences
from the control at the time point. bk values represent the species weights of individual genera; values
within the range of -1 to 1 are not shown.
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Figure S6.19. PRC showing temporal changes in microbial community structure at the genus level in
sediment samples of treatment groups compared to the control (NC0). No significant shifts were observed.
bk values represent the species weights of individual taxa; values within the range of -1 to 1 are not
shown.
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Figure S20. PRC showing temporal changes in microbial community structure at the genus level in the
sediment of the unspiked groups (UnNCO and UnBC0.4). There were no significant differences between
two groups at any time point (P > 0.05). bk values represent the species weights of individual genera;
values within the range of -1 to 1 are not shown.
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Figure S6.21. Relative abundance of Bacillus sp. predicted to have manganese-degradation potential
across treatment groups. FAPROTAX was used for functional prediction. Asterisks (*) indicate significant
differences compared to the control group (NCO) (P < 0.05).
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Figure S$6.22. Structural equation model (SEM) illustrating the integrated ecological pathways associated
with effluent treatments on Day 42. Red solid lines represent significant negative paths, green solid lines
represent significant positive paths, anSd dashed lines indicate non-significant paths. Numbers on the
arrows indicate standardized path coefficients (B). Sediment microbial community metrics were not
included because they explained little additional variance in the network. R2 values indicate the proportion
of variance explained for each response variable. The model showed an acceptable overall fit (x2 = 24.82,
df = 20, p = 0.21).
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Chapter 7

7.1 Overview

Antimicrobials are extensively used in human and veterinary medicines and in consumer
products, and they are continuously introduced into freshwater environments through
wastewater-related pathways. Consequently, antimicrobials are typically present at low
concentrations but as complex mixtures, giving rise to chronic exposure scenarios rather
than isolated contamination events. Beyond potential direct toxicity, such exposure can
exert sustained pressure on microbial community composition, alter food-web interactions,
and modify key ecosystem processes. Because freshwater systems are simultaneously
influenced by effluent inputs, catchment-specific background conditions, and hydrological
variability, neither the exposure patterns nor the ecological consequences of antimicrobials
can be adequately characterized by studies focusing on a single environmental compartment
or a single biological endpoint.

This thesis combined field monitoring and a series of controlled experiments to address
antimicrobial impacts across scales, from environmental occurrence and associated risks to
community- and food-web-level responses. Field monitoring first characterized occurrence
patterns across river water, sediments, and groundwater, evaluated risks to aquatic
ecosystems and the potential for antimicrobial-resistance selection, and applied source-
tracking analyses to estimate river-to-groundwater contributions to antibiotic resistance in
groundwater (Chapter 2). Controlled indoor microcosm experiments then evaluated how
single-compound and mixture exposures affect the structure of aquatic communities and
functional processes, and to what extent these responses depend on the environmental
context (Chapters 3 and 4). A simplified freshwater food-chain experiment further
quantified internal exposure patterns across trophic levels and evaluated the potential for
trophic transfer (Chapter 5). Finally, outdoor freshwater microcosms were used to assess
the effects of advanced wastewater treatment scenarios on the chemical concentrations of
pollutants and their ecological consequences. This has been done by jointly examining
micropollutant removal, predicted mixture toxicity, and ecological responses across multiple
trophic levels. For the latter, structural equation modelling was applied to disentangle the
direct effects of the treatments on ecological responses from indirect pathways mediated by

treatment-driven changes in chemical stressors, resources, and nutrients (Chapter 6).

Together, these complementary lines of evidence allowed me to address four research
questions in an integrated manner, spanning occurrence and exposure (RQ1), ecological
responses and context dependence (RQ2), internal exposure and trophic transfer within food
chains (RQ3), and the extent to which engineering interventions deliver ecological benefits
(RQ4) (Chapter 1). Collectively, these questions link exposure characterization,

mechanistic understanding, food-web processes, and management evaluation within a
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single conceptual framework (Fig. 7.1). Building on the chapter-specific results, in this
general discussion, I provide a cross-chapter synthesis that highlights patterns that may be
less apparent within individual chapters and discuss their implications for exposure

assessment, ecological interpretation, and risk assessment and management.

RQ1: What are the occurrence patterns,
exposure levels, and ecological risks of
antimicrobials in the freshwater systems

investigated, including wastewater effluents,

river water, sediments, groundwater, and
experimental microcosms?

RQ2: How do antimicrobials, alone or in
mixtures, affect microbial communities,

higher-level aquatic organisms, and
ecosystem functions across freshwater
environments, and how are these effects

shaped by environmental context?

RQ3: To what extent do antimicrobials
bioaccumulate and transfer through
freshwater food chains, and what are the
implications of trophic transfer for
ecological risk assessment?

RQ4: How can advanced wastewater
treatment processes contribute to reducing

antimicrobials exposure and mitigating

Chapter 2. From river to
groundwater: Antibiotics pollution,
resistance prevalence,
and source tracking

Chapter 3. Individual and mixture
effects of antibiotics sulfamethazine
and tetracycline on freshwater
ecosystems

Chapter 4. The effects of triclosan
on microbial communities in
different sources of water and
sediments

Chapter 5. Trophic transfer and
biological effects of azithromycin
across a freshwater food chain

Chapter 6. The ecological gain of
using bioactivated carbon and ozone

sewage treatments assessed using

ecological risks in freshwater ecosystems? freshwater microcosms

Figure 7.1 Schematic overview linking the four research questions (RQ1-RQ4) to the corresponding
thesis chapters.

7.2 From occurrence to exposure pathways: redistribution of
antimicrobials across freshwater compartments (RQ1)

In Chapter 2, monitoring across river water, river sediments, and groundwater revealed
systematic differences in detection profiles and exposure levels. Together, these patterns
point to redistribution across freshwater compartments and a clear exposure gradient. River
water provides a clear signal of ongoing antimicrobial presence, whereas river sediments act
as a retention and enrichment compartment, with many compounds showing a stronger
accumulation than in the water column. Groundwater, by contrast, displayed an
antimicrobial profile broadly similar to river water but at substantially lower levels, consistent
with attenuation during transport and filtration across environmental interfaces. These

compartment differences can be explained by compound-specific solid-liquid partitioning
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behaviour, whereby variation in distribution coefficients (K4¢) shapes whether antimicrobials
preferentially remain in the water column or are transferred to and accumulated in the
sediment phase (Al-Khazrajy and Boxall, 2016; Zhou and Broodbank, 2014). Microcosm
experiments further supported this interpretation by showing that different antimicrobials
can have distinct residence times and redistribution dynamics under identical microcosm
conditions (Chapters 3 and 4). Therefore, characterising occurrence by considering the
water column or sediments in isolation may overlook exchange across the water-sediment
interface and the role of sediments as a sink; interpreting the interface as a connected
system better aligns with the monitoring and experimental evidence presented in this thesis.

This redistribution has important implications for exposure assessment because it can alter
the exposure pathways effective for ecological endpoints and the duration of the biologically
relevant exposure. When sediments act as an important sink for antimicrobials, a decline in
water-phase concentrations does not necessarily imply a synchronous loss of antimicrobial
burden from the system. Solid-phase accumulation and potential remobilization can extend
the period over which compounds remain present (Chapters 2-4). Against this background,
inferring risk solely from water-phase concentrations at a single time point is often not
robust for protecting aquatic ecosystems. Traditional risk quotient (RQ) approaches based
on instantaneous environmental concentrations are also more prone to representation bias
when exposure is coupled across compartments and varies over time. This limitation has
been highlighted in discussions of pharmaceutical environmental risk assessment
frameworks (EMA, 2024). More specifically, calculating RQs directly from total sediment
concentrations may overlook bioavailability constraints and thereby overestimate sediment-
associated risks, whereas reporting only single-compound RQs may underestimate the
pressure associated with long-term mixture exposure across compartments and over time.
A more general way forward is to incorporate dose metrics that better reflect bioavailable
exposure in sediment risk characterization, such as freely dissolved concentrations or
chemical activity. In this context, equilibrium-partitioning concepts and passive sampling
may help to estimate freely dissolved concentrations under site-specific physicochemical
conditions, supporting bioavailability-informed sediment risk characterization (Mayer et al.,
2014). In parallel, mixture-risk assessment and mixture-toxicity frameworks emphasize that
ecological responses to mixtures cannot be readily extrapolated from effects observed from
single-compounds (Chapter 3) (Backhaus and Faust, 2012; Heys et al., 2016). Given that
natural freshwater systems are often exposed to numerous co-occurring compounds, such

interactions and their ecological implications warrant explicit consideration.

The consequences of redistribution are not confined to river systems but may also extend
to groundwater through cross-compartment transport processes. In groundwater, the

predicted chemical risks of antimicrobials for resistance selection were generally low,
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whereas resistance-related indicators remained pronounced (Chapter 2), indicating that
resistance-selection risk in groundwater cannot be inferred solely from current water-phase
concentrations. Sediments may act as long-term reservoirs that sustain antimicrobial
presence and associated selection pressure over extended time scales, and resuspension
and remobilization may provide pathways for resistance determinants to propagate across
connected compartments (Calero-Caceres et al., 2017; HeB et al., 2018). Source tracking
analyses further showed that resistance determinants in shallow groundwater were more
closely associated with river sediments, whereas those in deeper groundwater were more
closely linked to river water. This pattern suggests that groundwater resistance backgrounds
may partly reflect cross-compartment inputs and propagation rather than being driven
exclusively by in situ selection within the groundwater environment. Consequently,
understanding ecological risks of antimicrobials in groundwater requires joint consideration
of chemical redistribution and the migration of resistance-related elements across
environmental compartments in order to understand the apparent paradox of low chemical

exposure levels coinciding with pronounced resistance signals.

7.3 Context-dependent antimicrobial effects: multitrophic and functional
responses under single and mixture exposures (RQ2)

7.3.1 Effects of single and mixture exposures: non-additive and endpoint-specific

responses

In Chapter 3, the indoor microcosm experiments showed that mixture effects cannot be
reliably inferred from single-compound responses, and that co-exposure often alters the
direction and/or magnitude of responses compared with single-compound exposure, in an
endpoint- and compartment-specific manner. At the primary producer level, sulfamethazine
(SMT) and tetracycline (TC) alone reduced green algal abundance at intermediate to high
concentrations, whereas co-exposure did not produce inhibition of comparable magnitude
or a consistent direction, indicating non-additive mixture effects. Zooplankton community
structure shifted in both the single-compound and the mixture treatments, with taxa
showing both stimulatory and adverse responses, suggesting modulation by chemical
interactions and food-web feedbacks. Single-compound exposure induced pronounced
changes in the microbial community structure in both the water column and the sediment,
whereas under co-exposure the water-column community structure did not show significant
shifts. This pattern is compatible with antagonistic interactions reported for antimicrobials
targeting distinct cellular processes (Brochado et al., 2018). Together, these patterns

suggest that, under realistic exposure scenarios, the different antimicrobials in a mixture
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may alter the direction and magnitude of effects across trophic levels and compartments,
highlighting the limitations of extrapolating community- and process-level outcomes from

single-compound evidence.

7.3.2 Endpoint-dependent detection of antimicrobials effects across trophic

levels

Across the tested exposure levels and the monitored periods examined in this thesis,
antimicrobial-related responses varied markedly among endpoints. Responses were
detected more consistently in microbial communities and primary producers, which are
directly coupled to the water-sediment matrix and form the base of material cycling and
energy flow. In contrast, treatment effects on higher-trophic community-structure metrics
(zooplankton and macroinvertebrates) were not consistently detected across experimental
systems and time points (Chapters 3 and 6). It is worth noting that weak or non-significant
higher-trophic structural responses do not necessarily indicate an absence of effects at
higher trophic levels and should be interpreted cautiously, as such effects can be indirect or

delayed.

At the exposure levels evaluated in Chapters 3 and 6, effects on higher consumers are
more likely to appear first in individual-level physiology and fitness, whereas pronounced
turnover in community composition typically merges only after effects accumulate over time.
Individual responses can vary due to differences in life stage, condition, and exposure history.
Community-level change typically accumulates through sustained differences in growth,
reproduction, and survival, and can be buffered by compensatory dynamics, so early
individual-level responses may take time to translate into detectable higher-level outcomes
(Ankley et al., 2010). In this thesis, predator growth inhibition under prey-mediated chronic
dietary exposure in the simplified food-chain experiment (Chapter 5) showed that fitness-
related endpoints can respond detectably in the absence of acute mortality. In the outdoor
microcosms (Chapter 6), zooplankton abundance responded significantly to treatment,
while community composition showed no significant shift. Overall, these results suggested
that higher-trophic responses were not always consistent across experimental systems, and
that their detectability is influenced, at least in part, by endpoint choice and endpoint
coverage. At the same time, this thesis primarily assessed higher-trophic responses using
community-level metrics and did not include individual-level sublethal endpoints. Such
mechanistic measurements are not always required to demonstrate ecosystem-level effects
but can help interpret ecosystem-level responses and explain differences among systems
when needed. Where relevant, measurements of microbiome structure and function may
provide additional context for interpretation.
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7.3.3 Response characteristics of ecosystem functional endpoints: functional
endpoints are more sensitive than structural endpoints under the conditions
studied

Compared with community-structure endpoints, the functional endpoints used in this thesis
showed clearer and more consistent treatment effects across systems and helped to identify
changes in key ecosystem processes. In the indoor microcosms (Chapter 3), even when
differences in water-column or sediment microbial community structure were not statistically
significant, leaf-litter decomposition rates changed in the same direction across multiple
antimicrobial treatments. This indicates that the absence of significant changes in
community structure does not necessarily mean that ecosystem processes are unchanged.
Over the days-to-weeks’ time scales of these experiments, decomposition can shift through
changes in the activity of the decomposer community (primarily bacteria and fungi) and in
functional expression (e.g., extracellular enzyme activity), which may not be captured
consistently by 16S rRNA gene sequencing-based community composition or coarse

diversity metrics (Paumelle et al., 2021; Pesce et al., 2021).

In the outdoor microcosm experiment (Chapter 6), we observed a similar contrast between
compositional and functional endpoints. Sediment microbial community composition showed
no significant treatment effects, but FAPROTAX-inferred functional groups did. Under the
high-dose ozone treatment, the relative abundance of taxa associated with pollutant
degradation and nitrogen cycling decreased. A parsimonious interpretation is that
treatment-related functional changes in metabolic potential and nutrient cycling can occur
without immediate, detectable effects on community composition as captured by structural
endpoints. Therefore, at the system scale, the response to antimicrobial exposure may be
primarily functional rather than structural, expressed as shifts in functional-group profiles

and changes in predicted process capacity.

7.3.4 Environmental modulation of effect expression: from nutrients and

substrate to treatment-induced resource reconfiguration

Across the experimental systems covered in this thesis, the detectability and expression
pathways of antimicrobial effects show pronounced context dependence. Nutrient and
organic carbon conditions shape baseline microbial community composition and complexity,
which in turn influence whether treatment-related structural changes can be detected
statistically. In the triclosan microcosm experiment (Chapter 4), the different sediment-
water combinations differed significantly in inorganic nitrogen, phosphorus forms, pH, and
sediment organic matter. Forward selection in RDA indicated that these variables
significantly explained variation in the microbial community composition of the control
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treatments without triclosan exposure. We applied the same triclosan treatments across the
different water-sediment combinations. In the ditch water-sediment system, which had
lower nutrient availability, sediment microbial community composition changed significantly
at comparatively lower (measured) sediment concentrations. In the pond water-sediment
system with higher resource availability, comparable shifts were observed at comparatively
higher concentrations. At a broader spatial scale, our previous work in the Maozhou River
basin found significant associations between antibiotic resistance gene (ARG) abundance
and water-quality parameters including DO, NH4-N, and TOC (Wu et al., 2020), indicating
that co-variation between resource and water-quality conditions and microbial indicators

such as ARG abundance can also be detected in field systems.

Beyond nutrient background, sediment organic matter may further influence antimicrobial
effects by reducing pollutant bioavailability. Organic matter can reduce freely dissolved
concentrations of hydrophobic compounds through sorption, and, as a background carbon
pool, may also influence microbial metabolic processes, thereby modifying how chemical
disturbance is expressed at the community level (Chapter 4). Consistent with these
mechanisms, reviews have emphasized that binding of hydrophobic organic contaminants
to DOM and humic substances can alter mobility and bioavailability and, under certain
conditions, attenuate toxicity or bioaccumulation (Kovacevic et al., 2019; Li et al., 2015c).
In parallel, systems with higher resources and higher sediment organic-matter content often
have more complex microbial communities and greater functional redundancy among taxa,
which can buffer disturbance and reduce detectable changes in community structure
(Chapter 4).

The outdoor microcosm experiment further showed that advanced wastewater treatment
(BO3) can simultaneously change micropollutant residues and nutrient conditions, and that
the key structural equation modelling relationships among chemicals, nutrients, and basal
biota differed between Day 14 and Day 42 (Chapter 6). At Day 14, the structural equation
modelling indicated that BOs-driven reductions in micropollutants and changes in nutrients
were associated with phytoplankton biomass (chlorophyll-a), with phosphorus showing a
positive association with chlorophyll-a and nitrate & nitrite a negative association. Ozone
and nitrate & nitrite also showed marginal associations with the water-column microbial
community composition (P = 0.06 and P = 0.051, respectively). By Day 42, the model
network became notably simpler, and variation in chlorophyll-a was explained mainly by
nutrient status, with higher phosphorus associated with higher chlorophyll-a. This time-
dependent change in the dominant pathways (Day 14 vs Day 42) supports the view that
shifts in nutrient conditions can reshape when and through which pathways effects of the

different BO3 configurations become detectable at the base of the food web (Chapter 6).
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7.4 Trophic transfer without consistent biomagnification: implications

for ecological risk assessment (RQ3)

In this thesis, Chapter 5 showed that antimicrobials can build up substantial internal
concentrations at the base of a freshwater food chain (algae), yet transfer to higher trophic
levels like Daphnia and Chaoborus does not necessarily translate into increased internal
concentrations. This pattern is also supported by controlled food-chain experiments. In an
experimental Scenedesmus obliquus-Daphnia magna-Carassius auratus food chain exposed
to roxithromycin, substantial internal burdens were observed in algae and Daphnia, but no
biomagnification occurred at the Daphnia level or in fish tissues (BMF < 1) (Ding et al.,
2015). In contrast, measurements of internal concentrations in food-webs in the field
highlighted compound-specific differences in biomagnification, with Tang et al. (2022a)
reporting significant trophic magnification for ciprofloxacin but not for most other antibiotics
in the Pearl River food web. These results further indicate that, even in the absence of
biomagnification, dietary exposure can lead to disturbances in energy acquisition processes
(e.g., feeding and assimilation), resulting in a decrease in fitness-related endpoints such as

growth or reproduction.

In ecological risk assessment, bioaccumulation and biomagnification do not necessarily lead
to effects on structural endpoints; rather, they inform where chemicals may concentrate
within the food web, helping to prioritize endpoints based on bioavailable internal exposure
and relevance to the mode of action, rather than on peak concentrations alone. When
bioaccumulation or biomagnification are not observed but internal concentrations persist at
the base of the food web, dietary exposure is more likely to affect energy acquisition and
allocation via impacts on feeding, digestion, and assimilation, ultimately translating into
fitness-related outcomes. Supporting evidence is available from comparable studies: Li et
al. (2020b) showed that azithromycin can alter feeding behaviour and nutrient accumulation
in Daphnia, potentially through effects on digestive enzyme activities and oxidative stress
responses; Yin et al. (2023) further reported gut enrichment and responses linked to gut
microbiota/ARGs in fish under dietary exposure to sulfamethazine, indicating that no
biomagnification should not be interpreted as no effect. Therefore, bioconcentration factors
(BCFs) and biomagnification or trophic magnification factors (BMFs/TMFs) remain
informative descriptors of internal exposure and trophic transfer, but their interpretation
should be embedded in an explicit evidence chain that links measured body or tissue
concentrations and trophic transfer (e.g., estimated BCFs and BMFs/TMFs) with energy
acquisition and allocation endpoints and fitness-related endpoints, rather than relying on a
single ratio metric as a proxy for ecological impact. Finally, although this thesis did not
measure tissue/compartment-specific concentrations in the organisms at higher trophic

levels, existing studies show that some macrolides can exhibit pronounced tissue-specific
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accumulation in fish (e.g., liver/bile higher than muscle). Tissue-specific measurements
would therefore improve the interpretation of trophic transfer by distinguishing
concentrations in effect-relevant organs from residues in edible tissues, if the food chain

were extended to higher trophic levels (Liu et al., 2014).

7.5 Advanced treatment as exposure reduction: residual risks and effect
validation (RQ4)

Removal efficiencies for different antimicrobials differ substantially in conventional activated
sludge treatment, and some compounds are therefore not sufficiently removed. As a result,
wastewater treatment plant effluents remain an important input pathway to aquatic
environments (Senta et al., 2013). Chapter 6 showed that the BAC-0Os combination
markedly reduced the concentrations of micropollutants in the effluent and lowered the
corresponding ecological risk derived from PNEC-based risk quotients and from a mixture
risk estimate (msPAF). Mechanistically, BAC pretreatment reduces matrix interferences
through sorption and by removing part of the biodegradable fraction, thereby lowering the
load of a subset of target compounds. Subsequent ozonation further degrades ozone-
sensitive chemicals through oxidative reactions, resulting in an overall reduction of
antimicrobials and other micropollutants. Accordingly, the primary contribution of advanced
treatment is to decrease the concentrations of antimicrobials and related micropollutants
and, in turn, to reduce their input into receiving waters. Given the evidence provided in
Chapter 2 showing that related pressures can propagate along a continuum linking surface
water, sediment and groundwater, reducing effluent inputs has clear practical ecological

relevance for receiving ecosystems and their connected multi-media environments.

At the same time, a decline in overall exposure concentrations does not necessarily imply a
complete risk removal. Residual risk is often driven by a small humber of compounds that
are removed less efficiently and persist longer in the system. In addition, ozonation can
generate transformation products whose ecological effects are uncertain. As a consequence,
decreases in parent compounds do not always translate into a proportional decline in overall
risks. Risk metrics based on target lists and available toxicity thresholds also have their
inherent limitations: unmonitored substances, compounds lacking robust PNECs, and
reaction byproducts that are difficult to characterise in complex matrices may still contribute
to residual effect signals even when risk metrics are lower. Under these uncertainties, the
reduction in ecological risk achieved by advanced treatment should be evaluated using
results that directly reflect biological effects (e.g., bioassays or ecologically relevant

response endpoints), rather than inferred solely from chemical removal or a single predictive
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metric. Beyond documenting reductions in chemical pressure, it is therefore important to
test whether treated effluents show concurrent decreases in overall mixture toxicity or in
key structural and functional ecological endpoints, and, where relevant, to distinguish
immediate from delayed effects and consider recovery trajectories across different time
scales. This reduces the risk of extrapolating ecological conclusions directly from removal

efficiencies or from one model-based indicator (Brack et al., 2019; Vélker et al., 2019).

Finally, antimicrobial resistance (AMR) was explicitly assessed only in Chapter 2, whereas
antibiotic-resistant bacteria (ARB) and ARG endpoints were not measured in the other
chapters. However, antimicrobials act not only as pollutants but also as selection pressure
for AMR, and ecological risk may therefore involve not only community structure and
functional endpoints but also the enrichment and environmental persistence of resistance-
related traits. End-of-pipe measures may indirectly weaken selection pressure by reducing
antimicrobial pressure, yet reductions in micropollutants and reductions in AMR signals are
not inherently synchronous. Available evidence suggests that ozone doses applied for
micropollutant control can be effective for inactivating ARBs, whereas reductions in
intracellular resistance genes are less consistent and may be influenced by floc or particle
shielding and by post-treatment regrowth processes (Czekalski et al., 2016). Ozonation
combined with activated-carbon filtration also shows potential for ARB/ARG control, but
outcomes are highly sensitive to operating conditions, matrix characteristics, and indicator
selection, and responses can vary strongly among ARGs (Iakovides et al., 2021; Zhang et
al., 2025). In addition, biofilms and filter media within activated-carbon units may serve as
carriers or enrichment niches for AMR signals, which can lead to non-uniform directions of
change across AMR indicators along the treatment train (Slipko et al., 2022). Given these
uncertainties, any potential co-benefit of BAC-0O3 for AMR is best presented as a hypothesis
requiring verification. Future work that incorporates AMR endpoints into comparable
experimental frameworks should evaluate AMR indicators in parallel with chemical
reductions and ecological endpoints to test more directly whether mitigation occurs

concurrently across pollution, ecological responses, and resistance-related risks.
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Summary

Summary

Antimicrobials are consistently detected in freshwater environments, with inputs associated
with human medical use, discharges from livestock farming, and releases from urban
wastewater systems. Freshwater ecosystems are rarely exposed to a single compound in
isolation; instead, they experience multiple chemical stressors, with effects mediated
through microbial processes, food-web structure, and ecosystem functioning. Therefore,
under multi-stressor exposure and ecosystem interaction, empirical studies are needed to
establish clear links between external exposure patterns and ecological responses. On this
basis, research described in this thesis investigated freshwater ecosystems along four
interconnected research lines: environmental occurrence of antimicrobials, ecological
responses, internal exposure and food-web transfer, and the ecological outcomes of
advanced wastewater treatment technologies. The overall aim was to provide ecologically
relevant support and an analytical framework for exposure assessment, ecological

interpretation, and risk management of antimicrobials.

To achieve these aims, this thesis combines river-basin field investigations with multiple
types of controlled experiments. Responses were evaluated across trophic levels from
microbial communities to macroinvertebrates, and effects were assessed using both
structural endpoints (community composition, abundance, and diversity) and functional
endpoints (e.g., feeding, decomposition, and ecosystem metabolic processes). Methods
included multi-residue chemical analysis, molecular microbial approaches including
community composition profiling through 16S ribosomal RNA gene amplicon sequencing,
bacterial isolation and antimicrobial resistance profiling, indoor and outdoor microcosm
exposure experiments, and quantitative modelling (including toxicokinetic modelling and
structural equation modelling) to examine how exposure to antimicrobials induces direct and

indirect effects at different scales and how they propagate through the food-web.

Chapter 2 examined antibiotic contamination in a highly urbanized river basin and its
linkage across the river-sediment-groundwater continuum. River water, sediments, and
groundwater were sampled in wet and dry seasons to characterize antibiotic residues and
microbial community patterns. In groundwater, Escherichia coli was isolated to evaluate
antimicrobial resistance and potential health risk, and source-tracking analyses were
conducted to identify major inputs of resistance-related contamination. The results indicated
that antibiotics detected in river water and sediments were associated with comparatively
higher predicted risks for algal growth and bacterial resistance selection than those in
groundwater, whereas predicted risks in groundwater were generally lower but not negligible.

Several dominant bacterial groups in river water and groundwater were positively correlated
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with measured antibiotics, indicating that local residues co-varied with community
composition patterns. A high proportion of groundwater E. coli isolates showed resistant
phenotypes, supported by gene-targeted evidence. Source-tracking further suggested that
resistance-related contamination in shallow groundwater was mainly linked to river
sediments, while deeper groundwater was more strongly linked to river water. Overall, this
chapter showed that river pollution can influence groundwater quality through multiple
pathways, and that groundwater risk assessment should account for connectivity and source

inputs across the river-sediment-groundwater system.

Chapter 3 investigated the ecological effects of antibiotic mixture exposure using a simple
aquatic ecosystem. Two commonly co-occurring antibiotics, sulfamethazine (SMT) and
tetracycline (TC), were tested in single and combined exposures at multiple concentrations
(SMT: 0.1, 1, 10 pg/L; TC: 1.5, 15, 150 pg/L) over 28 days. Responses were evaluated
across different trophic levels including primary producers, zooplankton, benthic
macroinvertebrates and microbial communities, and key ecosystem process endpoints. The
results showed that mixture responses did not follow a consistent additive extension of
single-compound patterns. Single-compound exposures reduced algal biomass at some
concentrations, whereas combined exposures did not result in a stable change in the same
direction across concentration combinations. Zooplankton community structure changed
under both single and combined exposures, and patterns differed across dose levels,
including both stimulatory and adverse responses. Microbial responses were compartment-
dependent: trajectories differed between the water column and sediment, and compared
with single-compound exposures, combined exposures did not yield a detectable structural
shift in water-column microbial communities, while changes were still observed in the
sediment. Functionally, leaf-litter decomposition accelerated across multiple treatments,
consistent with strengthened microbially driven processing. Overall, this chapter
demonstrates that responses to single versus combined antibiotic exposure differed across
trophic levels and endpoints, supporting caution when extrapolating single-compound

effects to mixture scenarios.

Chapter 4 used triclosan as a model antimicrobial to assess how differences in
environmental conditions modifies microbial community responses in sediments.
Microcosms were established with natural pond and ditch sediments as well as a
standardized artificial sediment, and these sediments were then exposed under the same
laboratory conditions following field pre-incubation. Microbial community composition was
assessed after exposure, and relationships between response patterns and environmental
factors (including overlying-water nutrient conditions and sediment organic matter content)
were evaluated. Sediment origin and type strongly influenced baseline community

composition. Following triclosan exposure, clear community shifts occurred in some
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sediment systems at higher exposure levels, together with increases in bacterial groups
associated with triclosan degradation or tolerance. The magnitude of responses was related
to environmental conditions: overlying-water nutrient status and sediment organic matter
co-varied with community shifts, and higher organic matter likely reduced bioavailability
through sorption, weakening observed effects. This chapter showed that pollutant effects
can differ across sediment types and water conditions, and that both sediment properties
and overlying-water characteristics should be considered when extrapolating effects to

different field settings.

Chapter 5 addressed internal exposure and trophic transfer of an antibiotic within a
simplified freshwater food chain. Using Scenedesmus obliquus-Daphnia magna-Chaoborus
obscuripes, toxicokinetic analyses and trophic transfer experiments were combined to
evaluate azithromycin accumulation, transfer efficiency, and indirect effects at higher trophic
levels. Strong internal accumulation was observed in Scenedesmus obliquus and Daphnia
magna, whereas transfer to higher trophic levels was relatively minor. Despite the low
transfer efficiency, predators (C. obscuripes) feeding on contaminated prey (D. magna)
showed sublethal fitness-related effects in the predators, such as reduced growth. Overall,
this chapter indicated that the absence of biomagnification does not exclude ecologically
relevant impacts, and it supports the inclusion of dietary internal exposure and sensitive

fithess endpoints in food-web risk evaluation.

Chapter 6 evaluated the ecological gain achieved by different advanced wastewater
treatment methods from a risk-management perspective by assessing whether reductions
in micropollutant pressure are accompanied by concurrent decreases in mixture toxicity and
adverse ecological responses. Outdoor freshwater microcosms were used to compare
treatment scenarios including bioactivated carbon filtration, two ozonation intensities, and
their combinations over 42 days. Micropollutant residues and mixture toxicity pressure were
tracked alongside multi-trophic ecological responses, and structural equation modelling was
applied to relate chemical changes and resource/nutrient conditions to biological patterns.
Untreated effluents maintained higher and more persistent mixture toxicity pressure, while
combined bioactivated carbon and ozonation resulted in lowest residue concentrations,
which continued to decline over time. Ecological responses differed across trophic levels.
Primary producers responded more strongly to the treatment scenarios, while higher-
consumer community structure remained comparatively robust. Water-column microbial
communities showed pronounced, treatment-dependent restructuring, and high-intensity
ozonation coincided with a functional impairment, reflected by reduced representation of
key functional groups. Structural equation modelling indicated that, at the early time point
(Day 14), micropollutant levels and nutrient conditions primarily influenced primary

producers, with weaker propagation to higher consumers. Overall, this chapter highlighted
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the need to balance chemical removal performance with ecological effects when selecting
advanced treatment strategies, and to consider treatment-driven shifts in resource

conditions alongside reductions in chemical pressure.

Chapter 7 synthesized cross-chapter findings and discussed implications for ecological risk
assessment and freshwater management. Ecological effects of antimicrobials were strongly
context-dependent, with response direction and magnitude jointly shaped by exposure
composition (single compounds versus mixtures), environmental background conditions
(including nutrient status and compartment characteristics), and trophic level. Comparison
of results across chapters also showed that structural community metrics alone were
insufficient to infer ecological consequences, whereas process-based endpoints and fitness-
related responses provide more direct information on ecological outcomes. The food-chain
study illustrated that a lack of biomagnification does not imply a lack of ecological risk,
because dietary internal exposure can still translate into sublethal effects at higher trophic
levels. Finally, the assessment of advanced treatment showed that ecological benefits cannot
be inferred from removal performance alone; they require evaluation of both reduced
chemical pressure and treatment-driven shifts in resource conditions and microbial

functional restructuring.

Together, the thesis supports integrated consideration of external exposure, internal
exposure, mixture pressure, and functional ecological responses to inform more ecologically

relevant freshwater management.
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